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Introduction

CHAPTER 1: INTRODUCTION

THE NEED FOR WATER MANAGEMENT

The comparatively high temperatures and seasonal rainfall over much of South Africa mean that fresh
waler is a scarce resource. Permanent bodies of standing fresh water are virtually non-existent,
leaving rivers as the only exploitable sources of fresh surface water. Although maps show numerous
nivers in South Africa, many of these rivers are small, or flow only during the wel season, or both
Furthermore, the increase in human populations has resulted in intense pressure on South Africa’s
nivers, both as sources of water and in terms of poliution, and yet water is of no use to humans or for
the maintenance of natural riverine ecosystems if its quality is poor. Thus water is a imited resource
and both availability and quality need to be managed carefully.

Aquatic ecosystems are particularly susceptible to pollution. Rivers are confined, uni-directional
systems that act as "drains” for the landscape, while lakes and wetlands are usually “sinks”
accumulating matenals brought in by wind, water and humans from their surroundings. Activities
anywhere in its catchment are reflected in a river and its associated ecosystems and alterations or
perturbations, even in the upper reaches, may have an effect down its entire length. Wetlands, being
places where sediments and water tend to accumulate, are even more exposed to build-up of
poliutants both in their waters and in their sediments.

The longitudinal and temporal effects of poliutants in a river depend on the extent to which its biota
can degrade and so remove the particular pollutants entering it. At the same time, the extent to which
the biota can purify water in a river depends on the quantity and type of pelintants entering it. No
organisms can break down chemical elements like heavy metals, for instance (although they can
break down and so remove most organic substances), nor can they function adequately in the
presence of toxins. The effectiveness of the purification process is also influenced by the degree to
which a pollutant is diluted by rainfall or river flow. Thus concentrated pollutants may inhibit or even
destroy the ability of a river or wetland to cleanse its own waters.

The human population of South Africa relies almost entirely on rivers and aquifers for water. Thus
until recently all of the policies of the Department of Water Affairs and Forestry (DWAF) regarding
management of water quality referred almost exclusively to rivers. The South African Water Act 54
of 1956 relied on designation of effluent standards for controlling pollution in rivers but in the last
decade or more, emphasis has shifted to the adoption of receiving water quality objectives (RWQO),
allocating waste loads on a river-by-river and catchment-by-catchment basis (Van der Merwe &
Grobler 1990). This approach has become enshrined in law with the ratification of the new National
Water Act 28 of 1998. The Water Act requires that for each significant water resource (river, wetland
or aquifer), a reserve’ of water is kept aside. This ‘reserve’ is the quantity and quality of water
required a) to satisfy basic human needs ... and b) to protect aquatic ecosystems in order to secure
ecologically sustainable development and use of the relevant water source. Thus water guality
management objectives are still based on specific user requirements, evaluated and measured
against present and potential catchment conditions. The significant point is that the aquatic
ecosystems themselves are considered 1o be the primary ‘users’ of the water they contain
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One of the aspects of water quality management in South Africa that might be of particular interest to
the reader is the development of water quality guwdelines for the natural environment. Interm
guidelines were developed some years ago (South African National Water Quality Guidelines 1996)
and can be consulted on the DWAF website at www.dwal org za

The aim of the present review is to synthesize documented research on the effects of various aspects
of water quality on aquatic ecosystems. The scarcity of published literature in South Africa has meant
that much information in this review has been oblained from overseas publications. Indeed, research
on the effects of pollutants on ecosystems, rather than on species, is limited world-wide. It should be
stressed that overseas conditions are often not the same as those pertaining in South Africa so that
extrapolation from overseas data to the local situation is not an adequate substitute for local research.

FORMAT OF THIS REVIEW

Chapters 2 and 3 in this review provide a general introduction to the issue of water quality in
relation to aquatic ecosystems. The first briefly describes aquatic ecosystems and their biotas,
and how they react to changes in water quality. The second examines the ways in which these
responses can be quantified. The bulk of the review (Chapters 4 - 12) synthesises what is known
about the effects on aquatic ecosystems of individual chemical constituents and physical
attributes of water. The last eight chapters examine the effects of different types of whole
effluents, rather than of individual constituents, on aquatic ecosystems.




Aqualic ecosystems and waler qualty

CHAPTER 2: AQUATIC ECOSYSTEMS AND WATER QUALITY

SUMMARY

In this review, water qualily is taken to be the combined effect of the physical attributes and chemical
constituents of a sample of water for a particular user. Functional aquatic ecosystems usually support a
vanety of organisms, such as primary producers, primary consumers and secondary consumers, within
different trophic levels. Rivers are longitudinal systems driven by largely by the flow of water and are
divided info zones, which are distinct with respect to their physical, chemical and biological
characteristics. Wetlands are depositing systems that accumulate sediment and include a wide vanely
of aquatic ecosystems from riverine floodplains fo high-altitude rainpools and from tree-covered swamps
to saline lakes. Regional differences in rivers and wetlands arise as a resulf of difference in chmate (and
thus temperature, mean annual precipifation, mean annual evaporation, etc ), geomorphology (gradkent,
erosion), geology and biota. These differences need fo be considered when establishing guidelnes for
the protection of aquatic ecosystems. Within each region or zone, communily composifion is defermmed
by water qualty, the type of habitat (biofope) avaiable, the degree of water movemen, temporal
vanations in the availability of water, and the historical distribution of species. Water quality vanables
potentially affecting aqualic ecosystems may be physical (turbidity, suspensoids, lemperature) or
chemical (non-toxic: pH, TDS, salinity, conductivity, individual lons, nutrients, orgamnic enrichment and
dissolved oxygen, and toxic: biocides and trace metals). Each variable has an effect. either beneficial or
detrimental, on aquatic organisms, and the overall effect when more than one variable is involved is
dependent on whether they act synergistically or antagonistically. The effect of each vanable on
indwidual organisms is also influenced by the tolerance limits of the organism. In addition to individual
variables, aquafic ecosystems are offen the ulfimate receivers of whole effluents, which consist of a
combination of water quality variables.

21 INTRODUCTION

This chapter outlines the ways in which water quality is affected by natural features such as geology
and chimale, the effects of differences in natural water quality on aqualtic biotas, and some aspects of
the biclogy and ecology of aquatic organisms. The reader is referred to Davies & Day (1998) for a
more detailed coverage of these general limnological features.

Some definitions

In this review, waler gualty is taken 1o be the combined effect on a ‘user’ of the physical attributes and
chemical constituents of a sample of water. The idea of water "quality” is a human construct. implying
value or usefulness, and indeed the quality of any sample of water depends on the point of view of the
user. Water quality from the point of view of aquatic ecosystems as ‘users’ is discussed in section 2.7
below.

A water quality vanable is any of those attributes or constituents that vary in magnitude and whose
varations alter water “quality”.
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Biota is a collective term for all living organisms, including plants, animals and micro-organisms, living
in a particular ecosystem.

A biological community is a well-defined assemblage of interacting organisms, such as the community
of organisms living in the stony bed of a river or the species of fish living in an estuary.

An ecosystem consists of interacting organisms plus their environment. Ecosystems can be as simple
as human skin, with its interacting microfiora; or a jar of water taken from a pond; or the pond itself. or
they can be as complex as a whole river with its riparian vegetation and the animals dependent on that

vegetation.

With regard to rivers and wetlands, the natwal environment can best be defined as agualic
ecosystems and those ecosystems dependent on them. It includes not only the submerged
ecosystems of rivers and wetlands but also the associated nparian belts and floodplains, and the
wildlife that depend on rivers for drinking water and on riparian vegetation for shelter. It should be
noted that although we use the term ‘natural environment’, few ecosystems in South Africa are truly
unaffected by human activity.

2.2 THE STRUCTURE OF AQUATIC COMMUNITIES

Any biological community is made up of a number of interacting species that can, for convenience, be
grouped into trophic levels (trophic meaning “feeding”). The various species of plants or primary
producers form the basic trophic level in most well developed natural communities. These in turn are
fed upon by the primary consumers or herbivores (a second trophic level), which in turn are fed upon
by the carmivores. Carnivores feeding on herbivores are said to be secondary consumers, those
feeding on secondary consumers are said to be lerfiary consumers, and o on.

Dead and decaying organic matter, collectively known as defritus, is broken down by decomposers,
which include scavenging and defritivorous (detritus-eating) animals, and also decomposer microbes
such as bacteria and fungi. A functional aquatic ecosystem usually supports a number of different
species of each of these kinds of organism. The ultimate effect of the interactions between these
organisms is the breakdown of dead organic matter (which may include fallen leaves and branches,
dead bodies, decaying phytoplankton or the organic components of sewage). In the process, nutnents
are mineralized and released back into the ecosystem in simple inorganic form. The combination of
decomposition and mineralization results in purification of the water. Thus healthy, functional
ecosystems provide a significant service for human beings by cleansing the water in the nvers in
which they occur. An important corollary is that when ecosystems are subject to excessive levels ol
pollutants, the decomposers themselves are detrimentally affected and can no longer provide this
service.

2.21 Rivers and wetlands as ecosystems
In order 1o manage any ecosystem successfully, a good knowledge of its basic functioning is essential.

Further, it is possible to ascertain the effects of human interference (e.g. pollution, impoundments,
efc.) on an aquatic ecosystem only if we have information on its natural characteristics and on the
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ways in which its biota responds 1o change. Below we describe the most fundamental features of
rivers and wetlands.

2211 Rivers

The following is a description of a generalized river ecosystem (see also Table 2.1). The dnving
physical factor is the flow of water, Current speed is highest in the upper reaches and declines
steadily downstream as the river descends from the highlands and the gradient reduces. Most rivers
can thus be divided into three distinct zones: a fast-flowing erosive headwater zone; a slower-flowing,
partly-erosive middle zone, and a slow-flowing lower reach or mature river where materials eroded
from the upper reaches are deposited,

The Headwater Zone or mountain stream

A typical headwater stream is characterized by clear, fast-floming, well oxygenated, nutnient-poor
water, a boulder-strewn bed and abundant, canopy-like riparian vegetation that reduces light
penetration and thus limits the number of plants that can grow in the water. Food for the aquatic
animals (fish and invertebrates) consists largely of detritus: leaves, fruit, and so on that have fallen
from the trees overhead. This material is gradually broken down from coarse to fine particles by
detritivores and decomposer micro-organisms, Headwater reaches are dominated by organisms like
the nymphs or larvae of mayflies (Ephemeroptera), stoneflies (Plecoptera) and caddisfhes
(Trichoptera), as well as both young and adult stages of beetles (Coleoptera) and bugs (Hemiptera)
adapted to living in fast-flowing water (Davies & Day 1998). The most numerous invertebrates are the
shredders, which feed by breaking up or shredding leav es and other coarse organic particles, although
predators, and collectors of particles, will also be present. Food is usually scarce, resulting in slow
growth rates and ultimately in small adult invertebrates. Generally the species found in mountain
streams are able to survive only within a very narrow range of environmental conditions, so that
alterations to water quality in this region may have profound effects not only here but in the rver
ecosystem as a whole.

The Middle Zone

In the middle reaches, the stream widens, the current speed and oxygen content decrease, and
temperature and turbidity may increase. Because the river is wader the riparian belt of trees do not
form a closed canopy overhead but allow sunlight to reach the water, resulting in an increase in
photosynthesis and hence in blomass of submerged plants. The food for the aquatic arumals thus
consists mostly of algae and aquatic plants generated within the stream itself. The invertebrate
community is dominated by collectors, which gather fine particles of food by erecting nets, sieves or
strings of saliva that filter the water, and grazers, which feed on the algal layer covering the rocks.

The Lower Zone: the mature river

In the lower reaches, the river continues to widen and flow rates to decrease, resulting in the settling
out of fine organic particles, which cover stones and form a relatively uniform sandy or silty layer on
the river bed. The water is less oxygenated, while mineral and nutrient loads increase, leading to
increased plant growth. Increased sunlight and slower flow rates encourage the growth of

5
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phytoplankton (minute suspended algae) and zooplankton (minute suspended animals). Collectors,
including deposit feeders (which consume the organic material deposited on the river bed), also
become abundant

It is necessary to remember that this is a generalized account of a river ecosystem and that there are
always exceptions to the basic pattern. Local exceptions include rivers that rise in coastal hills and
plunge into the sea along the southern and south-western Cape; mature rivers that flow over a second
mountain range near the coast and are “rejuvenated” (e.g. the Augratees Falls on the Orange River),
the naturally high silt load of the Orange River; and the acid waters of rivers draining the ancient,
weathered, nutrient-poor south-western Cape area (Dallas ef al. 1998, Day ef al. 1998). Because
rivers are not all the same, it is important to be aware of the type of river and its basic characteristics
when assessing the water quality required by its biota.

Table 2.1  Generalized characteristics of each riverine zone. The extent to which specific
characteristics change down the course of a river is dependent on land-use
practices and pollution sources along its course, and changes are relative with
respect to each zone.

Characteristic Headwater Zone Middle Zone Lower Zone
Physical
Slope Steep Gradual Gradual
Velocity Fast, erosive Slower Slow, depositing
Substratum Mainly boulders Mixed t:::zem and Sand and mud
Temperature Normally low Slightly warmer Warm
Turbidity Clear, low Intermediate High
Light reaching
sbeam Low Intermediate High
- Only on banks; often
Riparian vegetation Canopy-hike Concentrated on banks exotic species
Chemical
Dissolved oxygen High Intermediate Low
Nutrients Low Intermediate High
Conductivity Generally increases down the river
pH Generally increases down the river
Biological
Energy input CPOM' CPOM & FPOM' FPOM
Plankton’ Mostly absent May be present Often present
Dominant
kwastebaies Shredders, collectors Collectors, grazers Collectors

1 CPOM = Course Particulate Organic Matter; FPOM = Fine Particulate Organic Matter

2. Plankton consists of the small plants (phytoplankton) and animals (zooplankton) that live

suspended in the water column
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2212 Wetlands

If nvers are eroding systems that transport particulate material, then wetlands are depositing systems
that accumulate suspended material. Thus the bed of a wetland is almost invarnably composed of fine
muds or sands rather than rocks and cobbles. The term ‘wetland’ covers a wide variety of aquatic
ecosystems from riverine floodplains to high-altitude rainpools and from tree-covered swamps to
saline lakes. The determinants of wetland conditions are hydrology (the distribution of water over ime
and space) and geomorphology (the shape of the land). the presence or absence of water from season
to season, the level of the water when it is present. and the presence of depressions or basins where
water can accumulate, Because the bottom usually consists of soft sediments, wetlands exhibit fewer
different types of biotopes than rivers do. The major aquatic biotopes for invertebrates are the open
water, inhabited by suspended planktonic forms and fish; the shallow edges, inhiabited by benthic
(bottom-dwelling) forms, and marginal, rooted and floating plants inhabited by yet other assemblages
of invertebrates and fish. Major differences in physical and chemical conditions are seen vertically
(i.e. through the depth of the water column) rather than longitudinally, as they are in rivers.

23 THE EFFECTS OF WATER QUALITY ON AQUATIC ECOSYSTEMS
231 Regional differences in water quality

Water quality differs from continent to continent, and even from region to region, as a result of
differences in climate, geomorphology, geology and soils, and biotic composition.

Climate affects water quality in a number of ways. Forinstance, temperature is not only an atinbute of
waler quality per se but it also determines the rate and extent of various chemical interactions (see
Table 2.2). Mean annual precipitation, and seasonal variations in precipitation, determine the amount
of water flowing in rivers at different times and therefore dictate the degree of dilution of natural and
anthropogenic constituents in the water. Mean annual evaporation, as well as seasonal vanations in
evaporation, have the converse effect, concentrating the constituents in water and, if sufficiently
intense, altering the proportions of major ions and ultimately resulting in precipitation or crystallization
of salts.

The geomorphology of the landscape determines, amongst other things, the gradient of rivers (and
hence the amount of turbulence and thus the amount of oxygen and other gases dissolved in water)
and the degree of erosion (and hence the turbidity and the quantity of suspended matenal in the
water)

Because geological formations consist of rocks of different chemical composition, they and the soils
dernived from them contribute different quantities and different proportions of ions (including nutrients)
to the waters flowing over or percolating through them.

Various components of the biota, particularly phytoplankton and microbes, can also profoundly affect
water quality. The combined effects of photosynthesis and decomposition, for instance, can
determine both the pH and the amount of oxygen present in water. Catchment vegetation, too, may
produce organic compounds that, when leached into water, atfect pH and inhibit microbial activity.
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2.3.2 Regional differences in water quality in South Africa

South Africa is diverse in cimate, geomorphology, geology and soils, and aquatic biotas, and so the
different regions exhibit quite considerable differences in water quality even when unaffected by
human activity. The descriptions below refer to what appears to have been the “natural” situation
While few rivers have been entirely unaffected by industrialization and other human activities, most
retain some of the features discussed in the following section.

Because of differences in chmate and geomorphology. the southern and eastern parts of the land are
more mesic (i.e. with a more equitable climate) than is the rest of the country. Thus their nivers tend
to be perennial and to carry fairly pure water low in total dissolved solids (TDS). Except for the
Orange River and some of its tributaries, rivers of the and interior, and of the “arid cormdor” of the
castern Cape, may be seasonal or ephemeral. During hot, dry periods their waters may undergo
evaporative concentration and TDS values may increase by an order of magnitude or more. South
Africa is geologically diverse (see, for instance, Tankard ef al 1982 for details). The great
sedimentary Karoo basin is surrounded to the north largely by a complex of igneous formations and to
the south and east largely by the sandstones and shales of the Cape and Malmesbury Supergroups
The youngest of the Karoo Series is the basalt cap (also igneous) of the Drakensberg.

Igneous rocks, such as those of the Transvaal and the Drakensberg, usually contain sufficent calcium
and magnesium that water flowing over or through them picks up measurable quantities of these
elements, and of nutrients such as phosphates, nitrates and silicates. In all, water affected by igneous
rocks is usually dominated by calcium and/or magnesium cations and bicarbonate anions and has a
pH higher than 7. Conductivity is usually low (<50 mS m ' often <20 mS m '). Such waters are said to
be "rock dominated” (Gibbs 1970).

Al the other extreme, sedimentary rocks. such as those of the Cape Supergroup, may have been
denved from particles that were already strongly weathered when they were consoldated into rock.
Very little soluble material is present and so even less can be leached out. Waters flowing over such
rocks are usually very low in conductivity and in nutrients. The bulk of dissolved material is derived
from rain, snow and other forms of precipitation, in which the major ions are sodium and chloride

Such waters are said to be “precipitation dominated™ and are very soft, pure and unbuffered. The pH
is determined by the concentrations of the components of the carbonate/bicarbonate buffering system
(see Chapter 6) and of any organic acids that may be present, and in different systems normally vanes
from very acid (pH <4) to slightly alkaline (pH <8).

In summary, the major chemical properties of any natural body of water are determined by the
combined effects of geology and climate (see Day & King 1995 with regard to South African water
chemistry)

24 THE EFFECTS OF SOME PHYSICAL ATTRIBUTES AND CHEMICAL
CONSTITUENTS ON AQUATIC ORGANISMS

The actual species of organisms that comprise any aquatic biological community are largely
determined by:
« water quality
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« the types of biotope available (e.g. stones-in-current, marginal vegetation)

« the degree of movement of the water (e g lakes vs rivers) and temporal changes (e g. perods of
spate and drought)

« the historical distribution of species (i.e. it must be geographically possible for a species to become
established in a particular system)

« the other components of the biota (e g. parasites, predators, food supply).

Aquatic communities are influenced by numerous natural and human-induced factors. Figures 2.1
and 2.2 emphasize the complexity of the various physical, chemical and biological factors that
influence and determine the resultant biological community. Figure 2.1 divides these factors into
chemical constituents and physical attributes, flow regime, habitat structure, energy source and biotic
interactions. Figure 2 2 focuses on water-quality-related vanables. From these diagrams it is clear
that a combination of factors ultimately determines the composition of a biotic community. Given that
many water quality variables differ in magnitude from region to region, it is reasonable to ask what the
effects of these differences might be on aquatic organisms. Since there are so many varables that
can affect the biota, only a few of the more obvious ones are dealt with below (Table 2.2). In addition
to individual substances, aquatic ecosystems are often the recipients of effluents that contain a
combination of chemical substances. Chapters on each of the major categories of substances, and on
a number of whole effluents, are included in this review.

25 CATEGORIES OF WATER QUALITY VARIABLES

For convenience, variables can be grouped in a number of ways. Perhaps the simplest, and the
system followed in this review, is to divide them into physical attributes such as temperature, turbidity
and the concentration of suspended solids, and chemical constituents such as the total concentration
of dissolved solids (TDS), and the concentrations of solutes such as gases and ions. Chemical
variables can in turn be divided into foxic and non-foxic components. This is not entirely justified, in
that virtually all chemical constituents can be shown to be toxic under certain circumstances, while
some organisms are vastly more resistant to the toxic effects of particular chemical constituents than
others are. Forinstance, the biota (including three species of flamingoes) of some high-altitude saline
lakes in the South American Andes is able to survive apparently unharmed by arsenic concentrations
of the order of 100 mg I or more, far more than enough to kill flamingoes elsewhere in the world. Itis
nonetheless true that certain chemical constituents, such as trace metals, biocides and various other
organic substances, have severe and sometimes lethal effects at relatively low concentrations. These
constitute the toxic fraction

26 SYNERGISM AND ANTAGONISM

Although each chemical substance has an effect, either beneficial or detrimental. on aquatic
organisms, combinations of substances may be more, or less, toxic than each on its own. When two
substances interact 1o produce a magnified effect, this is known as synergism._ For instance, nickel
and zinc are said to be synergistic in that they are more than five times more toxic in combination than
either is alone. On the other hand, the toxicity of some substances is decreased in the presence of
others, which are said to be anfagonists. Calcium or magnesium, or high levels of alkalinity or TDS,
for instance, reduce the toxicity of copper and other toxic trace metals. Changes in pH are particularly
significant in altering the toxicity of a varnety of chemical constituents, including trace metals. Organic

“
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compounds may reduce both acute and chronic toxicity of metals by complexing with the free metal
ions.

BIOTIC INTERACTIONS ENERGY SOURCE FLOW REGIME
Reproduction Sunlight Watershed characteristics
Competition Nutrient availability Runoft
Parasitism Primary and secondary production Volume
Disease Seasonal patterns Velocity
Organic matter inputs
Feeding High-low extremes
l Ground water
Temperature Sinu
Torbidity —|  BloTICCOMMUNITY |« e
pH Current
Dissolved oxygen Channel
m Channel width and depth
Organics Substratum
Nutrients Instream cover
Metals Ruparian vegetation
Chemical sclubilties Bank stability
Biocides Canopy

Figure 2.1 Some of the important chemical, physical and biological factors that influence and
determine biotic communities [modified from Karr ef al.(1986) cited by Rankin 1991).

Figure 2.2 Major water quality and other variables potentially affecting aquatic biotas, showing
both direct and indirect interactions between variables (modified from Hawkes 1979).
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Table 2.2 The effects of some major physical attributes and chemical constituents of water in
aquatic ecosystems. Whole effluents covered in this review are also listed.

WATER QUALITY
VARIABLES MAJOR EFFECTS Chapter
PHYSICAL FACTORS
Determines metabolic rate
Determines availability of nutnents and toxins
Temperature - 4
Determines oxygen saturation level
Changes provide cues for breeding, migration, etc.
Turbidity determines degree of penetration of light, hence
Turbidity and vision, photosynthesis, s
suspended solids Suspended solids reduce penetration of light, smother and
clog surfaces (e.g. gills) and adsorb nutrients, toxins, etc.
CHEMICAL FACTORS
Determines ionic balance
pH Affects chemical species and therefore availability 6
Affects gill functioning
Conductivity,
salinity, TDS, Affect osmotic, ionic and water balance "
individual lons
Dissolved oxygen Required for aerobic respiration 8
Reduces oxygen concentration
Organic ennchment - - - 9
Increases nutrient levels
: Not toxic per se: cause eutrophication and thus affect
Nutnent enrichment community structure 10
Biocid Usually target specific groups (e.g. molluscs, insects, plants) 11
and thus alter community structure
Many essential at low concentrations
Trace metals Some mutagenic, teratogenic, carcinogenic 12
Some metabohc inhibitors
TOTAL EFFLUENTS
Agniculture 13
Forestry 14
Aquaculture 15
Engineering and construction 16
River regulation, environmental flows and inter-basin transfers 17
Industnal effluents 18
Mining 19

Urban runoff

1"
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27 TOLERANCE LIMITS AND THEIR SIGNIFICANCE

Over aeons of evolutionary time, succeeding generations of organisms of each species have become
adapted to certain concentrations of each substance commonly found in the waters in which they kve.
The actual concentration range varies from species to species. Forinstance, the species of fish, and
of other organisms, that live in mountain streams are adapted to TDS levels <200 mg | ' and may well
not be able to survive at values in excess of S00 mg I'. In contrast, those kving in saline streams may
be unable to survive at levels <50 000 mg |, while marine fish five in a very narrow concentration
range of 35 000 +500 mg I"'. Estuarine fish, on the other hand, may have to survive tidal cycles
during which TDS varies between <1000 and 35 000 mg | " over a period of about twelve hours

The concentration range over which a species can survive is known as the folerance range and the
upper and lower values are known as the folerance Imits. Within the tolerance imits, the optima/
range is that to which organisms are most ideally suited and in which growth rates, fecundity and other
measures of "health” are greatest. Organisms of a given species can survive on either side of this
optimal range but as the tolerance limits are approached, more and more abnormalities become
evident. The first signs are usually behavioural: for instance, fish may tend to avoid non-optimal
conditions. Beyond this, physiological stress may become evident: respiratory, metabolic or excretory
rates may increase, for instance. All of these changes may be accompanied by a decrease in egg
and/or sperm production and hence in fecundity. Further, as tolerance imils are approached,
organisms become more susceptible to parasites and pathogens and to food shortages. Very olten
adults are able to survive apparently unaffected by sub-optimal conditions, although breeding success
may be greatly reduced if eggs cannot hatch or larvae cannot grow. Juvenile stages are frequently far
more sensitive, however. It often happens, for instance, that an adult population of fish survives and
grows under suboptimal conditions but there is no recruitment to the population because the juveniles
do not hatch or grow. This is why juvenile stages are often used in toxicity tests (see Chapter 3).

28 "WATER QUALITY" AS A HUMAN CONSTRUCT

The term “water quality” was coined with reference to the quality of water required for human use

"good”-quality water is "pure” and unpolluted and suitable for drinking and stock watering, and hence
for agricultural and industrial purposes. It is critically important to acknowledge, however, that this is
entirely a human perspective. It so happens that mos! freshwaler aquatic organisms might agree with
this classification. Itis emphatically not true for all aquatic organisms, however. Organisms living in
the sea, in estuaries and in brackish or saline inland waters are unable to survive in water that is of
“high qualty” from a human perspective. When considering aquatic ecosystems, therefore, it is
imperative that water quality is viewed from the perspective of the natural inhabitants rather than from

a human perspective.

The corollary to these remarks is that one must be extremely wary of “improving” walter quality to
something approaching that acceptable to humans if, in so doing, one is making it less tolerable for the
natural inhabitants. There is a fallacious tendency lo assume that increasing the quantity of water in
highly seasonal streams, or "increasing” the quality of water to human standards in naturally brackish
wetlands, is in the interests of the biota. This may be so, but it is not necessarily so.

12
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29 THE EFFECTS OF ALTERED WATER QUALITY ON AQUATIC ECOSYSTEMS

Human activities affect both the quantity and the quality of water in aquatic ecosystems. The effects
of reductions in quantity of water are not discussed in detail in this volume. It should be noted,
however. that such reductions sometimes interfere critically with the maintenance of natural
ecosystem functioning, particularly during low-flow conditions when abstraction or damming result in
increased evaporation and consequently in increased concentrations of chemical constituents in
natural waters. Many aquatic ecosystems are affected by both reduced flows and increased levels of
pollutants of various sorts. The linking of water quantity and water quality is discussed in Chapter 17

Since each species has tolerance limits within which it can survive, variations in the concentration of
chemical substances, and since these limits differ from species to species, alterations in water quality
will affect different species to a greater or lesser extent. Greater and greater changes in water quality
will thus gradually alter the constituent species of a biotic community until it is no longer recognisable
as the same community. Some examples of this effect include:

« a shift in the physical position of a community of aquatic organisms (e.g. the community of
organisms found below fish farms on mountain streams is more representative of communities
naturally found much further downstream - e.g. Brown 1996)

« theintroduction or loss of key species (e.g. the massive growth of algae in eutrophic waters may
result in a "population explosion” of snails and the loss of mayfly and stonefly nymphs)

« reduction in diversity as a result of very small increases in the concentration of toxins such as
trace metals

* reduced ecosystem functioning (e.g. the reduction and ultimately the absence of decomposition -
and thus of nutrient cycling - in streams and lakes seriously affected by acid deposition)

In summary, the community of organisms kving in a particular stream is determined by a number of
physical and chemical attributes of the stream. One of the major determinands is water quality, which
is frequently altered by human activities. The ways in which the effects of these alterations can be
assessed are discussed in the following chapter.

13
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CHAPTER 3: BIOLOGICAL ASSESSMENT OF THE EFFECTS OF WATER
QUALITY ON AQUATIC ECOSYSTEMS

SUMMARY

Assessing the effects of changes in water quality and s constituents on aquatic ecosystems is
complex. To produce any sensible guidelines for imiting the effects of reduced waler quality on
aquatic biotas, it is necessary to have some measuwre of biological integrity or ecosystem “heaith”.
Ecosystem health is quantified using what may be termed biological indicators. The use of
biological indicators assumes that biotic components, such as algae, macroinvertebrates or fish,
reflect the water qualty conditions in which they live. Biological indicators may be individual
species or whole communities. The science of ascertaining the effects of toxicants on individual
species is genevally referred to as toxicology. Toxicity testing, which is normally conducted in a
controlled laboratory environment, allows the toxic effect of a constituent on an organism to be
determined. A useful value is the concentration at which no effect is observed. Community-level
analyses may test predictions based on single-species tests and may also predict indirect effects
not measwable in single-species tests. An alfernalive approach to ecotoxicology is o measwe
actual biotic assemblages in the field environment. This process is lermed bioassessment and i
may be defined as the utihzation of one or more components of the biota to assess the effect of a
change in another component such as water quality. Measwement may take the form of structural
components such as species composition, or functional aspects or processes such as the rate of
decomposition. Several systems of bioassessment have been developed. Bioassessment is
generally apphed within the contex! of ecological reference condtions, which represent an expected,
realstic and scientifically-authentic ecological benchmark aganst which bioassessment information is
compared  Reference conditions facilitate data interpretation and allow the ecological significance of
an effect to be established. It is necessary to be able to identify which observed differences in
biotic assemblages stem from natural or intrinsic heterogeneity and variability in the system, and
which are caused by anthropogenic activities such as reduced water quality

31 INTRODUCTION

Some of the physical and chemical variables used to assess water quality for domestic,
recreational, industnal and agricultural purposes include temperature, turbidity, total suspended
solids (TSS), pH, conductivity, total dissolved solids (TDS), salinity, nutrient concentration, oxygen
content, biological oxygen demand (BOD), chemical oxygen demand (COD) and toxins, including
race metals and biocides. The effects of changes in the magnitude of these vanables are well
known for domestic purposes and fairly well known for agricultural and industrial purposes and do
not vary to any significant degree from region to region or from continent to continent.

Assessing the effects of changes in water quality and s constituent variables on aguatic
ecosystems Is far more complex. As we have shown in Chapter 2, each species of organism has

specific lolerance limils for each variable, while each biotic community comprises a number of
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species of different, interacting, organisms. Further, tolerance limits of related species, or of
isolated populations of widespread species, may vary geographically. This poses a problem, since
the assessment of the effects of water quality on aquatic ecosystems and their inhabdants 1s a
relatively new skill, and well-established norms are few. In South Afnica, we have a dual problem
biotas adapted to a wide variety of conditions across the country; and very little knowledge about
the responses of any of them to deterioration in water quality.

This chapter addresses the issues involved in assessing the effects of water quality on aquatic
biotas generally and on South African biotas in particular. These issues, although complex, can
essentially be reduced to two: determination of the best biological indicators for assessing water
quality; and the ways of using this information to set guidelines for the management of water
quality in South Africa's rivers: in other words, developing biological criteria for the protection of

aquatic ecosystems.
3.2 BIOLOGICAL INTEGRITY OR ECOSYSTEM HEALTH

To produce any sensible guidelines for limiting the effects of reduced water quality on aquatc
biotas, it is clearly necessary 10 have some measure of biological integrity or ecosystem “health”.
Biological integrity is required if an aquatic ecosystem is to support and maintain a balanced,
integrated, adaptive assemblage of organisms having a species composition, diversity and
functional organisation comparable to that of the natural habitats within a region (Karr & Dudley
1981). Ecosystem health, whilst being a useful and widely understood concept, is difficult 1o describe n
precise, scientific terms (Schofield & Davies 1996). Implicit in the use of the term “health” is a societal
judgement of welibeing (e.g. Fairweather 1999) and, whilst there has been much criticism of the
ecosystemn health approach, it is widely used. Ecosystern health assessments require analysis of
linkages between human pressures on ecosystems and landscapes, altered ecosystem structure and
function, alteration in ecosystem services, and societal response (Rapport ef ai 1998). Schofiekd &
Davies (1996) understand ecosystem or river health to be a measure of the degree of similarity 1o a
minimally-disturbed river of the same type, particularly in terms of its biological diversity and ecological
functioning.

Ecosystem health is quantified using what may be termed biological indicators. Since the
communities of organisms in any ecosystem are made up of individual species, it is reasonable to
suppose that determining the responses of some of these species will provide an accurate
reflection of the effect of changes in water quality on the ecosystems in which they live

Changes in ecosystem health can be identified using either a "bottom-up™ or a "top-down"
approach (Scnmgeour & Wicklum 1996).

A "bottom-up” approach typically relies on data produced from simple laboratory systems, often at
small temporal and spatial scales, to model changes in natural systems. It is often referred to as
toxicity testing. Simply, toxicants can cause adverse effects on biological systems; loxicologists
investigate these effects using toxicity tests, and ecotoxicology takes into account ecosystem
effects (DWAF 2000). Short-term, single species toxicity tests are used to identify, regulate and
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monitor discharge of problem effluents into receiving ecosystems (Pontasch ef a/ 1989) More
recently, studies have expanded from laboratory-based microcosm systems to expenmental
stream systems, called mesocosms, that allow toxicity assessments of whole communities (e g.
Guckert 1996). Applied aquatic 1oxicology 1S used in most developed countries as an impornant
tool for the management of harmful chemical substances in aquatic ecosystems.

In the “top-down" approach, changes at the level of biotic assemblage and ecosystem are directly
assessed in the natural environment, followed by identification of their causes. In ecosystems, two
major categories of top-down endpoints are monitored, namely biotic structural components and
ecosystem processes or functions. Characterising the response of an ecosystem to disturbance
can be achieved using biological or ecological indicators and is termed instream biological
response monitoring, or bioassessment (Roux ef al. 1999). Bioassessment may be defined as the
utilization of one or more components of the biota to assess the effect of a change in another
component, such as water quality. It is the process of determining whether human aclivity has
altered the biological properties of an ecosystem (Hawkins & Norris 2000). Potential components
of the biota that may be used include protozoans (Joska et al. in press), periphyton (Barbour ef al
1999). macroinvertebrates (Reynoldson ef al 1997, Barbour ef al 1999, Dallas 2000a), fish (Karr
1981, Kleynhans 1999) and riparian vegetation (Kemper 1999). Bioassessment provides a time-
and constituent-integrated assessment of the ecological or biological integrity of the system under

Clearly a range of biological indicators may be used 10 assess the effects of impaired water quality
on aqualtic ecosystems. The choice of indicator and the approach followed will depend on specific
study and/or management objectives, and in some instance several different indicalors may be
needed for adequate assessment of the impact on an aquatic ecosystem. The range of biclogical
indicators available is described below.

33 BIOLOGICAL INDICATORS

As mentioned, biological indicators of ecosystem disturbance may be individual species, which are
vommoniy used in toxicological studies, or biotic assemblages. Biological indicators may also be
functional and take the form of a process, such as rate of photosynthesis of decompaosition. Some
of the major biological indicators in each of these categories are listed in Table 3.1. There are
advanmages and disadvanmages 10 using each of the types of biological indicator 10 assess the
impacts of impaired water quality on aquatic ecosystems.

331 Toxicological studies

Measurements of growth rates, age to maturity, fecundity, etc., all provide information on the
immediate effects of toxins or effluents on individual organisms. It is possible, if difficult, 1o carry
out such investigations in the field if the organisms (e.g. fish) are large enough to be tagged,
measured, released, re-caught and re-measured at appropriate intervals. Such measurements are
valuable because they are performed on individual organisms that have been subjected to the
totality of conditions in the stream from one measuring period 10 the next. The disadvantages are
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essentially two-fold. Firstly, although one can determine the effects of those conditions on the
organisms being measured, one has very little idea of the actual conditions that caused the
measured effects: any number of pulses of polluted water might have affected the organisms, but
without continuous monitoring it is impossible to know how water quality was affected dunng these
periods. Secondly, such techniques are only useful for large or sessile (attached) organisms. In
practice such investigations are seldom achieved and most analyses of the effects of water quality
on individuals are carried oul in the laboratory. Indeed, huge numbers of laboratory studies have
been carried out on the effects of individual water quality constituents on individual organisms of a
variety of species. The process empioyed is termed "toxicity testing”, whether or not the
constituents or attributes to be tested are indeed toxic

Table 3.1 Some biological indicators that can be used to estimate the effects of reduced
water quality on aquatic ecosystems and their biotas.

ATTRIBUTES OF BIOLOGICAL INDICATOR COMMENT
Behaviour
Growth rate
Metabolic rate
Sensitivity to pathogens
Condition )
Individual species |Fecundity Used' " "L::f e "')m'm (Y
Age to matunty
Survival rate

Abundance

Biomass

Recruitment and tumover

Species composition

Biodiversity (e.g. number of species)
Complexity of interrelationships
Biotic communities |Communily Succession

Alteration in key species

Resilience to change

Sensitivity 10 change

Rate of photosynthesis

Natural processes |Ralte of nutrient cycling Field data
Rate of decomposition

Field data and community-level
toxicity tests

Toxicity tests may be conducted using standard laboratory organisms such as water fleas (Daphnia)
and guppies (Poecilia reticulata) or using indigenous organisms from rivers and may be based on
one or more species. Toxicants tested may be single substances or complex mixtures
Regardless of the approach followed, the results of toxicity tests link chemical concentrations o
biotic responses, providing an interpretive link between information on water chemistry (provided
by routine chemical monitoring) and information on ecosystem health (provided by biomonitoning)
(DWAF 2000).
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3.3.11 Single-species toxicity tests

Procedures for determining the toxic effects of any constituent or attribute of water on living
organisms have 10 be extremely carefully carried out. The reader is referred to Butler (1978) and
Hellawell (1986) for details. In brief, the major considerations are the organisms used, the
procedures camied out, the statistical analysis of the results, and the use of the results for
management purposes. In order to obtain reliable (and therefore repeatable) results, the biology
of the test organisms must be well known. For instance, if the test is to examine the effects of a
toxin on any aspect of an organism's life history, then its gromth rate, age to maturity, number of
eggs produced, etc., must be known for a series of standard conditions. All species are
intrinsically variable genetically, and that variability varies from population to population and from
time to time. Thus to allow results to be compared from laboratory to laboratory, or from one toxin
1o the next, standard laboratory strains are maintained for testing purposes. The cost of
developing "life tables” for even a single species is considerable.

Most testing is done on internationally standardized strains of very few species. The water flea
Daphmia magna is the guinea-pig of the water testing laboratory, being small and reproducing both
rapidly and asexually. A number of other invertebrates such as Artemia salina (the brine shamp),
Gammarus spp. (amphipods), Tubifex spp. (oligochaete worms), chironomid larvae and mayfly
nymphs are also used on occasion, although their biology is much more poorly known. Commonly
used algae include species of Chiamydomonas, Scenedesmus and Microcystis. Fish commonly
used in the northern hemisphere include vanous species of trout and salmon as well as guppies
(Poecilia reticulata), fathead minnows and bluegill sunfish.

In South Africa in the 1980s, the Hydrological Research Institute (now called the Instilute for Water
Quality Studies - IWQS) investigated the feasibility of using toxicity testing as a component of
surveillance monitoring (Roux 1990). Roux recommended that such monitoring involve lests with
at least three species, preferably a bacterium (Pseudomonas pufida) or a cyanobacterium
(Microcystis aeruginosa), an alga (Selenastrum capricornutun) and a daphniid (Daphmia pulex).
Toxicity testing procedures were developed using bacteria (Slabbert 1986, Slabbert & Grabow
1800C; Slabbert 1988; Truter 1901g), protozcans (Slabbert & Morgan 1982; Slabbert of g/ 1987;
Slabbert & Maree 1986, Truter 1991b), Daphnia (Truter 1990) and fish (Poecilia reticulata Truter
1991c). A brief review is provided by Grabow ef al. (1985).

Recently, research into the use of indigenous riverine organisms in toxicity testing has been
undertaken in South Africa (Scherman & Palmer 2000). A key motivation for this research was the
fact that most aquatic ecosystems in South Africa are nvers and it is thus necessary to develop
toxicity tests using insect larvae and other riverine inveriebrates, These organisms are also useful
for testing the effects of chemicals and mixtures in the field (DWAF 2000), thus contributing to
site-specific water quality guidelines and 1o the refinement of South African guidelines for aquatic
ecosystems. Other taxa may also be useful lest organisms. For instance Channing (1998) has
conducted a baseline study of the value of tadpoles as bio-indicators of the effects of
agrochemicals, and Joska et al (in press) have investigated the use of protozoans in
biomonitoring of water quality.
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In relation to using indigenous riverine organisms in toxicity testing, a facility has been developed
for producing standard laboratory organisms for ecotoxicological research (Haige & Davies-
Coleman 1999). The need to have an understanding of the physiology and functioning of test
animals under natural conditions, so that functional impairment due (o contaminants and toxins
can be assessed, prompted in-depth research into the life history, biology and ecology of selected
test organisms. This research, together with that of Paimer ef al (1996) and Scherman ef a/
(2003), have made a significant contribution to the field of ecotoxicology in South Africa.

3.31.2 Whole-effluent toxicity (WET) tests

Whole-effluent toxicity tests have been widely used to assess the potential effects of effluent
discharges on aquatic ecosystems. Slabbert ef al (1998) have developed procedures 1o assess
Whole Effluent Toxicity (WET) tests, and guidelines for WET testing, in South Afnca. A recent
review (La Point & Waller 2000) examined the linkages between WET and associated field
biomonitoring. According to these authors, previously published results indicated that standards
for the usual WET freshwater test species, namely Ceriodaphnia dubia and Pimephales promelas,
may notl always protect most of the species inhabiting a stream receiving a polluting effluent. La
Point & Waller conclude that WET testling does not address bioconcentration or bioaccumulation
of hydrophobic compounds, does nol assess eutrophication effects in receiving streams, does nol
reflect genotoxic effects, and does not test for endocrine-disrupting chemicals.

3313 Toxicity assessment by community analyses

Community-level analyses may be used to test the predictions derived from single-species tests
and 1o determine potential indirect effects (Gucken 1996). Often mesocosms (artificial outdoor or
indoor streams) are used to ascenain ecosystem-level NOECs (no-observed-effect
concentrations) of toxicants. In contrast, multispecies tests in laboratory microcosms provide more
specific predictions and increase the level of confidence in estimates of permissible concentrations
by increasing the range of organisms examined (Pontasch ef al. 1989).

3.3.1.4 Measuring toxic effects

The effects of a toxin on test organisms can be measured in a variety of ways. The most final is,
of course, the death of the organism. But other common measures include effects on growth rate,
egg production, oxygen consumption, chlorophyll production, photosynthelic rate, etc. The No-
Observed-Effect-Concentration (NOEC) is also used, particularly in the United States. Constituent-
specific water quality criteria developed in South Africa for toxic constituents (DWAF 1996) use
the Chronic Effect Value (CEV) and the Acute Effect Value (AEV) as biocritera. The CEV is
defined as that concentration or level of a constituent at which there is expected to be a significant
probability of measurable chronic effects in up to 5% of the species in the aquatic community.
The AEV is defined as that concentration or level of a constituent at which there is expected to be
a significant probability of acute toxic effects in up to 5% of the species in the aquatic community.
Toxicity data may be expressed in many different ways (Table 3.2). Resulls are seldom clear-cut,
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particularly at concentrations that have minimal effects, and so very specific statistical analyses
are used to determine the final concentration at which an effect is considered to have laken place.

Table 3.2. Terms and abbreviations used in expressing toxicity data (modified from
Hellawell 1986).

TERM ABBREVIATION DEFINITION
No-observed-Effect- NOEC The concentration al which no effects are
Concentration observed

The concentration at which there is expected 10 be
. a significant probability of measurable chronic
Chronic Effect Vaiue Cev effects in up to 5% of the species in the aquatic
community
The concentration at which there is expected to be
Acute Effect Value AEV a significant probability of acute toxic effects in up
|to 5% of the species in the aquatic community
Median effective ECu Concentration at which a specified effect is
concentration observed in half of the test population
—— tration LCes ;:::cenmbon at which half the test population
Median lolerance limit T ‘(’:gcenltwon at which half the test population
: Time taken for an observed effect to occur in half
Median effective time ETy of the test 1ation
Median survival time LT Time taken for half of the test population to die
— Highest concenltration that organisms can tolerate
Incipient lethal level ILL indefinitel

3315 Advantages and disadvantages of toxicity tests

An advantage of strictly controlled toxicity testing is repeatability. However, single-species toxicity
lesls ae considered 1o suffer from low environmental realism, although they can be affective if the
underlying mechanisms of environmental change are known (Scrimgeour & Wicklum 1996). The
abdity of single-species tests to protect entire ecosystems has also been questioned, and thus
micro/mesocosm tests have been proposed as additional tools for reducing uncertainty in
ecological risk assessment (e.g. Pontasch ef al. 1989, Gucken 1996). The shortcomings of single-
species tests have been summarised by De Viaming ef al. (2000). They suggest that
‘single-species tests do not characterise the persistence/duration or frequency of exposures in ambient
waters without repeated sampling and testing. they do not directly measure biotic community responses
they do not encompass the range of species sensitivities or function responsive to toxic chemicals that
occur In biological communities. neither delayed impacts or effects due to bioaccumulation and
bioconcentration are measured, the highly controlled exposure regimes in these laboratory tests do not
reflect the multivanate and complex exposure condtions in aquatic ecosystems. results probably
underestimate biotic community responses to chemicals because of multiple stressors acting on aguatic

ecosystems, and use of non-resident species may not represent toxicological sensitivities in some
aquatic ecosystems”
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Recent advances in toxicity testing, through the adoption of multi-species testing, the use of micro-
and mesocosms, the use of indigenous organisms, and the examination site-specific conditions,
have been instituted with the intention of making toxicity testing becoming more useful in the

management of aquatic ecosystems.
332 Communities as biological indicators: bioassessment

Whilst toxicity testing provides useful information, it is advantageous 1o have some means of
determining the effects of changes in water quality on whole ecosystems. A method, preferably
numerical, is needed to estimate biological integrity and ecosystem functioning at any given time

Biological monitoring or bioassessment procedures attempt lo assess the effects of changes
(either improvements or degradations) in water quality on aquatic ecosystems. Bioassessment
has been acclaimed as a more sensitive and reliable measure of environmental conditions than
either physical or chemical measurements (Warren 1971) and using living organisms as indicators
of disturbance in an ecosystem has proven successful (Rosenberg & Resh 1993).

3.3.21 Bioassessment (or biomonitoring) versus physico-chemical monitoring

Traditionally, physico-chemical monitoring formed the backbone of water quality monitoring in
South Africa (DWA 1986) and elsewhere (e.g. Barbour ef al. 1996), and control of surface water
quality has been through the control of effluent discharges. Assessment of the common physical
attributes and chemical constituents of water, although essential for determining the type and
concentration of pollutants entenng a nver, is imited to the penod of sample collection and to the
physical and chemical analyses performed.

Widely recognised limitations of physico-chemical monitonng include the intermittent nature of the
measurements, in that unless samples are collected continuously, pulsed releases of effluents that
result in an alteration of water quality may not be recorded. Furthermore, the potential number of
constituents that could be present is vast, while routine analyses are usually limited 1o non-toxic
determinants such as temperature, conductivity, total alkalinity and nutrient concentrations. The
number and varety of potentially toxic compounds (e.g. trace metals, biocides) that could affect
waler quality is considerable, as is the cost of analysing the full range of these compounds, and
routine testing for all possible toxins is thus unrealistic. The sensitivity of chemical analytical
methods when measuring very low concentrations of pollutants may also be inadequate,
particularly for substances that are characteristically present in these low concentrations but which
are persistent and tend to accumulate in the environment

A further complicating factor, when assessing the effect of altered water quality by means of
physical and/or chemical data, is that of synergism and antagonism. Although each water quality
vanable has an effect on aquatic organisms (beneficial or detrimental), the overall effects of
changes in the magnitude of more than one variable may be greater or less than the effect of each
in isolation. For example, changes in pH are particularly significant in altering the toxicity of a
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vanely of chemical constituents, including trace metals. These subtle magnifying and reducing
effects would not necessarily be revealed by routine physico-chemical monitoring.

While traditional physical and chemical evaluations of water quality have largely been inadequale
(Warren 1971, Barbour ef al. 1996), as has the use of physical and chemical standards to protect
the aquatic environment from, for example, downstream effects of wastewater treatment works in
South Africa (Dickens & Graham 1998). Further, while focusing on physico-chemical monitonng.
other structural impacts that have led to alterations of river flow, loss of habitat area loss of
habitat diversity, obstructions to passage through streams and riparian degradation, have also
been overlooked (Harris 1995 cited by Schofield & Davies 1996). Because they are dependent on
the medium in which they live, aquatic organisms are sensitive to all alterations to the water body
by. for example, pollution or habitat alteration, so such alterations will, of course, be reflected in
the composition of the biotic assemblages found in the system. The biota therefore act as
indicators of the overall ecological condition of the aquatic ecosystem, by acling as continuous
monitors of the water they inhabit (Hawkes 1979), thereby enabling long-term analysis of both
regular and intermittent discharges, variable concentrations of pollutants, single and multiple
poliutants, and synergistic or antagonistic effects.

Whilst indicating that a water body is impacted, living organisms seldom provide insight into the
cause of the problem. For this reason, Hawkes (1997) suggests thalt bioassessment, which
produces biological data, and physico-chemical monitoring, which produces physical and chemical
data, are complementary. He suggests it would not be useful to correlate the two assessments, as
bioassessment information is probably of greatest value when it does not confirm the chemical
data, thus revealing the effect of other physical or chemical factors. Reynoldson & Metcalfe-Smith
(1992) suggest that biological systems should be the standard for monitoring, assessment, and
target formulation, and that the role of chemistry and physics is most important in the identification
of factors causing impairment and the selection of appropriate remedial actions.

3322 Using macroinvertebrates in bioassessment

There is general consensius that benthic macroinvertebrates are amongst the most sensitive
components of aquatic ecosystems and they have been widely used in bioassessment. Briefly, as
summansed by Rosenberg & Resh (1993), macroinverntebrates are ubiquitous and diverse, and are
therefore affected by a vanety of disturbances in many different types of aquatic habitats
Sensitivity 1o stress vanes with species and the large number of species within an assemblage
thus offers a spectrum of responses to environmental stresses. In their aquatic phase,
macroinvernebrates are largely non-mobile and are thus representative of the location being
sampled, which allows effective spatial analyses of disturbance. They have relatively long life
cycles (compared 10 other groups such as plankionic organisms) allows elucidation of temporal
changes caused by disturbances. A major limitation in the use of macroinvertebrates in
bioassessment is their heterogeneous distribution and patchiness that result in natural spatial and
lemporal vanability in macroinveriebrate assemblages (e.g. Marchant 1988, Palmer ef a/ 1991,
Dallas 2002b)
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34 BIOASSESSMENT SYSTEMS

The following section provides an overview of the histoncal and current methods used in
bioassessment. Most methods make use of the taxonomic composition of biotic systems. It
should be noted, however, that no one System provides a complete quantitative analysis of all of
the organisms present in a river, but that each attempts o relate cenain facets of ecosystem
structure or function to the overall biological integrity or functioning of the system. Details of the
earlier methods are available in Hawkes (1979), Metcalfe-Smith (1991) and Reynoldson &
Metcalfe-Smith (1992).

341 The 'Saprobian’ System

Kolkwitz and Marsson (1908, 1909 cited by Warren 1971) first used the presence and absence of
different organisms to develop their “saprobic® system of zones in organically polluted rivers. In
these studies, emphasis was placed on the relative tolerance levels of individual species of
organisms and hence on the presence of certain species. Taxonomic effort was great (i.e. all
specimens were identified to species) and all trophic levels were examined. The onginal system
was geographically specific (Germany) and was only appropriate for sewage pollution (Chutter
1972).

342 Diversity indices

Diversity indices are mathematical expressions of three components of community structure,
namely richness (number of species present), evenness (uniformity in the distribution of
individuals among species) and abundance (total number of organisms present) that can be used
to describe the response of a community to the quality of its environment. The earliest forms of
diversity indices (Margalef 1951 cited by Warren 1971) expressed the species richness of a
community as the number of species relative to the total number of individuals. A modified
version (the Shannon-Weiner index), which is now commonly used, also takes into account the
number of individuals per species (Wilhm & Dorris 1968 cited by Hawkes 1979). Use of this index
in poliution studies is based on the premise that species diversity decreases as human-induced
ecological stress increases. This is not always true, however, as low diversity may be caused by
physical stresses, for instance in torrential mountain streams which nonetheless have excellent
walter quality (Wells 1992) and in cases where pollution may be masked by a change in species
composition (from sensitive to tolerant species) that would not be reflected in any species diversity
index. Intensive sampling, sorting and identification are required to use these methods effectively.
As a result, comparisons between studies are seldom statistically valid, Boyle ef al. (1990), for
instance, were of the opinion that diversily indices are not appropnate indicators of ecosystem
integrity unless they are used together with other indices.

343 Biotic indices

Biotic indices are numerical indices that use one or more components of the biota to provide a measure
of the biological condition of a site. One of the advantages of biotic indices is that they formakse what
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any good biologist, familiar with local biota, knows about the biological condition of a stream and they
communicate biological condition 1o policy makers and concemed citizens, thus providing a
scientific basis for management decisions that affect aquatic resources (Fore ef al. 1996). Biolic
indices based on macroinveriebrate assemblages have proved to be useful measures of stream or
ecosystem “health™ and are widely applied today (Hellawell 1986, Rosenberg & Resh 1993), with many
countries beginning to rely on biological assessments as their primary measure of the ecological health
of surface waters (Gemitsen ef al 2000). Historically, wotic indices have often been calculated a
posterion from quantitative macroinvertebrate samphing (e.g. Chutter 1972, Hilsenhoff 1988). Labour
and time constraints associated with such quantitative sampling have prompted the development of
qualitative rapid bioassessment methods such as the BMWP system (Biological Monitoring Working
Party, eg. Wight 1985), the Australian SIGNAL biotic index (Stream Invenebrate Grade Number
Average Level, Chessman 1995) and SASS (South Afnican Scoring System, Chutter 1998). Not only do
these rapid bioassessment methods utilise simplified data interpretation methods via the generation of
biotic indices, but several also reduce the time needed to process samples, either by being field-based
(e g. SASS), by limiting the number or organisms identified (i.e. fixed-count method such as SIGNAL),
or by limiting taxonomic resolution to that of family or higher (e.g. SASS, SIGNAL).

Whilst there is still much debate about the potential loss of information that may occur when biotic
indices are used (Brown 1997), for exampie by omitting abundances from the index calculation for
SASS, they have been used to reveal the effects of many different anthropogenic impacts. Biotic
effects on riverine macroinvertebrate assemblages that have been effectively assessed using biotic
indices include the effects on receving water bodies of organic poliution (Cao ef al. 1997) via discharges
from sewage treatment works (e.g. Chessman 1994, Wight ef al 1995), wastewater discharges (e.g.
Chessman ef al 1997, Dickens & Graham 1998) and trout farm effluent (e.g. Loch ef al. 1996, Brown
1997), the effects of mixed diffuse runoff such as urban storm water runoff (e g. Chessman ef al 1997),
the effects of agnculture (e.g. Quinn ef al. 1997), afforestation (e.g. Quinn ef al. 1997, Rothrock ef al.
1998), metal poliution (e.g. Carlisle & Clements 1999) and expenmental insecticide treatments (Wallace
el al 1996).

In South Afnica, aquatic macroinvertebrates are one of the most commonly assessed components
of the Divia amd SASS b used as llw 1ouling fapged noassessiment 100l 10 assess water quality and
general condition of riverine ecosystems. It forms the backbone of the River Health Programme (RHP),
a national programme asmed al assessing the ecological state of aquatic ecosystems in South Africa
(Dallas 2000a, Dickens & Graham 2002). Brefly, SASS is a scoring system based on
macroinvertebrates, whereby each macroinveriebrate taxon is allocated a sensitivitylolerance
score according 1o the water quality conditions it is known to tolerate (Dallas ef a/. 1995, Dallas
1997). Data interpretation is based on two calculated values, namely SASS Score, which is the
sum of the sensitivitytolerance scores for taxa present at a site, and average score per laxon
(ASPT), which is the SASS Score divided by the number of taxa. SASS has proved 1o be an
efficient and effective means of assessing water quality impairment and general river health
(Dallas 1997, Chutter 1998).



Assessment of the effects of waler quaity

344 Community Comparison indices

Even when frequent, complete sampling of macroinvertebrates or other organisms is undertaken,
analysis of the data is problematical. A wide range of computer-based similarity and dissimilanty
indices, all intended to provide comparisons between sites or between sampling programmes, are
currently in use. They all have somewhat different mathematical properties and thus analyse
different properties of the ecosystems under consideration (Reynoldson & Metcalfe-Smith 1992).
Because of these differences, each of the programs may generate different results wnen applied
1o the same data set. For this reason, the objectives of the analysis, and type of data available,
must be carefully considered before community comparison indices are applied. The Bray-Curtis
index has been identified by Hruby (1987 cited by Reynoldson & Metcalfe-Smith 1992) as the most
valuable because of the following properties: "Species abundances are included; the index uses
transformed data, which increases the imponance of rare species, the index values are not
clumped; and there is a linear response 10 changes in specieés numbers and abundances” Boyle
et al. (1990) tested the sensitivity of this index, however, and found that it was relatively
insensitive at low levels of perturbation. Essentially, similarity indices compare community
assemblages at different sites and/or at different times. These methods are informative and less
reliant on sampling intensity, but require realistically comparable sites, sampling and analytical
methods, and taxonomic effort.

345 Reduced Assemblages

The users of reduced assemblages assume that useful information about the integrity of a biotic
community can be gleaned by examining a single well-known component of that community. In
terms of macroinvernebrates, commonly used groups include oligochaetes, chironomids and
trichopterans. Al three groups have been shown lo possess species with a wide vanety of
tolerance levels to different types of pollution. i.e. individual species within each group are vanably
tolerant of different types of pollution. By limiting the assessment to one group, the taxonomic
refinement within the group can be greater and individual research workers are able to use their
expert judgement in relation to the group with which they are most familiar.

346 Functional Feeding Groups (FFGs)

Macroinvertebrates can be classified into FFGs according to their feeding mechanisms. Common
FFGs include scrapers, grazers, collectors, shredders, predators and deposit feeders. In a natural
system, FFGs would occur in predictable proportions, determined by the natural longitudinal
changes that occur in food sources down the length of a river or stream. It is assumed that any
disturbance would disrupt this pattem. The method requires identification to species and a good
knowledge of the feeding mechanism of each species. Since this approach is based on nutrient
dynamics it can really be used to assess the effects of organic enrichment only (Metcalfe-Smith
1991). Furthermore, the information available on the FFGs of South African riverine organisms is
poor; there is also some doubt about the theoretical basis of studies of this kind. The topic is
reviewed in Palmer (1991).
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3.5 DATA INTERPRETATION AND ECOLOGICAL SIGNIFICANCE

Given thal the ultimate objective of bioassessment is to evaluate the effect of anthropogemnic
activities on biological resources, it is necessary 10 be able to identify those differences in the
biotic assemblage that stem from natural or intninsic heterogeneity and variability in the system,
and those that are caused by anthropogenic activities such as reduced water quality. This requires
an understanding of the natural or expected conditions, with respect to the component of the biota
or ecosystem being examined.

An understanding of what constitutes an “ecological significant effect” applies equally to toxicity
tests (particularly micro- and mesocosm studies and whole-effluent toxicity tests) and to biological
assessments. The ecological significance of a particular result depends on a number of factors,
including the magnitude, spatial and temporal extent, recovery or reversal of the event, and the
natural variability inherent in the measured endpoint (La Point & Waller 2000).

Tools for interpreting bioassessment data, such that an observed effect is in some way quantified, vary
from comparatively simple tables that provide values for different categones of impact (e.g. Chutter
1668) to complex predictive models, which relate environmental vanables 1o biotic communities (e g.
Wright 1995, Smith ef al 1999). Whatever level of complexity is adopted in data interpretation, 1 is
necessary 1o know the “expected” condition, either as an expected biotic index value or as an expecied
macroinveriebrate assemblage or both. This "expected”™ condition is referred 1o as the reference
condition. Bioassessment is generally applied within the context of ecological reference conditions,
which represent an expecied, realistic and scientifically-authentic ecological benchmark with which
teoassessment information is compared.

3.51 Ecological reference conditions

An ecological reference condition is the condition that is representative of a group of minimally-
disturbed or “least-impacted” sites organised by selected physical, chemical and wological
charactenstics (Reynoldson et al. 1997). Reference conditions enable the degree of degradation
or deviation from natural conditions o be ascentained, and thereby serve as a foundation for
developing biological criteria for the protection of aquatic ecosystems

A reference condition is usually derived from a suite of similar reference sites, termed a regional
reference condition, although single site-specific reference conditions are sometimes also used
Site-specific conditions are typically used in an upstream/downstream or "paired” scenario where a
monitornng site is compared to the condition at a single reference site, and are needed when there
are concems with specific point sources. A typical example of a "paired scenario” would be sites
upstream and downstream of the point of discharge from a waste-walter treatment plant.

Regional reference conditions are necessary because pristine sites, particularly in the lower

reaches of rivers, generally no longer exist, and near-pnstine sites are often scarce. Inferences
need to be made from minimally-disturbed sites 1o those impacted by human activity.  Approaches
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for deriving ecological reference conditions for riverine macroinvertebrates have been well
documented (Dallas 2000a, b; Dallas 2002a, b. Reynokdson & Wright 2000).

352 Interpreting bioassessment data using ecological reference conditions

Management action depends on the knowledge that a certain impact causes an aquatic assemblage or
ecosystem to respond in some way that is outside the natural range of vanation (Roux ef a/ 1999) and
the ultimate objective of any bicassessment programme is to facilitate the detection of disturbance at a
site as reflected by one or more components of the biota. Reference conditions facilitate this by
defining what is expected at a site and provide a means of comparnng observed condtions with
expected conditions. This is a complex task and one that requires careful consideration of factors that
may potentially affect data interpretation. Any reference condition is also likely 1o be a dynamic one,
changing as our ecological understanding of the system grows (Meyer 1997).

Guidelines or eocriteria for the interpretation of environmental conditions with respect o establshed
reference conditions have been formulated by several authors (e.g. Hughes 1995 Minns 1995) and, as
already mentioned, range from simple interpretative tables to more complex predictive models. Minns
(1995) proposed the following rule: “If any ecosystem s o retain the inherent capacity to retum to its
onginal state given the removal of all human alterations and stresses, any degree of change greater
than 50% relative 1o the onginal state, is unlikely 10 be tolerated”. Similardy, Hughes (1995) suggests
that: (1) 90% of the reference condition is still high quality and perhaps within the range of natural and
measurable vanability, (2) 75% of the reference condition s still acceptable, (3) 50% - 75% of the
reference condition could be considered marginal, and (4) less than 50% of the reference condiion is
unacceptable. These ranges are not based on actual data. but some sliding of this kind is no doubt a
fair reflection of reality; the extent to which the percentages proposed by Hughes (1995) reflect the
degree of impawment is a moot point.

In predictive modeling systems such as RIVPACS (Wiight ef al 1993, Winght 1985) and AusRIvAS
(Furse 2000, Simpson & Nomis 2000), the use of "biological banding” systems with different bands
representing different biological conditions, serves to simplify data interpretation and to axd management
decisions (e.g dallas 2002a, b). The seventy of any environmental impact is assessed based on
how much the observed (O) parameter deviates from the expected (E), i.e. reference condition
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CHAPTER4: TEMPERATURE

SUMMARY

The thermal charactenistics of running waters are dependent on vanous hydrological, chmatic and
structural features of the region, calchment area and river. Running waters in regions of seasonal
chmates exhibit dally and seasonal temperature palftemns, in addition to longitudinal changes along
a river cowse, Al organisms have a temperature or range of temperatwes at which optimal
growth, reproduction and general fitness occur. Changing water temperalure may expose aquatic
organisms to potentially lethal or sublethal conditions. Anthropogenic causes of temperalure
changes in niver systems include those resulting from thermal pollution, stream regulation and
changes in riparian vegetation. An increase in water temperature decreases oxygen solubiity and
may also increase the toxicity of certain chemicals, both which result in increased stress in the
associafed organisms. Many life cycle characteristics of aquatic organisms are cued Info
temperature, iLe. temperature is the cue for migration, breeding, emergence, etc. Temperature
changes affect metabolic processes and life cycle patterns by alering reproductive periods, rales
of development and emergence times of aquatic organisms. Differences in temperature tolerance
amongst the biota, and regional and seasonal tempevature differences, should be considered when
estabishing guidelines for the management of water temperature in rivers.

41 INTRODUCTION

Natural thermal characteristics of running waters are dependent on hydrological, climatological
and structural features of the region and calchment area (Table 4.1). Hydrologically, factors such
as the source of water (snow melt, surface runoff, lake outlet, etc), the relative contribution of
ground water, and the rate of flow or discharge, will influence the temperature rygime (Ward
1985). The lattude and altitude of the river, as well as climatic factors such as air temperature,
cloud cover, wind speed, vapour pressure and precipitation events, all influence the thermal
conditions in rivers  For example, Appleton (1976) recorded large, nearly instantaneous
depressions of stream temperatures caused by summer haillstorms in an eastern Transvaal stream
in South Africa. Structural characteristics of the river and catchment area, including topographic
features, vegetation cover, channel form, water volume, depth and turbidity, affect the amount of
solar radiation reaching and healing the water, and thus its thermal regime. The high specific heat
of water results in an extremely high capacity for heat absorption and extremely slow release of
heat and thus contributes to thermal stabilty, which in tum has important consequences for
aquatic species (Reid & Wood 1976).

Temporally, running waters in regions of seasonal climates exhibit daily and annual temperature
penodicity, in addition to longitudinal changes along a river course. The minimum and maximum
temperatures, and temperature ranges, vary depending on the factors mentioned above. Except
for birds and mammals, all organisms associated with fresh water are poikilothermic: in other
words, they are unable to control their body temperatures, which are therefore the same as that of
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the ambient water. These animals and plants are very susceptible to changes in water
temperature since a 10°C increase results in a doubling of the organism's metabolic rate (Hellawell
1986). Many organisms are adapted so thal seasonal changes in temperature act as cues for the
timing of migration, spawning or emergence. For each species there is a temperature at which
optimal growth, reproduction and general fitness occur, as well as a range in which normal
activities can continue. The maximum and minimum points on this range are the lethal limits.

Changes in water temperalure that are unrelated to natural vanations may have an effect at the
organism, species and/or community level. Sudden temperature changes, even if relatively small,
may have a significant effect, i.e. the rate of change, as well as the absolute new value, may be
important. Howells (1983, p.11) summarized all the possible effects a temperalure change may
have.
“Al the organism level, excessive temperature may in the extreme result in death, but at lower ranges
may influence movement, behaviour, the onset or maintenance of sexual maturity, life stage
development, and growth and size At the species level effects manifest as adaptation or genetic
selection, whilst in communities. temperature may influence intra-specific selection, predator-prey
interactions, or other intra-specific interactions. Hence it is to be concluded that ecological effects might
include changes in population abundance, and diversty, in addition to standing crop and productivity *

Table 4.1 Major factors affecting the thermal regime of rivers.

FEATURE FACTOR

Source of water (snow melt, surface runoff, lake outlet)

Hydrological Groundwater contribution

Flow rate and discharge

Latitude and altitude of the river

Air temperature

Cloud cover

Chimat wcal
— Wind speed

Vapour pressure

Precipitation events

Catchment and river topography

Vegetation cover

Structural Channel form

Water volume, depth

Turbidity
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42 ANTHROPOGENIC CAUSES OF WATER TEMPERATURE CHANGE

A change in water temperature may be either an increase or decrease, although it is more often
increases that occur as a result of anthropogenic activity and thal are therefore better documented
in the Iterature.

421 Thermal pollution

The introduction of heated effluent (including heated industrial discharge, heated cooling waters
from power stations and retuming irrigation walters) into a natural water body results in thermal
pollution.

4211 Heated power station discharges

The effect of heated effluent discharged from power stations on aqualic ecosystems is vanable
and. 10 some extenl, dependent on season (Wellborn & Robinson 1996) and on the degree to
which the heated effluent mixes with the receiving water (Mann 1965). Several studies have
reported a deleterious effect on aquatic biotas (e.g. Mann 1965 Wellborn & Robinson 1996)
Mann (1965) concluded thal the citical aspect of heated discharges was related 10 the pattern of
discharge. The most deleterious effect occurred when a surface layer of heated water covered the
whole river, as this "concentrated” the temperatlure increase and prevented organisms that
perniodically surface from doing so comfortably. Other potential patterns included a narrow band of
hot water on top of a cold layer (a common pattern in fast-flowing narrow streams) and the
complete horizontal mixing of the discharge water with the river water, which would normally result
in an overall temperature increase of only a few degrees and hence in a lesser impact.

4212 Heated industrial discharges

Heated indusinal discharges are frequently linked to other forms of pollution (e.g. chemical
pollution). No published studies have isolated the effect of the temperature changes per se
although presumaply the effects of eievaled iemperaivie woukd De swsiar (o those of powei-
station discharges. The toxicity of the associated chemicals may be significantly increased when
released in association with elevated temperatures (Duffus 1980, Forstner & Wittmann 1981)

4213 Returning irrigation water

Stream temperatures may increase by 10 1o 20°C as a result of irrigation practices and the retum
of agricultural drainage (Eldndge 1960 cited by McKee & Wolf 1963). No specific published
studies on the consequences for stream biotas were found during this Iiterature survey,
presumably because returned irrigation water is not a ‘point’ source and thus the effects are
difficult to isolate.
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422 Stream regulation

The extent to which an upstream impoundment modifies downstream thermal conditions depends
on operational vanables (release depth, discharge pattern), limnological vanables (retention times,
stratification pattern and thermal gradients), and the position of the impoundment along the
longitudinal profile of the river (Ward & Stanford 1982). Deep-release dams typically result in
summer-cool and winter-warm downstream conditions (Pitchford & Visser 1975). Nowadays,
engineers and associated developers responsible for the construction of water storage reservoirs
are aware of the importance of maintaining the natural temperature regime below an
impoundment, and often make provision for this by designing structures and management regimes
that facilitate the ecologically sensible release of water (e.g. multi-level outflows that mimic natural
changes in discharge). Many small farm dams (< 250 000 m’) constructed on small tnbutanes do
not have any of the above control measures and potential temperature impacts may be significant,
particularly since they are small and thus heat up rapidly and do not stratify.

423 Changes in riparian vegetation

On removing riparian vegetation that provides shading 10 a river, water is exposed 10 increased
direct solar radiation, which leads to higher temperatures and greater temperature ranges and
fluctuations. Graynorth (1979) compared the thermal charactenstics of a stream flowing through
undisturbed evergreen beech forest (South Island, New Zealand) with one whose banks had been
clear-felled. The latter was cooler in winter (mean = 1.5°C), warmer in summer (mean = 6.5°C)
and had greater temperature fluctuations (mean = 94°C). Canopy-like riparian vegetation is
generally more abundant in the upper and more sensitive reaches, where streams are smaller and
more likely 1o expenence significant temperature changes if the vegetation is removed.

Riparian vegetation affects stream temperature in three ways (Rutherford ef al. 1997). It adsorbs
some of the incoming radiation (mostly on cloudless days), it emits long-wave radiation (mostly on
cloudless nights), some of which reaches the stream, and it creates a microclimate (e.g. air
temperature, humidity and wind speed), which in tum affects evaporation, conduction, ground
lemperature and water temperature (Rutherford ef al 1997). Using an estimated maximum
thermal tolerance temperature based on local studies (Quinn ef al. 1994, Quinn & Hickey 1990,
Richardson ef al. 1994) Rutherford ef al (1997) developed a stream water temperature model
(STREAMLINE) for New Zealand headwater streams aimed al predicting the level of shade
required 1o maintain daily maximum water temperature close below the estimated thermal
tolerance level. Their study indicated that moderate shade levels of 70% cover may be sufficient
to restore the temperature of headwater pasture streams to 20°C, an estimate of the thermal
tolerance for sensitive macroinveriebrates (Rutherford ef al. 1997).

424 Inter-basin water transfers

The transfer of water into cool headwater streams from warmer lower reaches may have effects on
riverine biota. For example, the transfer of water from Theewaterskloof Reservoir, in the
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Riviersonderend catchment of the south-western Cape, South Africa, into the cooler upper Berg
River altered the biotic communities of the receiving stream (Snaddon & Davies 1998).

425 Global warming

The major anthropogenic contributions to global warming include the combustion of fossil fuels and
biomass, nuclear fission, the buming of forests, and human and animal wastes (NWQMS 2000). In a
study aimed at ssmulating the effects of global warming on stream invertebrates, Hogg ef al (1995)
found that increased temperatures resulted in significantly lower densities of macroinvertetrates and
altered growth of two species.

43 EFFECTS OF TEMPERATURE CHANGES ON WATER QUALITY

431 Dissolved oxygen
Higher temperatures reduce the solubility of dissolved oxygen in water, decreasing its

concentration and thus its availability to aquatic organisms. If the organic loading is high, oxygen
depletion is further accelerated by grealer microbial activity at the higher temperature.

432 Chemical toxicity

The toxicity of many substances (e.g. cyanide, zinc, phenol. xylene), and the vulnerability of
organisms to these toxins, is intensified as temperature increases (Duffus 1980)

433 Sewage fungus
Higher temperatures favour the growth of sewage fungus and the rate of putrification of sludge

deposits. This reduces the environmental quality of the water as well as affecting its sutability as
dnnking water and aesthetic values for recreation

44 EFFECTS OF TEMPERATURE CHANGES ON AQUATIC BIOTA
All organisms have a range of temperatures al which optimal growth, reproduction and general fitness

occur Several studies have documented physiological effects on individual organisms, modifications to
Iife cycle stages and effects on communities.

441 Physiological effects

Elevated lemperatures increase metabolic rate, including respiration and thus oxygen demand, of
aquatic organisms (respiration approximately doubles for a 10°C rise in temperature) (McKee &
Wolf 1863) Oxygen demand is therefore increased at the same time that supply decreases
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442 Modifications to life cycle stages

Many life cycle characteristics of aquatic organisms are cued into temperature. False temperature
cues caused by modified temperature regimes may affect the timing of life history stages such as
reproductive periods, rates of development and emergence times, and thus interfering with normal
development.

An example might be the accelerated development and early emergence of insects into an
environment unsuited to their existence (lack of food, ambient air temperature too low for
emerging adults to survive, etc) Peak emergence of adult insects from an expenmental stream
with an elevated temperature (=10°C) was advanced by one to four weeks in four chironomid
(midge) groups, and one damselfly species (Nordlie & Arthur 1981). The reproductive periods of
one snail and one isopod species stanted 2-3 months earlier in the heated channel. A water
temperature increase of ~6°C (Langford & Daffern 1975), however, did not affect the emergence
of insects in the River Sevemn, England. Aston (1973 cited by Howells 1983) noted an increase in
oligochaete (Limnodrilus hoffmeisteri, Tubifex tubifex) numbers downstream of power station
discharges, and when investigated experimentally, egg production was shown to increase as
temperature increased, until a maximum of 25°C had been reached.

Arthur ef al. (1982) sampled the macroinvertebrate communities established in two outdoor
experimental stream channels: one a control, maintained at ambient temperature, and one
maintained at ~10°C higher than the control. They noled that peak macroinvertebrate density in
the heated channel riffles occurred 3 to 4 weeks before that in the ambient channel. There was a
seasonal alteration in peak faunal densities: greatest in winter and early spring in the heated
channel, and greatest in summer in the control channel. Wrenn ef al. (1979 cited by Nordlie &
Arthur 1981) found an increased potential for additional generations of Caenis mayflies in
channels with water temperatures elevated 4-6°C above ambient.

443 Effects on communities

Changes in water temperature may lead to changes in the abundance, diversity and composition
of aquatic communities. As stenothermal species (organisms adapted 10 a very narmrow range of
temperatures) disappear from heated waters, heat-tolerant species increase in number and
replace the onginal species in the ecosystem (Reid & Wood 1976). Studies in Texas (Wellborn &
Robinson 1996) and Pennsylvania (Coutant 1962 cited by Mann 1965) showed a reduction in
macroinvertebrate abundance and diversity following an average increase of 7.2°C. Effects were
most pronounced in summer when temperatures of 40-42°C eliminated macroinvertebrates
(Wellborn & Robinson 1996). Summer mortality in Pennsylvania occurred at 32-35°C and was
confined to the side of the river where the heated effluent was concentrated. Wellborn & Robinson
(1996) also noted a large bloom of blue-green algae during summer. Mann (1965) determined the
changes that occurred below the Earley power station on the river Thames following a temperature
increase of 10-12°C. He noted a change in the abundance of cerain groups: flatworms
(Platyhelminthes: Turbellaria), leeches (Annelida: Hirudinea), shrimps (Crustacea) and snails
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(Mollusca: Gastropoda) decreased in number, whilst worms (Oligochaeta), mussels (Mollusca
Bivalvia) and encrusting organisms increased.

Howells (1983) reviewed various studies of temperature effects on aquatic organisms, but decided
that they were not conclusive. As with many perturbations, it is the extent and characternistics of
the particular perturbation that determine its effect.

45 ASSESSMENT OF TEMPERATURE EFFECTS ON AQUATIC BIOTA

The effects of temperature changes may be assessed in terms of an organism’s lethal imit s
(minimum and maximum), sublethal effects or behavioural avoidance preferences.

451 Lethal effects

Lethal effects are normally determined by acute (short-term) experimental exposure to a range of
temperatures in order 10 measure LC.'s. LCy's enable thermal tolerance levels 1o be established,
and these may in tum provide input into predictive models such as STREAMLINE (Rutherford et
al. 1997). Quinn et al. (1994) found that the lethal temperature (96-h LCy) for a selection of New
Zealand macroinvertebrates varied from 22.6 = 0.9 (Deleatidium spp., the most sensitive species
tested) to 32.5 £ 2.5 (Potamopyrgus antipodarum, Pycnocentrodes aweola, and Hydova spp.. the
three least sensitive species tested). When diumally varying temperatures were used instead of
constant temperatures, LTs was 10% lower than ..l T« (Cox & Rutherford 2000a). Based on a
combination of laboratory studies and field observations, thermal tolerance levels may be
eslablished. These are likely 1o be region- and reach-specific. Tolerances levels of indigenous
New Zealand fish suggest that they have slightly higher thermal tolerances than the
macroinvenebrates have (Richardson ef al. 1994). Monrality in fish from acute exposure 10
elevated temperatures is basically the result of metabolic malfunctions (including fluid-electrolyte
imbalance, alterations in gaseous exchange and osmoregulation, hypoxia of the central nervous
system and inactivation of enzyme systems) (Cherry & Cairns 1982).

452 Suplethai effecis

Sublethal effects include effects on growth, reproduction, survival of fry and egg hatchability, as
well as sublethal physiological and community/population effects. Brungs (1971a), using 12-
month exposure experiments of Pimephales promelas (fathead minnow) to temperatures =10'C
higher than ambient, concluded that effects on reproduction (number of eggs per female, number
of eggs per spawning, number of spawnings per female) were more sensitive than were growth,
survival and egg hatchability.

453 Behavioural preferences and avoidance

Cherry & Caims (1982) reviewed methods for assessing temperature changes with respect to
behaviour in fish. Essentially, this technique involves the establishment of a temperature gradient
that is then used to evaluate the temperatures preferred or avoided by various organisms. This
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method facilitates the determination of the effects of gradual temperature changes on aguatic
organisms. For spawning and hatching of fish eggs, much lower temperatures are required: for
instance, trout eggs do not hatch at temperatures over 14.4°C (Southgate 1951 cited by McKee &
Wolf 1963). TLy values are important to know, but in order to maintain a system in as natural a
state as possible, it is necessary to know the optimal or preferred temperatures of the aguatic
organisms. Gradual changes in temperature can result in the subsequent gradual alteration of
species composition (particularly of fish) if their optimal ranges are exceeded, either negatively or
positively.

46 CURRENT STANDARDS IN SOUTH AFRICA

It is clear that a change in temperature may have an effect on aquatic organisms, but that the
extent and timing of the change will dictate the seriousness of the effect. Slight temperature
changes, if maintained for a period of time, could lead to alteration of community compaosition, as
a result of the differential optimal temperatures of the respective organisms. Acute, radical
temperature shifts can lead to monality of organisms by exposing them o temperatures outside
their lethal limits.

Establishing suitable temperature criteria is difficult in view of the differences in temperature
tolerances amongst the biota and, because of spatial differences in temperature, no single
temperature would be suitable for all seasons, all parnts of a country, all river zones or all species.
Predicting the effects of time-varying temperatures on stream invertebrate mortality has recently
been investigated for two invertebrate species in New Zealand (Cox & Rutherford 2000b).

In South Africa, the norms for assessing the effects of waler temperature on aquatic ecosystems
include the measurement of the acute and chronic physiological effects on aquatic organisms, and
the effects of changes from “natural” site-specific temperature regimes which result in changes 1o
ecosystem structure and functioning (DWAF 1996). Walter quality guidelines for aquatic
ecosystems in South Africa, therefore, specify a target water quality range (TWQR) whereby water
temperature should not be allowed 1o vary from the background daily average water temperature
considered to be normal for that specific site and time of day, by > 2°C, or by > 10%, whichever
estimate is the more conservative (DWAF 1996, but also see Dallas ef al 1998).
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CHAPTER 5: TURBIDITY AND SUSPENDED SOLIDS

SUMMARY

The immediate visual effect of a change in turbidity is a change in water clanty. An ncrease in
turbidity or suspended solids affects light penetration, which may have far-réaching consequences
for aquatic biotas. The natural seasonal varnations in nvers often inciude changes in tubidity, the
extent of which is governed by the basic hydrology and geomorphology of the particular region.
Erosion of land surfaces in calchment areas by wind and rain is a continuous and historically
natwal process. Land-use practices such as overgrazing, non-contow ploughing and removal of
riparian vegetation accelerate this erosion, however, and result in increased quantities of
suspended solids in associated rivers. Increases in turbidity can, and often do, result from other
anthvopogenic processes, such as release of domestic sewage, industrial discharge (inciuding
mining, dredging, pulp and paper manufacturing) and physical perturbations such as road and
bridge construction, dam construction, road use and reservoir management. If turbidity increases
resulting from human inputs are as infrequent as natural flooding is, the stream community may
tolerate them. Continuous high-level inputs, on the other hand, may have very serous
consequences for the riverine biota. As light penetration is reduced, primary production decreases
and food availability to organisms higher in the food chain is diminished. Suspensoids that settle
out may smother and abrade riverine plants and animals. Community composition may change,
depending on which organisms are best able to cope with this alteration in habital. Predator-prey
interactions are affected by the impakment of visually-hunting predators. Nutnents, trace metals,
biocides and other toxins adsord to suspended solds and are lransported in this form Few
studies on turbidity effects have been conducted in South Africa, primarily because turbid nvers are
fairty common in this country and are thus not considered to be problematic.

5.1 INTRODUCTION

Turbidity is the water quality characteristic most obvious to the casual observer. Its immediate
visual effect 1s 10 decrease the clarity of water. This factor, together with water colour, leads to
impeded hight penetration, an effect that may have far-reaching ecological consequences. The
major components and properies affecting light penetration of natural waters, modified from
Gippel (1989), are tabulated in Table 5.1.

The American Public Health Association (1989) defines turbidity as an expression of the optical
property that causes light to be scatlered and absorbed rather than transmitted in straight lines
through the sample. Suspended matter such as clay, silt, finely divided organic and inorganic
matter, plankton and other microscopic organisms causes the scattering of light, whilst the
absorption of light is caused by soluble coloured organic compounds.
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Table 5.1  The major components and properties affecting light penetration in natural
waters (modified from Gippel 1989).

Major components Properties affectinag light
of stream loads Examples penetration

Some organic acids give water a
yellow-brown colouration: affect

Dissolved organic Fulvic acid, humic acid, ligno-

matter sulphonic acid, tannic acid lour of waler
Dissolved inorganic ; Concentrations are usually too low
matter lonic forms of minerals to affect light penetration: no effect

Variations in colour, shape, size,

Suspended organic  |Pollen, micro-organisms, seeds and f 00 and refraciive indesc

matter other fine o coarse particles

affect turbidity of water
: Products of weathenng (e.g. kaolinite, |Variations in colour, shape, size,
i‘::;m inoranic quartz, illite, smectite, mica) and fluorescence and refractive index:
speciation (eg. hydroxides) affect turbidity of water

Kirk (1985). however, defines turbidity as the extent to which the water appears 1o interfere with
the straight-line transmission of light, i.e. the effect of the presence of suspended paricles
(suspensoids); thus the dissolved component (responsible for water colour and hence absorption
of hght) is not considered. Operationally, it is convenient to define suspended solids as that
fraction in the water that is removed by 0.22 ym- (or perhaps 0.45 ym-) pore-size filter. By this
definition, plankton would be considered as a fraction of suspended solids. It is the concentration
of inanimate particles (the “tripton” fraction of limnologists), predominantly inorganic in nature and
derived from soils in the catchment, that dominates in African and Australian waters and thus
distinguishes them from turbid walters in the northemn hemisphere, where turbidity is usually caused
by organic suspended solids (Kirk 1985). For this reason, “turbidity” in the southern hemisphere is
generally considered to be equivalent to some measure of the concentration of suspended solids.
Suspended solids that are either washed in during rainfall events or are brought into suspension
from the bottomn sediments of nvers during spates seasonally inundate turbid rivers. As flow
decreases, so these larger suspended solids settle out. The rate of settlement is dependent on
particle size and the hydrodynamics of the water body. The lrue suspensoids, however, remain in
suspension even in low or zero flow conditions (i.e. they are the < 0.45 pm size fraction).

5.2 MEASURING LIGHT PENETRATION AND TURBIDITY

Light penetration is normally measured either in situ by visual observation or using a light probe, or
in vifro using a spectrophotometer or turbidimeter. An old, but still very much utilized and valuable
method of measuring hight penetration (i.e. transparency), is the use of the Secchi disc, a simple
disc 100mm in diameter, with alternating quadrats painted black and white. The disc is lowered
into the water body and the depth at which it disappears is noted. This is approximately the depth
to which 5 percent of the sunlight penetrates.
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The more common of the other two methods is the nephelometric method, which is based on a
comparison of the intensity of light scattered by the sample under defined conditions, with the
intensity of Wght scattered by a standard reference suspension under the same conditions
(American Public Health Association 1988). The higher the intensity of scattered light, the higher
the turbidity. Originally the units of turbidity were expressed as pars per million of suspended
solids, but because of variation amongst different kinds of solid particles this method has been
replaced by one that relates to the optical property of the medium. Turbidity values are now
expressed in Nephelometric Turbidity Units (NTUs). A colorimeter that has been calibrated using
formazine may be used most successfully as a turbidimeter in pollution studies. Light penetration
through a water sample is measured thereby permitting the calculation of the NTU value.
Phytoplankton biologists are interested in the amount of light reaching individual phytoplankton
cells, and hence in the effects of suspended solids on the underwater light regime. For this
reason, a number of probes are now available for determining the relationship between, for
instance, incident and refracted light within the water column. The values obtained by these
probes are directly related to the turbidity of the water and are indeed sometimes used as a
measure of turbidity. The exact relationship between these values and NTUs are poorly known,
however. For this reason, and because NTU values are already widely available for many rivers,
it is recommended that direct measurement of turbidity as NTUS is continued for pollution studies.

Suspended solids may be measured by mass, as well as by methods that rely on the optical
properties they confer on water (i.e. the methods mentioned above). The total suspended solids
(TSS) concentration of a water sample is measured gravimetrically and expressed as mg | A
measured volume of water is filtered through pre-weighed, pre-dried filter paper (0.45 ,m pore
size), which is dried at 60°C for 48 hours and then re-weighed.

521 Relationship between turbidity and suspended solids

The optical changes resulting from the addition of particles to water will vary depending on the size
and size distribution of those particles; thus measures of turbidity and TSS are not necessarily
strongly correlated. From examination of studies on man-made lakes in which turbidity and
suspended solids have been measured (Walmsley & Bulty 1980), #® appears that in at ieast some
parts of South Africa, 1 mg |'' is very roughly equivalent to 1 NTU. It is not known if this holds for
rivers during base flow, and during periods of increased runoff such a relationship is unlikely to
hold. Lioyd et al (1987) defined a relationship for Alaskan streams whereby turbidity could be used
to estimate the concentration of suspended solids. Many investigators caution that relationstips
between turbidity and suspended sediment concentration are useful only for specific drainages for
which they were developed because relationships differ between drainages due to particular
sediment characteristics. Lloyd ef al (1987) however, suggest that measurements of turbidity can
be used to identify threshold levels of suspended sediment concentrations for a broad range of
watersheds.

Gippel (1989) tested the relationship between turbidity and suspended solids to determine if one
could use a turbidimeter for accurate monitoring of suspended solid concentrations continuously
during runoff events. He noted that there was not always a linear relationship between the
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turbidity measurements and suspended solid concentrations, that the variance was high, and that
this relationship was often site-specific since the amount and size of the suspended solids varied
from site to site. He concluded, however, that by calibrating with careful consideration of site-
specific characteristics, turbidimeters could provide the oppornunity for greater understanding of
sediment dynamics in storms. For some studies the determination of the concentration of
suspended solids is extremely useful, but it is important to bear in mind that increased sediment
loads are not necessarily linearly related to increased turbidity, particularly during storm events.

53 POTENTIAL SOURCES OF INCREASED TURBIDITY AND SUSPENDED
SOLIDS

The natural seasonal variations in rivers often result in changes in turbidity (Hamson & Elsworth
1958), the extent of which is governed by the basic hydrology (e.g. flow regime, rainfall) and
geomorphology (e.g. weathering, aspect of slopes) of the panticular region. Studies in the Murray-
Darling river system of Australia have shown the influence of these natural factors on particular
sections of the rivers (Shafron ef al. 1990). The supply of sediment from the two main sources,
namely channel Sources and catchment sources, has been comprehensively summarnsed by
Wood & Armitage (1997).

Channel sources of suspensoids are strongly related to stream discharge and the stability of the
channel-bed and banks. Channel sources include 1) river banks subject to erosion during penods
of high discharge: 2) mid-channel and point bars subject to erosion; 3) fine bed matenal stored
within the interstices; 4) natural backwaters where sedimemt accumulates during base flow
conditions; 5) fine particles trapped within aquatic macrophyte stands, and 6) organic particles
including phytoplankton and zooplankton. Catchment sources, in conlrast, may be highly varnable
depending on its mode of production and transport into the stream. Catchment sources of fine
sediment supplied to a stream include 1) exposed soils subject to erosion; 2) landshides and other
mass failures within the catchment; 3) urban areas, 4) anthropogenic activities; 5) litter fall; and 6)
atmosphernic deposition, due to aeolian processes and precipiation.

Erosion of land surfaces by wind and rain is a continuous and historically natural process. Humans
can increase the mobilisation of large volumes of sediment into streams and rivers by activities
such as agriculture (Richards ef al 1993) (e.g. land use practices such as removal of rnpanan
vegetation, overgrazing, non-contour ploughing). forestry operations (Scrivener & Brownlee 1989),
physical perturbations such as road and bridge construction (Barton 1977, Chisholm & Downs
1978, Homer & Welch 1982, Ogbeibu & Victor 1989, Taylor & Roff 1986), dam construction
(Chessman ef al. 1987, Blyth 1986), road use (Smith & Kaster 1983) and reservoir management
(Gray & Ward 1982a, b). Anthropogenic processes include the release of domestic sewage and
industrial discharges from mining, dredging, pulp and paper manufacturing and china-clay
industries. Channel sources of sediment are largely linked to channel incision, which is often
caused by increased runoff in the catchment after clearing (Boulton & Brock 1999).

In South Africa, all rivers, excluding some in the Natal foothills of the Drakensberg and in the
south-western Cape, become highly turbid and laden with suspended solids during the rainy
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season (Chutter 1969). Britton ef al. (1992) showed that even in south-western Cape nvers, the
loads of suspended solids increase during storm events. The Orange River cames an enornmous
sediment load eroded from the mountains and foothills of Lesotho, the rich farmiands of the
eastern Orange Free State, the northemn Cape and the Kalahari dune-field (Davies & Day 1998).
Prior 1o construction of two major dams, the Gariep (formerly H.F Vervoed) and Vanderkloot
(formerly P. K. Le Roux), on the Orange River, this sediment load was carried to the river mouth,
but now it becomes trapped in the dams, at great economic cost.

54 EFFECTS OF INCREASED TURBIDITY ON AQUATIC ORGANISMS

The effects of elevated turbidity and deposition of fine sediments have been widely documented.
The main effects are on primary production and biotic abundance and diversity. The extent of
impac! is also somewhat dependent on 1he type and duration of inpul. Specifically, if lurbidity
increases resulting from human input are as infrequent as natural flooding, the stream community
may lolerate them (e.g. Cooper 1988). Continuous high-level inputs often associated with
agriculture and surface mining activity (Wood & Armitage 1997), on the other hand, may have
very senous consequences for the riverine biota and may lead 10 a complete change in the natural
faunal assemblage.

541 Primary production

In turbid waters light penetration is reduced (Kirk 1985), leading to a decrease in the rate of
photosynthesis and therefore of primary productivity within the stream. The decrease in primary
production reduces food availability for aquatic organisms higher up the food chain. Turbidity
levels as low a1 5 NTU can decrease primary production in New Zealand streams by 3 -13% (Ryan
1991). Since primary producers such as periphyton and macrophytes form the base of the food
chain, any deleterious impacts will probably also be manifested in the invernlebrate and fish
communities (Wood & Armitage 1997).

542 Benthic invertebrates

The magnitude of the increase in turbidity and the tolerance levels of individual organisms are
determinants of the resulting effects on community Structure. Increased turbidity and deposation of
fine sediment may affect benthic invertebrates in four ways (Wood & Armitage 1997): 1) by altering
substrate composition and changing the suitability of the substrate for some taxa; 2) by increasing dnft
due to sediment deposition or substrate instability; 3) by affecting respiration due to deposition of silt on
respiratory structures; and 4) by affecting feeding activities by impeding filter feeding, reducing the food
value of the penphyton and reducing the density of prey items. Temperature-sensitive species may
also be affected since increased turbidity often results in a reduction in water temperature as more heat
is reflected from the surface and less absorbed by the water.

Hellawell (1986), in a review of physical disturbances on stream communities, summarized the
effects as follows:
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“Certain recurrent features will have been noted with respect to the effects of deposition of solids on the
benthos These include the lowering of benthic community diversity through the disappearance of
marked reduction in biomass and numbers of certain sensitive species, often those requinng ‘open
eroded substrata for attachment or feeding (especially filter feeders) The replacement fauna consists of
burrowing forms, typical of soft, depositing substrates, provided that the deposits are neither excessive
in their rates of accumulation or completely sterile and devoid of nutriment. Almost invanably the
dominant organisms are chironomid larvae, specifically Chironominae (Angradi 1999), and oligochaete
worms and whenever the deposits are also organically enriched then these groups may become
extremely abundant”

As suspended solids settle out they may smother or abrade benthic fauna, particularly if this
“settling out® occurs in a biotope such as a stones-in-current (riffle) area, where organisms are
generally not tolerant of these deposits. Harrison & Farina (1965 cited by Chutter 1969) observed
egg-laying and development of three species of planorbid snails, and noted that two of these,
Biomphalaria pfeifferi and Bulinus globulus, were severely and adversely affected by suspended
material. Wu (1931 cited by Chutter 1969) noted that simuliid larvae and certain mayflies
(Pseudocloeon vinosurn) do nol 1olerate silty surfaces. If one examines the anatomy of most of
these organisms, it is easy o understand why suspended and settled material would interfere with

their respiratory and feeding apparatuses.

Increased levels of turbidity have been shown 1o increase drift (i.e. the rate at which organisms
move by floating downstream), which in turm leads to a decrease in the density of benthic
organisms (Ryder 1989 cited by Ryan 1991) Studies have shown that benthic invertebrate
assemblages often decline in abundance and taxa diversily in response 1o sediment deposition
(e.g. Campbell & Doeg 1989, Davies & Nelson 1994), although Chessmann ef al (1987)
concluded that low levels of sediment deposition did not seriously affect invertebrate populations,
even though a decline in some trichopterans was noted. Rosenberg & Wiens (1978)
expenmentally increased sediment load to the Harris River (Australia) and showed that it led to an
increase in invertebrate drift. They could not correlate the actual response 10 the sediment level,
suggesting that some threshold value may be involved.

A recent study examined the response of benthic stream invertebrates in the USA to surficially
deposited fine sediment (Zweig & Rabeni 2001), specifically the response of biomonitoring metrics
1o sediment deposition. The authors showed that the density of invertebrates was significantly
correlated with the quantity of sediments deposited, densities decreasing substantially before 30%
of the substratum had been covered, as estimated both visually and by measuring embeddedness
Of significance is the absence of a relationship between measures of deposited sediments and
tbwotic indices (Angradi 1999, Zweig & Rabeni 2001), prompting the development of a Deposited
Sediment Biotic Index (DSBI, Zweig & Rabeni 2001), which is specifically aimed at assessing the
effect of deposited sediment on benthic invertebrates.

543 Fish

Wood & Armitage (1997) summarised ways in which fish are adversely affected by elevated
turbidity and suspended sediment concentrations. They are: 1) physiological effects on the fish
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such as impairment of gill function or reduced resistance to disease; 2) reduction in the suitability
of spawning habitat and hindering of the development of eggs, larvae and juveniles; 3)
modification of migration patterns, 4) reduction in food availability through decreased pnmary
production and habitat loss, and 5) interference with hunting efficiency of fish, particularly in the
case of visually hunting predators.

The effects of suspended solids on fish include impairment of gill function and reduced foraging
efficency and growth, but also include increased protection from avian and piscine predators
(Bruton 1985). Fish populations have exhibited stress due to the presence of silt particles, coupled
with low dissolved oxygen levels induced by the sit. Sublethal levels of suspended solids resulted
in an increase in oxygen consumption by fish due to an increase in metabolic rate associated with
increased activity and stress (du Preez ef al 1996).

Suspensoids that settie out may transform in-stream habitat such as cobble or gravel beds, by filling in
the intersttial spaces. Notable is the sitation of fish spawning areas (Doeg & Koehn 1994, Petticrew
1996 cited by Ashmore ef al 2000), in particular the spawning areas of substrate spawners (Muncy ef al
1979 cited by Henley ef a/ 2000). Deposited suspensoids that decrease available spawning habitats
lead to a reduction in spawning activity and increased egg and larval morality (Ryan 1991)

Turbidity affects the food-searching ability of visually-hunting predators (Bruton 1985), which may
lead to changes in species assemblages (Lloyd ef al. 1987, Scholtz ef al. 1988).

Quinn et al. (1991) investigated the effect of inert suspended sediments on the river ecosystems of
six shallow, West Coast streams in South Island, New Zealand. The primary source of turbidity
(average increase of 7 - 150 NTU) was mining. Discharge of fine sediment typically reduced hight
penetration and algal abundance, leading to a 55-80% drop in invertebrate abundance below the
mines. The impact of the mines increased with the increase in turbidity and appeared to be very
strongly correlated with the reduction in algal content of the inorganic material on stones. Fish
responses varied: some were nolably negatively affected whilst others appeared 10 prefer turbid
reaches, presumably because of the increased protection afforded them from predators

544 Adsorption

Nutrients, trace metals, biocides and other loxins adsorb onto suspended solids and are
transported in this form. This can be beneficial (adsorbed toxins may effectively be "lost” to the
system) or detrimental (adsorbed nutrients may become unavailable).

55 CURRENT STANDARDS IN SOUTH AFRICA

Few studies on the effect of turbidity have been conducted in South Africa and, because turbid
rivers are relatively common, it has generally been accepted that turbidity is not a particularly
significant water quality variable in this country. A study conducted on the Lourens River in the
south-western Cape, however, investigated the effect of suspended solids resulting from
detrimental agricultural and land drainage practices on invertebrate assemblages dunng winter
(Ractliffe 1991). An increase in suspended solids was accompanied by the loss or drastic
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reduction in invertebrate species charactenstic of mountain streams and upper river zones. The
loss of ephemeropteran (mayfly) nymphs was particularly noticeable. With the ever-increasing
pressure on our natural water resources from road construction etc., it is clear that more such
detailed and specific studies on the effects of suspended solids and turbidity are needed.

The norms for assessing the effects of TSS concentration on aquatic ecosystems include the
measurement of the acute and chronic physiological effects on aquatic organisms, and the
establishment of changes from “natural” site-specific TSS levels that cause changes 1o ecosystem
structure and functioning (DWAF 1996). It is, therefore, important to know the “natural” or
background turbidity levels for a particular water body at a particular ume. Elevated levels of
turbidity and TSS will have a greater effect in areas, for example upper mountain catchments, that
have low background TSS levels (DWAF 1996). In South Africa, in a preliminary review of
suspended solid concentrations, Brown (1991) recommended a maximum TSS concentration of 5
mg I for rivers in the sensitive mountain streams and upper reaches of rivers in the south-western
Cape. Water quality guidelines for aquatic ecosystems in South Africa therefore specify a target
water quality range (TWQR) whereby any increase in TSS concentration (or turbidity) should be
less than 10% of the background TSS concentrations at a specific site and time. This is applicable
for sites where the background TSS concentration is less than 100 mg 1",

The recovery of a stream affected by high sediment deposition is dependent on the elimination of
the sediment source and the ability of the stream water to flush out the deposited matenal
(Luedtke ef al. 1976 cited by Ryan 1991), particularly after flood spates (Hellawell 1986). Henley
el al. (2000) emphasised the importance of riparian buffer strips and livestock fencing to reduce
input of sediments into river systems. The importance of riparian zones is discussed further in
chapters 13 (agriculture) and 14 (forestry).
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CHAPTER 6: pH AND ALKALINITY

SUMMARY

pH is determined largely by the concentration of hydrogen ions (H'), and alkalinity by the concentrations
of hydroxyl (OH ), bicarbonate (HCO; ) and carbonate (CO5" ) ions in waler. Addition of acid or alkak to
a water body alters pH. Since pH is a log scale, a change of one unit means a ten-fold change in
hydrogen jon concentration. Further, in very pure walers pH can change rapidly because the rafe of
change is determined by the buffering capacity, which in turn is usually determined by the concentration
of carbonate and bicarbonate ions in the water. The pH of natural water is determined by geclogical and
atmospheric influences. Most fresh waters are relatively well buffered and more or less neultrai, with pH
ranging around 6-8. pH determines the chemical species (and thus potential toxicity) of many elements
in water. For instance, aluminium is mobilized following acidification. Changing the pH of water changes
the concentration of both H" and OH lons, which affects the lonic and osmotic balance of aquatic
organisms. Relatively small changes in pH are seidom lethal, although sublethal effects such as
reduced growth rates and reduced fecundity may result from the physiological stress placed on the
organism by increased energy requirements in acid or alkaline waters. Human-induced acidification of
rivers is normally the result of industrial efluents, mine drainage and acid precipitation. Akaline pollution
is less common but may result from certain industrial efMuents and anthropogenic eutrophication. The
effects of akered pH on rivenine biotas have been investigated by means of loxicity tests, artificial
streams and field studies. Such studies indicate that a change in pH from that normally encountered in
unpolluted streams may have severe effects on the biota but that the severity of the effects depends on
the magnitude of change. Some streams are naturally far more acidic than others and their biotas are
adapted to these conditions. Water quality guidelines require that the Target Water Quality Range for pH
be stated in terms of the background site-specific pH regime. Guidelines are thus case- and site-specific
and take diel and seasonal vanation into account. pH values should not be allowed to vary from the range
of the background pH by > 0.5 of a H uni, or by > 5%.

6.1 INTRODUCTION

The concentrations of hydrogen (H"), hydroxyl (OH), bicarbonate (HCO, ) and carbonate (CO,*) ions
are some of the most important attributes determining the composition and quality of walter.
Furthermore, these ions are in dynamic equilibrium in most water samples, and a change in the
concentration of any one will have an effect on all of the others. In this chapter we discuss the
concepts of pH, alkalinity and buffers, the interactions between them in solution. and their effects on
the chemistry and biotas of aquatic ecosystems.

6.2 PH, ALKALINITY AND BUFFERING CAPACITY
6.2.1 pH
The theory behind the chemistry of pH, alkalinity and buffers is complex. The reader is referred to

Golterman ef al. (1978) for a brief analysis and 1o Stumm & Morgan (1970) and Schnoor & Stumm
(1985) for more detailed treatments of the subject.
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Pure water (i.e. water containing no solutes) ionizes very slightly to produce a small proportion of
hydrogen and hydroxyl ions:

In fact, the hydrogen ions combine with water molecules to form HyO™ (hydronium) ions but for
convenience we will refer only to the hydrogen ions themselves. The concentration of both H’ and
OH ions is exactly 10" mol I at 24°C. Because these concentrations are very low, it is more
convenient to convert them to a log scale. pH is defined as the negative log,, of the hydrogen ion
activity:

pH = -log v [H')

(The term "activity” refers to the “apparent” concentration of ions in non-ideal solutions - i e. solutions
where ions interact with each other, as they do even in fresh water. For practical purposes, though,
activity and concentration are virtually identical in fresh waters and so the term “concentration” will be
used from here on.)

Since [H']is 10”7 mol I' at 24°C, the pH of pure water at 24°C is 7.0. [OH]is also 10’ mol | ", so that
there are equal numbers of OH and H' ions (e the pOH is also 7.0) and the water is
electrochemically neutral. As [H'] increases, so pH decreases and the solution becomes more acid;
for instance, at a pH of 4, the solution contains 10 mol I’ of H" ions (and 10" mol I of OM ions)
As |[H'] decreases, pH increases and the solution becomes more alkaline: at a pH of 10, say, the
solution contains 10" mol I'’ of H' ions (and 10 mol I'' of OH’ ions).

It should be noted that the degree of dissociation of water into H™ and OH ions depends on the
temperature. Thus, although the pH of pure water is 7.0 at 24°C at 0°C itis 747 and at 30°C it is
6.92. This effect is less marked in natural waters because they are buffered to some extent  The pH
of fresh water decreases by about 0.1 unit for a temperature increase of 20°C (Golterman ef a/ 1978).
In consequence, it is not necessary to correct for temperature when measuring pH in most cases,
although errors can be significant where very accurate measurements of pH are required.

6.2.2 Alkalinity

Carbon dioxide dissolves in water to form carbonic acid (H,C0s), which, depending on pH. dissociates
to form carbonate, bicarbonate and hydrogen ions:

CO,+H0 = HCO: = HCOy+H = COy +2H

Figure 6.1 illustrates the relationship between pH and the percentage of free carbon dioxide,
bicarbonate and carbonate ions in water. Note that below a pH of 4, all of the CO; is in the form of
CO,. above this pH the proportion of bicarbonate rises to a peak at a pH of 8 3, when carbonate ions
begin to appear. In practical terms, most CO; in natural waters is in the form of HCO, , while CO,” is
present in significant quantities only at pH values approaching10. The term alkalnity refers to the sum
of the anions ( OH, CO.", HCO,) of weak acids, plus hydroxyl ions and bicarbonate, in a sample of
water (Mackereth ef al. 1978) and is thus a measure of the amount of acid required to bring a sample
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of water to the inflection points shown in Figure 6.1 It is thus usually an estimate largely of the
concentration of bicarbonate and carbonate ions, although other ions may contribute a small amount
in some waters. Alkalinity is usually determined either potentiometrically or by litration and is often
quoted. in units of carbonate, bicarbonate or total alkalinity, as "mg | ' calcium carbonate”, although
these days it is more acceptable to use mmol I’ or meq I'' HCOy and/or COy". The term acid
neutralizing capacity is commonly used in studies on the effects of acid precipitation on aquatic
ecosystems. It appears to be analytically and quantitatively the same as alkalinity. For a useful
discussion of alkalinity and its measurement, see Neal (2001).

Free CO, HCO,’ co,*

4 6 8 10 12
pH

Figure 6.1 The relationship between pH and the percentage of free carbon dioxide, bicarbonate
and carbonate ions in water (from Golterman ef al. 1978).

6.2.3 Buffering capacity

It & given quantity of an acid or an alkali is added to pure water, the pH changes rapidly If the water
is not pure, the rate of change is generally less rapid. This is because certain salts act as buffers
Essentially a weak acid (or a weak base) plus its salts in water form a buffering system because the
ionic equilibrium alters between the acid (or base) and its salts as pH changes, in a similar manner to
that shown in Figure 6.1. The most important buffering system in fresh waters is the carbonate-
txcarbonate one. Thus in a sense, alkalinity can be thought of as a measure also of buffering
capacity. In naturally acid waters, complex polyphenolic organics and their salts may form the major
buffering system, while aluminium and its salts become the effective buffering agents in waters made
very acd by in acid precipitation (see section 6.5.1.10),
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6.3 NATURAL CONDITIONS

The relative proportions of the major ions in, and in consequence the pH of, natural waters, are
determined by geological and atmospheric influences (see Chapter 2). Many fresh waters, including
most in South Africa, are relatively well buffered and more or less neutral, with pH ranging around 6-8
Very dilute NaCl-dominated waters (see Chapter 2) are poorly buffered because they contain virtually
no bicarbonate or carbonate ions. If they drain catchments containing certain types of vegetation (e g.
fynbos, some forest types), the pH may naturally drop as low as 3.9 owing to the influence of organic
acids (e.g. humic and fulvic acids and other polyphenol-rich compounds) leaching from the vegetation
(Gardiner 1988, Silberbauer & King 1991a, Britton 1991, Gale 1992). These waters are usually also
very dark in colour. In South Africa such conditions are found particularly in parts of the south-westem
and southern Cape coastal belt and the swamp forests of Natal. On the other hand, highly alkaline
lakes may result from unusual geological features (e.g. soda lakes such as Etosha Pan in Namibia)
but river waters, certainly in South Africa, are seldom naturally very alkaline (pH >9) (Day 1983).

Extreme rates of photosynthesis, whether natural or as a result of eutrophication (see Chapter 10),
commonly cause very high pH values in standing waters. High rates of consumption of CO; during
photosynthesis may drive the CO /bicarbonate/carbonate equilibrium far towards carbonate and hence
to extremely high pH values (>10). This process can occur only in sunkght. At night, the major biotic
processes are respiration and decomposition, which release CO; and result in a decrease in pH. Thus
the pH of very eutrophic systems may exhibit wild diurnal fluctuations from <6 to > 10. Rivers seldom
show these large fluctuations in pH because they rarely exhibit the extremes of eutrophication
encountered in standing waters.

It should be pointed out that the spol measurement of pH is almost valueless in systems with
significant biological activity. In order for pH measurements to be of any use in the assessment of
water quality in such systems, they must at least be taken under comparable conditions of ambient
kght and temperature; measurements should be taken at night or over a 24-hour period. Because of
the problems associated with the interpretation of pH measurements, many biologists are sceptical
about the use of pH in the assessment of water quality in general. In fact, though, a continuously low
pH value is probably the best single measure of the integnty of naturally acid, blackwater systems and
1s of great value in assessing the quality of their waters. Thus although great care must be taken in
the interpretation of any pH measurements, they can be of great value in water quality monitoring

6.3.1 Natural acidification

Although acidification of soils and natural waters by “acid rain” is presently of particular concern (see
section 6.5.1.), it should be pointed out that acidification can also be a natural process, resulting in
widely scattered regions of acid soils and low-pH waters around the globe. Sutcliffe (1983), for
instance, points out that soil acidity probably first developed in the English Lake District some time
between five and seven thousand years ago. Although the processes involved are complex, in
essence, acidification is likely to occur wherever soils lack base cations, particularly Ca™" and Mg™*
(Cresser & Edwards 1988). The process is exacerbated when low-nutrient soils encourage the growth
of vegetation types that produce large amounts of secondary plant compounds, particularly
polyphenolics, that decompose to form humic and other weak organic acids. A typical example is the
fynbos region of the south-western Cape (e.g. Raubenheimer & Day 1991).
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6.4 THE EFFECTS OF CHANGE IN pH

6.4.1 Effects on water chemistry

The pH of a sample of water determines the particular chemical species in which many elements are
found in that sample. This is perhaps most obviously seen in relation to proteins, and numerous other
organic molecules, which are amphoteric, being able to exist as bases or as acids, depending on pH.
It also determines the chemical species, and thus availability and toxicity, of metals in water. For
instance, metals such as aluminium occur as unavailable hydrated hydroxides in alkaline conditions
but as pH falls below neutral, they form available and highly toxic ions such as the aqua-Al”* ion. The
metals most likely to have environmental effects as a result of lowered pH are silver, aluminium,
cadmium, cobalt, copper, mercury, manganese, nickel, lead and zinc (Campbell & Tessier 1987, who
provide a useful review of the topic).

Non-metallic ions can be similarly affected by changes in pH. For instance, ammonium ions (NH,')
are not toxic, indeed, ammonium is the form in which nitrogen is assimilated by most plants. Ata pH
above about 8, however, they are gradually converted to the highly toxic un-ionized ammonia
(NH,; )(see Table 10.2). Cyanide, too, become more toxic in acidic conditions. In consequence,
pollutants that change the pH of water can profoundly increase the toxicity of otherwise innocuous
substances. Lowering pH can also decrease the solubility of certain elements such as selenium,
Selenium is an essential element (Mushak 1985) and concern has been expressed that human
populations from areas particularly polluted by acid rain may begin to suffer from Se deficency
(Svensson ef al. 1987).

Since the adsorptive properties of large molecules (such as polyphenolics) and of particulate matenal
in water depend on their surface charges, altening the pH can also alter the degree to which nutrients
such as PO,”, trace metals and biocides adhere to these materials. Such an effect is of particular
significance where lowered pH can lead to the release of loxic substances from sediments.

6.4.2 Physiological effects of pH on aquatic organisms

Essunliaily, changing the pH of waler iesuils in @ change in the concentration of both H' ana OH ons
This in turn affects the rate and type of ion exchange across body surfaces, particularly gills. Thus the
direct effect of a change in pH is an alteration in the water, ionic and osmotic balance of individual
whaole organisms (e.g. Wood & Rogano 1986). Freshwater organisms generally have well developed
abilites to maintain ionic and osmotic balance wathin rather narrow limits. For this reason, itis thought
that the direct effects of alterations in pH are not normally the most important in determining the
clearly detrimental consequences of relatively small changes in pH on freshwater organisms (Sutcliffe
1983). There is no doubt that the need to increase the rate of osmotic and ionic regulation places
physiological stress on organisms by increasing energy requirements, This can in turn have sublethal
effects such as slow growth and reduced fecundity (e.g. Berrill ef a/. 1991).

It is possible that lowering the pH can be directly detrimental to aquatic organisms, most kkely in very

dilute waters, where organisms are already ionically stressed. Under these conditions, hydrogen ions
may fatally compete with larger cations such as Na' (Sutcliffe 1983).
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The indirect effects of decreased pH (i.e. elevation in [H’]) can be far more important. It is generally
considered at present that the major effect of acidification is the mobilization (and hence availability)
of toxic substances, particularly aluminium (see section6.5.1.1).

6.5 HUMAN INFLUENCES ON THE pH AND ALKALINITY OF INLAND WATERS

Human-induced acidification of aquatic ecosystems is normally the result of one of three different

types of pollution. Firstly, low-pH point-source effluents are produced by, for instance, the chemical,
pulp and paper, and tanning/leather industries (see Chapter 18). Secondly, mine drainage water (see

Chapter 19) is nearly always exceedingly acid, the pH of receiving streams sometimes dropping 10 <2
Thirdly, air pollution can result in acid precipitation ("acid rain”).

Alkaline pollution of rivers is less common than acid pollution. Increases in pH can result from certain
alkaline effluents from industries such as food canning and textile production, as well as from
anthropogenic eutrophication when excessive primary production leads to depletion of CO; from walter
in the presence of sunlight.

6.5.1 Acid precipitation ("acid rain")

Rain naturally has a pH of about 5.6 because of the CO; dissolved in it. Some decades ago, it
became clear that the pH of rain falling in the more industnalized areas of the world, particularly
northern North America and northern Europe, was considerably less than 5.6 (e.g. Matschullat ef a/.
1992, Wigington ef al. 1992). This decrease is now known to be the result of atmospheric pollution by
sulphur dioxide (SO;), largely from burning of coal, and various nitrogen oxides (NO es), largely from
the exhausts of combustion engines. Both SO, and NO,es, when dissolved in water, ultimately form
strong mineral acids (sulphuric and nitric acids respectively). When acid rain falls on a catchment, the
strong acids leach calcium and magnesium from the soil and interfere with nutrient availability. In
water, they reduce pH and alkahnity. The effects of acid rain were first noticed in the lakes of
Scandinavia, where fish populations declined and sometimes died out completely as a result of the
decrease in pH of the water. Soon after that, acid rain was implicated in the die-back of hardwood
forests over several parts of Europe. Although the biotic effects are not yet obvious in South Africa
(Bohm 1985), acid precipitation has been recorded in several regions, most noticeably on the Eastemn
Transvaal highveld (Tyson ef al. 1988; Skoroszewski, 1989; Galpin & Turner 1999). Galpin and
Turner's data show increases in [H'] at all of their sites (in the north-east of the country) from the mid-
1980s to the mid-1990s but they consider the decrease in pH to be attributable to an increase in
sulphate concentration only for a site at Warden in the Free State; the increase in [H'] is ascribed to
loss of biomass (including base cations) as a result of veld burning.

6.5.1.1 Aluminium and acid rain

One of the most fascinating effects of acidification on aquatic ecosystems is the concomitant effect of
aluminium. The following brief account is taken mainly from Driscoll & Schecher (1990), with some
details provided by Litaor (1987).

Itis known both that Al constitutes about 8% of the Earth's outer crust and that it can be extremely
toxic. The interesting fact is that, despite its ubiquity, Al is not normally available in large quantities or
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in toxic form in the aquatic environment. (Indeed, Al cooking utensils and cooking foil are found in
most western kitchens.) This is because Al is not toxic in its metal form, nor is it available in the
lithosphere, where it is largely in the form of alumino-silicate minerals that are too inscluble to
participate readily in biogeochemical reactions at circum-neutral pH ranges, The speciation (and
hence solubility and availability) of Al is strongly pH-dependent, however. Al low pH values, Al is
largely in the aquo form (AI™), which is both soluble (and therefore available) and very toxic. As pH
increases, hydrolysis of Al results in a series of increasingly insoluble OH complexes (AI(OH)™ and
AI(OH);"). The solubility of Al is in fact lowest at a pH around 6.5 because above this pH, the more
soluble AI(OH), is formed. This is the species that predominates in circum-neutral waters. In all, it
has been estimated that the mean value for total soluble Al in fresh waters is about 9umol I'' (Bowen
1966).

F and SO, ions both form complexes with Al under acidic conditions, as does Si and a variety of
organic solutes, particularly those known as the "humic substances”. (This is why Al slurries are used
in water purification works to precipitate the humic and other polyphenolic organics that impart a dark
colour to some naturally acidic waters,) Depending largely on the ions present, and pH, Al may thus
be bound in complex form and hence unavailable. In other words, humic substances (and other
substances that complex with Al) may reduce the toxicity of Al at low pH (e.g. Backes & Tipping 1987).

A further consequence of the combined effects of low pH and increased solubility of Al is of
considerable significance, but is not generally appreciated. Under acidic conditions, the
carbonate/bicarbonate buffering system is no longer operational (all inorganic carbon being in the form
of CO;), and yet the buffering capacity of acidified waters increases at pH values <5. This is because
the various species of Al and their salts and complexes act as buffers and in fact form the buffering
system in these very acid waters. Driscoll & Schecher (1990) even suggest that the lower limit of pH
observed in acidic waters may be regulated by the dissolution of Al, which forms an important
component of acidity in these walers. This means that sufficient base has to be added 1o an acidified
waler to neutralize the effects of Al before any increase in pH can occur. Further, when water is
oversaturated with Al as it often is at these pH values, Al oxyhydroxides form microcrystalline
particles with vast surface areas. These particles adsorb a variety of organic and inorganic solutes,
the most important of which from an environmental point of view may be PO.”, which becomes
unavailable as a nutrient.

In summary, the chemical effects of Al in acidified waters include the formation of toxic species of Al
the buffering at low pH by Al and its salts and complexes, the complexation (and sometimes
precipitation) of polyphenolics, and hence a change in water colour, and the adsorption (and hence
removal as available) of PO

It should be pointed out that atmospheric pollution is not the only source of human-induced
acidification of catchments. Logging, or any other activity that removes large amounts of vegetation,
removes base cations (i.e. Ca’* and Mg”") that have been taken up by the vegetation. If the soils are
thin or poorly buffered and poor in these ions, then their removal can be sufficient to cause
acidification. The consequences are similar to those of acid rain. It has even been suggested that the
death of forests in parts of central Europe may be at least partly attributable to logging over many
centuries. Cresser and Edwards (1988) review the topic.
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6.5.1.2 Aluminium toxicity

A huge literature is developing on the subject of aluminium toxicity (see section 12.2.1). Some of the
more useful references include Burrows (1977), Baker & Schofield (1982), Hall ef al. (1987) and
reviews by Herrmann (1987) and Driscoll & Schecher (1990).

The exact mechanism whereby Al exerts its toxic effects is not yet clear. It is known that decreased
pH leads to disturbances in acid-base and water balance in fish. Although most fish have
physiological mechanisms that rectify such disturbances, these mechanisms require the expenditure
of additional energy. As a result, growth and reproduction may be retarded at sublethal pH values
(Wendelaar ef al. 1986). It is also known that organisms such as fish and benthic insects are
particularly sensitive to increased levels (>4-8umol | ') of available Al, which has been implicated as
the primary factor controlling survival of brook trout (Salvelinus fonfinalis) in the acid-stressed
Adirondack lakes in New York state, USA (Schofield & Tjornar 1980). The mechanism of toxicity
seems o be related to interference with ionic and osmotic balance (e.g. Muniz & Leivestad 1980) and
with respiratory problems resulting from coagulation of mucus on the gills (e g Schofield & Tjornar
1980). It seems that the negative charge on the mucus on the gill surfaces of fish also causes Al to
accumulate there, where it interferes with the excretion of NH, by changing membrane pH.

Al is known to be toxic to various invertebrates and to plants, although the exact mechanisms are not
understood in these cases either. It is known that Al somehow interferes with Ca™ metabolism,
leading Haug (1984) to suggest that Al binding alters the function of the calcium-regulating protein,
calmodulin, in both plants and animals. On the other hand, preliminary experimental work by Havens
(1990) on acid-sensitive (Daphnia galeata and D. retrocurva) and acid-tolerant (Bosmina longirostris)
species of cladocerans suggests that Al binds to the maxillary glands, the major sites of ion exchange
in cladocerans. Havens suggests that the result (as is the case with elevated [H'): Havas & Likens
1985) is interference with Na® homeostasis, which leads to neuromuscular dysfunction.

6.6 EFFECTS OF ALTERED pH ON AQUATIC BIOTAS
6.6.1 Toxic effects

Numerous in vitro toxicity tests have been performed in order to ascertain the effects of changes in pH
on a vanety of aquatic organisms. Essentially, it has been shown that some species are more
sensitive than other, closely related species (e.g. Havens 1990 on cladocerans); and that the effect of
pH is often really the effect of changing speciation of toxins such as trace metals (e.g Driscoll &
Schecher 1990). A variety of solutes act as Al antagonists, reducing its toxic effects (e.g. calcium:
Brown 1983; and humic substances: Backes & Tipping 1987). Presently more work is being done on
community effects using mesocosms in the wild, and a number of these studies are reported on below.
A few representative in vitro studies are briefly mentioned here.

Some of the earliest studies (Bell & Nebeker 1969, Bell 1971) examined the effects on Minnesotan
benthic invertebrates of reduced pH resulting from acid mine drainage. 96-hour TLy, values ranged
from 4.65 for mayfly nymphs to 1.5 for caddisfly larvae, while 30-day TL., values ranged from pH 2 45
for a caddisfly larva (Brachycentrus americanus) to 5.38 for the nymphs of the mayfly Ephemerella
subvaria.
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Crustaceans seem to be less sensitive: DiStefano ef al. (1991) found the crayfish Cambarus barfor to
be remarkably tolerant to acute low pH: 96-hour LCy, values ranged from 2.43 for adults to 2 .85 for
early juveniles,

Numerous papers have been written about the toxic effects of pH on fish, some of the most useful
being those of Driscoll ef a/. (1980), Baker & Schofield (1982), Ingersoll ef al. (1985), Wendelaar ef al
(1986), Henriksen ef al. (1987) and Hall (1987). We confine the present review largely to effects on
whole communities and ecosystems and do not discuss in vitro toxicity studies any further

6.6.2 Experimental and mesocosm studies

Changes in pH have wide-ranging effects on water chemistry, and therefore on aquatic ecosystems,
but are difficult to quantity because pH can vary cyclically over periods as short as 24 hours. Further,
the generation of data on community structure, particularly of stream macroinvertebrates, is time-
consuming and the interpretation of such data complex. As a result, many workers have either used
artificial streams, or have manipulated the pH and other water quality variables of real streams, in
order to i) quantify chemical changes more accurately, ii) reduce the number of uncontrolled vanables,
iii) produce greater or temporally different changes in pH or other variables than occur under field
conditions and/or iv) manipulate the species of organisms being tested. It should be pointed out,
however, that it is enormously difficult to control and adequately measure even the most important
chemical variables in mesocosms such as artificial channels. Thus the results of such experiments
are not always reliable or strictly comparable.

In a low-order stream in Michigan, USA, Maurice ef al. (1987) studied the effects on the periphytic
community (i.e the attached algae) of lowering the pH to 4 by addition of H;SO,. The authors
postulated that the decreased rate of colonisation by periphyton was a consequence of reduced
decomposition rates and nutrient availability at low pH. They also found that the species composition
of the community altered, blue-greens (which are sensitive to acidity) largely being replaced by acid-
folerant genera. Maurice ef al concluded that alterations of the type they saw would have effects up
the food chain. Similar experiments using enclosed mesocosms in a lake in West Virginia, USA
(Havens & DeCosta 1987), examined the effects of lowering pH and adding Al. Again, the species
compesition of the algae (phytoplankton in this case) changed in the mesocosm in which pH had been
lowered (1o 4.7), while levels of chlorophyll a decreased on the addition of aluminium (50-180 ug I')

The species of zooplankton did not change at lowered pH values (they were already part of an acid-
tolerant community) but zooplankton abundance decreased. The dala generated by Havens &
DeCosta indicated that the ability of some species to withstand decreased pH levels was increased
with increased Al concentrations. Similar results were obtained and similar conclusions reached by
Muiholland ef al. (1986) for hugh-elevation streams in the Great Smokey Mountains, Tennessee, USA
and by Genter & Amyot (1994) for antificial streams in Vermont, USA.

Results from several studies (see Herrmann ef al. 1993) have measured slight increases in algal
biomass as a result of acid precipitation. An suggested explanation (e.g. Sangfors 1998) is that the
increased nitrate in the precipitation has a fertilizing effect, although Genter and Amyot had similar
results for mesocosms acidified with sulphuric and not nitric acid.
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Zische et al. (1983) examined the effects of lowered pH on benthic community structure using three
artificial channels, each with pH controlled to a different level: pH 8 (ambient), pH 6 and pH 5. Both
densities and diversity of invertebrates were lowest in the channel at pH 5. Damselflies, isopods and
leeches were most tolerant of lowered pH, while snails and some amphipods were most sensitive

Spawning and development of embryos of the fathead minnow (Pimephales promelas) were inhibited
only in the channel at pH 5.

Hall of &/ (1987) simulated acidified snowmelt by adding HCI and AICI, in separate experiments to the
upper reaches of a small stream in New Hampshire, USA. They found that when the pH of the stream
was lowered 1o 5.25-5.5 by HCI alone (ambient Al 15 g |'), the drift of aquatic invertebrates was not
altered. but at the same pH, when the concentration of Al was manipulated to 280 pg | ', invertebrate
drift increased significantly. They concluded that not only increased but also fluctuating levels of Al
may increase the biological stress of low-order streams.

A similar study (Bernard ef al. 1990) on a British Columbian stream in Canada showed that
invertebrate drift increased three-fold when pH was decreased from ambient (pH 7.0) to 5.9, while
further manipulation by addition of Al (0.71-0.95mg 1", pH 5.9), resulted in a six-fold increase in drift.
The effects of lowered pH and increased levels of Al were also examined by expenmental
acidification and addition of Al in a Welsh stream by Ormerod ef al. (1987). Once again, drift
increased more significantly in the "Al zone” than in the "pH zone”, while a species of mayfly, Baelis
rhodani, declined in numbers, but only in the "Al zone™. Brown trout (Salmo fruffa) and salmon (Saimo
salar) showed greater mortality in the "Al zone® than in the "pH zone".

Hall (1990) experimentally reduced the pH of a forest stream in Ontario, Canada, in order to examine
the effects of short-lerm (4-8 days) fluctuations in pH. Such fluctuations are characteristic of streams
receiving snow-melt: Gjessing et al. (1976) have shown decreases in pH from 6 to 4 during spring
storms in Scandanavia (see also Kahl ef al. 1992) Hall dropped the pH of the experimental stream
from about 6 to 4.2 and found that the concentrations of both Al and Ca increased as a result. He
found that the density (i.e. numbers of individuals per unit area) and the number of genera of benthic
invertebrates decreased and, while the total number of invertebrates drifting did not increase, the
number of mayfly nymphs did. He showed that discharge was the primary correlate of dnft in spring,
while Ca and dissolved organic carbon were the primary correlates in autumn. He concludes that
most of the benthic invertebrates in his study area are adapted to sudden change during times of
snowmelt and are thus not particularly sensitive to shor-term decreases in water quality.

Kratz ef al. (1994) looked particularly at the effects of pulses of acidified water on invertebrate drift in
a stream in the Sierra Nevada mountains in California and found that invertebrate dnftincreased while
the densities of benthic invertebrates decreased. Interestingly, effects were least pronounced for
chironomid larvae, perhaps because they most of them could burrow into the substratum and thus
avoid the pulses of low-pH water.

McCahon & Poulton (1991) dosed a soft-water stream in Wales with sulphuric acid, aluminium
sulphate and limestone to produce a zone of Al at low pH, and one of Al, low pH and added lime.
Each episode of dosing lasted about 24 hours. They found that the amphipod Gammarus pulex was
killed more readily in the absence than the presence of lime although more died or exhibited
behavioural alterations some time after dosing even when lime had been added.
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While blackwater systems in the south-western Cape of South Africa are naturally acidic and
commonly reach pH values as low as 4.5 (e.g. Day & King 1995), those in the continental USA are
often circumneutral. Experimental addition to a blackwater Virginian stream of the strong mineral
sulphuric acid reduced ambient pH values from 6.6 to about 45 (Smock & Gazzera 1996). The
manipulation increased ambient Al concentrations, invertebrate dnft and benthic microbial respiration
but had little effect on the rate of decay of leaf itter or the densities or biomasses of benthic
invertebrates; it would seem that the dissolved organic material in the stream was able to sequester
some of the Al ions and make them unavailable 1o the biota (see section 6.5.1).

6.6.3 Field studies

Direct studies of polluted rivers provide more realistic information than mesocosm studies do on the
effects of alterations in water quality on community and ecosystem structure but the interpretation of
the results is often questionable, largely because antecedent conditions are seldom known precisely.
Herrmann ef al. (1993) provide an excellent review of what was known at the time of the effects in
streams of what they call ‘acid-stress’ on primary production, inventebrates, fish, biotic communities
and stream ecosystems. Little seems to have been published since that time.

6.6.3.1 Effects on stream communities

One of the few studies on the effects of alkalinization (rather than acidification) on stream
communities was conducted by Morgan (1987) on streams in the Pine Barrens of New Jersey, USA
This area is underlain by sandy, nutrient-poor, acidic soils that have become less acidic as a result of
agricultural and residential developments. Morgan showed that, as might be expected, species
diversity of the periphytic communities was significantly higher in the more disturbed (i.e. more
alkaline) streams, where nutrient levels (particularly nitrates) were also elevated.

Numerous studies have been performed on the effects of lowered pH on benthic invertebrate
communities (see Hall 1990 for references). It has not always been possible to distinguish specifically
the effects of lowered pH, although acid streams do tend to have reduced numbers and diversities of
invertebrates. For instance, Guerold & Pihan (1989) and Guerold ef al. (1991) examined fourteen
streams in the Vosges Mountains in France. These streams drain forested catchments in which
dechne of conferous forests has been attributed to acid precipitation. Acidification and increased
concentrations of aluminium were found to occur at least during snowmelt and rainstorms. Diversity
and abundance of benthic macroinvertebrates decreased with increasingly acid conditions: mayfly and
plecopteran nymphs and caddisfly larvae dropped from 93 to 29 species, while their abundance was a
third of that in the least affected stream. Ephemeropterans were the most sensitive, none occurring
below a pH of 59 Some species of trichopterans were able to survive, and the benthic fauna of the
most acidified stream was dominated by plecopterans. Similar results were obtained by by Simpson
el al. (1985), working on headwater streams in the Adirondack Mountains in New York State; by
Gniffith et al. (1995) for headwater streams in the central Appalachian Mountains of West Virginia, both
in the USA, and by Vuori (1995) for hydropsychid larvae in Finnish streams.

In contrast, the benthic invertebrates, including ephemeropterans and trichopterans, are speciose in,
and often narrowly endemic to, south-western Cape rivers and wetlands (Wishart & Day 2002) where
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pH values naturally occur in the range 4.5-6.0 (e.g. Britton 1991, Dallas ef al. 1998). Values may
fluctuate over more than one pHunit seasonally and even diurnally (see Figure 6 2).
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Figure 6.2 Diel variation in pH at two sites in mountains stream ( ——— ; ===- ) and two in
foothills ( —~~ ; —-.-) of the south-western Cape rivers (modified from Dallas ot
al. 1998),

Carline ef al. (1992) specifically examined the responses of fish, particularly brook trout (Salvelinus
fontinals), to episodic stream acidification in the Appalachian Mountains in Pennsylvania, USA. They
found that when the pH dropped to about 4 during such episodes, concentrations of Al reached toxic
levels, a peak value of 0.75 mg |’ being recorded. During these periods, radio-tagged trout moved
downstream.

Hall & Ide (1987) examined the change in community structure of benthic macroinvernebrates between
surveys conducted in 1937 and 1985 in streams in Ontario, Canada. They found that the same taxa
were present at those sites where pH depression in spring (as a result of snowmelt) are small (pH
dropping from 6.4 to 6.1), while acid-sensitive species had disappeared from streams where pH
depressions were large (pH dropping from 6.4 1o 4.9) They concluded that the poorly buffered
surface waters of these streams had become acidified some time within the previous four decades

Collier & Winterbourn (1987) reported on studies on naturally acid and alkaline streams in New
Zealand. They found that concentrations of Al were higher in the acid than the alkaline streams and
that the density of invertebrates and the number of taxa was lower. They concluded that reduced
diversity and density were probably due to reduced food supply and altered species composition of the
periphyton (the major food) in the acid streams.
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Szczesny (1990) described a number of acidified (pH 3.3-5) streams in a National Park in central
Poland and noted that between pH values of 4 and 5, only stonefly nymphs and caddisfly and dipteran
larvae were present; only larvae of the caddisfly Limnephilus coenosus occurred in streams with pH
values <4,

6.6.3.2 The effects of lowered pH on food quality

It has long been known that severe acid pollution reduces, and eventually entirely prevents, aquatic
decomposition of organic matter such as leaves, which form the base of the food chain in mos!
mountain streams, Some direct experimental evidence comes from a study by Groom & Hildrew
(1989), who examined the conditioning (i.e. the initial process of decomposition that makes leaves
more suitable as food) of tree leaves in acid and circumneutral streams. They conclude that C:N
ratios were higher (i.e. of poorer quality as food) in leaves from the acid stream, while the
concentration of Al in the leaves was greater, so that in all, food quality was negatively affected by
acidic conditions. Data generated by Haramis & Chu (1987) provided direct evidence that both
survival and growth were impaired in of American Black Duck ducklings raised on acidified wetlands.

6.6.3.3 Recovery and rehabilitation of acidified streams

Attempts have been made over the years to restore acid-impacted streams, usually by the addition of
lime. Results of various studies are too variable to allow generalisations. Fjellheim & Raddum (1992),
for instance, report on recovery of the River Audna, in southern Norway, which has been imed at a
rate of 8-11 t d” since 1985. (Fjellheim & Raddum give no discharge values for the river.) Acid-
sensitive species of mayfly and stonefly nymphs, and caddisfly larvae, were first recorded two years
after liming began. According to these authors, the reduction in physiological stress at higher pH was
probably more important in encouraging the return of these species than changes in the food web that
make organic detritus more accessible.

Lacroix (1992) also reports increases in numbers of both Atlantic salmon (Salmo salar) and brook trout
(Salvelinus fortinalis) after dumping a single mass of 20 t of crushed limestone onto the bed of Fifteen
Mile Brook in Nova Scotia. The effect persisted for at least three years even though the increase in pH
was <1 unit,

In contrast, Diamond ef al. (1992) examined the effects of liming agricultural land on the chemustry
and aquatic fauna of the River Esk in north-western England. These authors found that the biota
recovered to some extent despite the fact that liming seemed not to have affected water chemistry. in
that rain water and stream water were chemically aimost identical. On the other hand, Soulsby ef a/.
(1997) were unable to detect increases in abundance or diversily of mayfly species in a number of
streams in the Cairngorm region of Scotland, where atmospheric acidification had been decreasing
measurably over the previous ten years,

6634 South African studies

Cholnoky (e.g. 1958), working in South Africa, was one of the first botanists to draw attention to the
fact that diatoms exhibit very clear pH preferences. It is said that he could estimate the pH of any
stream from examining the diatom community found there! Somewhat more recently, Harmison (1965)
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examined the effects of acidic gold- and coal-mine effluents on aquatic biotas of streams. He showed
that the rate of neutralization depended on geology, the pH of those polluted streams running over
carbonate-rich formations rising much more rapidly than that of streams running over other
formations. Both plant and animal species were reduced in the most acidic stream (at Witbank).

6.7 CURRENT pH STANDARDS IN SOUTH AFRICA

The data discussed above indicate that:

« A change in pH from that normally encountered in unpoliuted streams may have severe effects
upon the biota.

« The extent of acidification or alkalinization is important in determining the degree of severity of
the effects.

e Some streams are naturally far more acidic than others and their biotas are adapted to these
conditions.

This being the case, it is clear that there is no one pH or pH range that is suitable for all streams and
water quality guidelines have to be site-specific with regard to pH and alkalinity. Since pH is a log
scale, a change of one unit means a ten-fold change in [H']. Further, in poorly buffered waters pH can
change rapidly (e g. Figure 6.2). Thus no single guideline values can be set. In South Africa, water
quality guidelines for pH require that the Target Water Quality Range be stated in terms of the
background site-spedific pH regime. In all cases, local background conditions (including diel and seasonal
varnability where appropriate) should be ascertained before a water quality objective is set for a particular
aquatic ecosystem. Thus both spatial and temporal variability in pH need to be determined on a case- and
site-specific basis. Spatial vanability includes geographic and longitudinal differences (upper, middie and
lower reaches of rivers and streams, for instance), while temporal variability includes diel and seasonal
differences.

South African DWAF guidelines presently require for fresh surface waters that pH values should not be
allowed to vary from the range of the background pH values for a specific site and ime of day by >050fa
pH unit, or by >5%, and should be assessed by whichever estimated is the more conservative. It is clear,
though, that even diurmnal vanations are often >1 pH unit (see Fig. 6.2). This being so, Dallas ef al. (1998)
provide a protocol for deriving guidelines based on natural fluctuations in pH from season to season
and from year to year. It is important to remember, however, that where streams and wetlands are
susceptible to the effects of acid rain, non-acidified reference conditions need to be used in deriving
guideline values.
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CHAPTER 7: CONDUCTIVITY, TOTAL DISSOLVED SOLIDS (TDS) AND MAJOR
IONS

SUMMARY

Material dissolved in water is commonly measured as total dissoived solids (TDS), as conductivity, or as
salinity. TDS represents the total quantity of dissolved material, organic and inorganic, iorvzed and un-
ionized, in a water sample. Conductivity is a measure of the ability of a sample of water to conduct an
electrical current. TDS and conductivity usually correlate closely for a particular type of water. Salnity
refers to the saltiness of water. Natural TDS in rivers is determined by geological or atmospherc
conditions. Anthropogenic activities such as industnal effiuents, irmgation and water re-use lead fo
increases in TDS. Very little information is available of the tolerances of freshwater organisms to
increased TDS. Generally it is the rate of change rather than the absolute change that is important
Juvenile stages are often more sensitive than adults and effects may beé more pronounced in upper
mourdain streams, where organisms are generally not tolerant of stress. lons most commonly found in
natural waters are the cations calcium, magnesium, sodium and potassium, and the anvons bicarbonate,
carbonate, chionde and sulphate. Their charactenstics and importance with respect fo aqualic systems
are discussed. The Target Water Quality Range for TDS is stated in terms of case- and site-specific
TDS concentrations, taking into account background concentrations. TDS concentrations should nof be
changed by more than 15 % from the normal cycles of the water body under unimpacted condifions al
any time of the year, and the amplitude and frequency of natural cycles in TDS concentrations should
not be changed

71 INTRODUCTION

One of the major descriptors of the “quality” of a water sample is the total amount of material
dissolved in it. This property of water is commonly measured in one of three ways: as total dissolved
solds (TDS), as conductivity, or as salinity, all of which correlate closely in most waters. Whatever
the measure used, the total amount of dissolved material determines both the human uses to which a
particular type of water can be put and the biotic characteristics of aquatic ecosystems.

TDS, as its name suggests, is a measure of the total amount of soluble material in a sample of water
The greatest mass of this material in natural waters comprises inorganic ions. The commonest of
these are usually the cations Na“, K, Ca*" and Mg®™* and the anions HCO, (bicarbonate), CO,’
(carbonate), CI' and s0.” Together, these are often referred to as the "major ions” (see section
7.6.1.). Other, usually less common, inorganic ions include nutrients such as NO, and PO," (see
Chapter 10) and various species of trace metals such as iron, copper, aluminium and zinc (see
Chapter 12). A small amount of inorganic material may also be present in un-ionized form (e.g. as
hydroxides)

Many dissolved organic compounds are non-ionic. A major component of dissolved organic carbon

(DOC) in many natural waters comprises a variety of chemically complex “humic” and fulvic acids
These substances, often together known as "polyphenolics”, are the breakdown products of plant
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decay and, depending on the pH, are often present in ionic form. Thus the total number of ions in
water may include organic as well as inorganic species.

TDS. then, represents the total quantity of dissolved material, both organic and inorganic, and both
ionized and un-ionized, in a sample of water. It is usually measured by weighing the residue from a
known volume of filtered water (mesh size 0.2-0.5 um) evaporated to dryness at a temperature
(<70°C) low enough to prevent volatikzation of labile DOC. Units are usually quoted as mg | "or gm .
(= parts per million). Measurement of very low quantities of TDS is often inaccurate because of the
experimental errors involved in weighing small amounts of residue in large containers, while
measurement of very high values is inaccurate because of the hygroscopic nature of some
avaporntes,

(Electrical) conductivity is another measure of dissolved material and is often used as a surrogate for
TDS, for the following reason. Since the electrical conductivity of water is a function of the number of
charged particles (ions) in solution, it is also a measure of the total quantity of salts, and therefore of
total dissolved solids, in a sample of water. "Conductivity” in water quality terminology. is thus a
measure of the ability of a sample of water to conduct an electrical current: the higher the
conductivity, the greater the number of ions in solution. Conductivity is quoted as mS m ' or. in non-S
terminology, as uS cm ', where S is a "Siemen”, which is the reciprocal of an ohm (the unit of
electrical resistance). Since the majority of materal dissolved in most water is ionic, TDS and
conductivity usually correlate closely for a particular type of water. For South Africa as a whole,
DWAF personnel use the relationship

TDS (mg I'") = conductivity (mS m ') * 6.6

although a multiplicand of 5.5 is somewhat more accurate for naturally acidic south-western Cape
waters.

A measure of conductivity does not include any un-ionized solutes. Thus in waters very rich in DOC,
for instance, this relationship does not hold particularly well. Further, since the molar conductivity (the
conductivity imparted to water by a mole of a particular solute) varies from ion to ion, slight variations
will occur in the relationship depending on the proportions of the major ions in solution. Despite these
disadvantages, conductivity is a more commonly quoted attribute of water than is TDS, both because
conductivity is easy to measure accurately and because inexpensive, portable meters are available.

The term salinity is often used to refer to the saltiness of water. It was originally derived from the
concentration of CI' in sea water (in which the proportions of the major ions are constant) but is now
usually given as a dimensionless number (i.e. with no units) defined by reference to the electrical
conductivity of sea water and measured as conductivity. Until recently, though, salinity was defined as
the mass (in grams) of the dissolved inorganic solids in 1 kg of sea water and the unit was often given
as % (parts per thousand). Sea water has a salinity of 35, or 35%., or 35 g I". Since the quantity of
dissolved organic matter in sea water is very small relative to the amount of inorganic matter, salinity
and TDS are virtually identical in sea water. In fresh water, however, the proportion of dissolved
organic matter may form a significant fraction of the whole. In this case, values for salinity and TDS
may vary quite significantly for a single sample. For this reason, the term “salinity” is not commonly
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used for inland waters other than for very salty ("saline”) lakes and pans. (For a more detailed
discussion on TDS, conductivity and salinity see, for instance, Day 1990 )

In the following section, the terms “saline” and "salinity” are used only in the general sense of “salty”
and “saltiness” and not with reference to the method of measuring that property.

7.2 TDS AND AQUATIC ENVIRONMENTS

7.21 Sources of salts

The majonity of ions in most natural waters derive from weathering of the rocks over which they flow or
from which they drain. In South Africa, for instance, many of the rocks of the Table Mountain Series
are derived from ancient (ca 500-320 My) weathered sandstones that contain very little leachable
matenal. In consequence, the waters draining these rocks are low in TDS. Rocks of the adjacent
Malmesbury Shales were laid down as muds in ancient seas and still contain considerable quantities
of leachable ions (Tankard ef al. 1982). The waters draining these rocks usually have markedly higher
TDS concentrations than those draining TMS rocks (Day & King 1995).

The other major source of ions is the atmosphere. The amount of water-soluble matenial in continental
air is rather small but maritime air can carry significant quantities of sea salt (see, for instance,
Gorham 1955, Hutchinson 1975), often known as “"cyclical salt". TDS values of coastal rivers and
wetlands may be considerably elevated by the precipitation of cyclic salt. In some rivers in south-
western Australia (e.g. the Blackwood River: Morrissy 1974), rivers may have higher TDS values
inland than at the coast as a result of this and other phenomena. The relative influences of
atmospheric and geological sources of ions are discussed in, for instance, Gibbs (1970), Cornish
(1987) and Day & King (1995).

7.211 Natural variations

TDS values for natural waters vary from about 1 mS m”' (ca 7 mg I'') in some tributaries of the
Amazon River (Day & Davies 1986) through 35000 mg I’ (ca 5000 mS m ') in sea water to about 230
000 wig 1 (ca 50 000 mS m™") in iines in saline lakes reaching NaCl saturation point. The lowest
values recorded for South Africa are about 0.9-36 mS m ' (= 10-27 mg 1) (Waterkioof stream,
Transvaal DWAF dala-base) and 1831 mS m' (17-37 mg 1) (the Swartboskloof Stream near
Stellenbosch: Britton 1991); the highest recorded value is that for Burgerspan (9790 mS m ', ca 65
000 mg | ) in the south-western Cape (Silberbauer & King 1991a; see also Day 1993). Itis clear from
these extreme values that there is no “ideal” TDS value for aquatic ecosystems generally. It is
certainly true that most rivers and large lakes world-wide have TDS values <100 mg |’ (mean volume-
weighted average for rivers: Hutchinson 1975). In more arid areas, however, rivers may be naturally
rather saline (e.g. Pillsbury 1981). A number of lower rivers in Israel, for instance, have mean TDS
values around 3000-3600 mg | ' (Herbst & Mienis 1985), while springs in the Mohave Desert in the
USA maintain impoverished faunas at TDS values of 2400 mg | ' (ca 388 mS m ') (Naiman 1976).
Closer to home, a gypsous spring in the Namib Desert, with TDS values reaching 150 000 mg !’
(conductivity 24 800 mS m - Day & Seely 1988) maintains a imited but flourishing fauna and flora

One of the rivers in South Africa for which the highest salinities have regularly been recorded is the
Sak River near Williston in the Karoo (maximal recorded values 7684 mS m' 84 020 mg | DWAF
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data-base). Saline lakes and pans (TDS 3000 - 330 000 mg I ") are common even in presently mesic
climates (e.g. parts of Canada) as well as in arid regions such as Australia, the Andes, China (e g.
Williams 1981) and parts of southern Africa (Seaman ef al. 1991; Day 1993).

7.21.2 Anthropogenic influences

Human activities have severely increased the TDS concentrations of inland waters worldwide,
particularly in arid regions (e.g. California: Caufield 1985; Austraka: Schofield & Ruprecht 1989 Hant
ef a/ 1991, South Africa: du Plessis & van Veelen 1991; Fllgel 1993). Apart from the obwvious effects
of discharging saline industrial effluents into rivers or lakes, increasing TDS levels (a process
commaonly known as salinization or minerakzation) may be caused by irngation, clear-felling and return
of large quantities of sewage effluent to inland waters.

Irrigation causes salinization of rivers in two ways. On the one hand, although the irmgation water may
be low in TDS, the water itself is taken up by crops or evaporates, leaving behind its solutes, lon
exchange processes in the soil, particularly in base-poor soils, result in accumulation of NaCl, which is
washed out of the soil into rivers during rain. Secondly, irrigation may result in a rise in the water-table
and subsequent evaporation from the surface of the now-wet soil (see e g Williams 1987 Hart ef a/
1990, 1991). Clear-felling of large, deep-rooted trees in Australia (Hart ef al. 1991) has also resulted
in raised water-tables and subsequent saiinization of the soils, and hence of rivers. Allison ef af
(1990) have shown, for instance, that clearing of native vegetation in the Murray River Basin in south-
eastern Australia has led to an increase in groundwater recharge by two orders of magnitude. Areas
of south-western Australia are also becoming salinised (Day, pers. obs.) as a result of tree-clearing.

Re-use of water, whether it is recycled for immediate human consumption or returned to a stream and
subsequently re-used further downstream, will result in partial evaporation during the cleansing
process and will consequently lead to increased TDS levels (see, for instance, du Plessis & van
Veelen 1991).

7.3 INFLUENCES OF INCREASED TDS LEVELS ON AQUATIC ECOSYSTEMS

Perhaps the two environmental variables that most decisively determine the communities of
organisms fiving in a particular aquatic ecosystem are flow rate and salt concentration. Thus the
faunas and floras of marine and inland waters are utterly distinctive, as, to a lesser extent, are those
living in lakes as opposed to rivers. Saline or brackish inland rivers (as opposed to estuaries) are
poorly known (e.g Williams ef al. 1991) but numerous studies (e.g. Wood & Talling 1988, Hart ef al
1991) have shown that the individual species making up the faunas and floras of lakes and estuaries
have very distinctive salinity tolerances.

Tolerance to TDS is species-specific. The physiological mechanisms involved are not addressed here
but are discussed in reputable physiology textbooks (e.g. Schmidt-Nielsen 1990). An excellent review
in relation specifically to water quality issues is to be found in Hart ef al. (1991). Broadly speaking,
most organisms have limited tolerances, being confined either to fresh waters (<2000 mg | ' Hart ef al.
1991 or <3000 mg I Williams 1981) or to the sea (33 500 - 35 500 mg I''). Estuarine organisms, on
the other hand, may have to survive changes in salinity from virtually zero to 35 000 mg | ' over a
single tidal cycle and therefore have very wide tolerance imits. The range of TDS values over which

62



Conductivity, TDS and major 1ons

wetland organisms thrive may vary considerably. Some, such as the brine shrimp Arfenua salina, are
known from waters with TDS values between about a third of that of sea water (ca 12000 mg I') to
crystallizing brines (ca 330 000 mg I'") (Schmidt-Nielsen 1990) but such very wide salinity tolerances
are unusual.

7.4 TOLERANCES OF FRESHWATER ORGANISMS TO INCREASED SALINITIES

Very little information is available on the salinity tolerances of freshwater organisms. In general. it
seems that many species are able to survive and even flourish at relatively high salinities. For
instance, in their review, Hart ef al. (1991) conclude that many freshwater blue-greens and bacteria
can adapt readily to TDS values between 7000 and 14 000 mg I

Prinsloo & Pieterse (1994) have shown that increases in TDS concentration in the middle Vaal River
have been accompanied by decreases in turbidity (probably as a result of flocculation). They have
also shown that production in a green alga, Monoraphidium circinale, increased at TDS values between
500 and 2500 mg | ', while that of the diatom Cyclatella meneghiniana and the blue-green Microcystis
aeruginosa were inhibited at these concentrations.

Studies have been performed on fishes of rivers threatened by salinization in order to determine the
likely effects of increased ambient TDS levels on fish communities. Williams & Williams (1991) have
examined the salinity tolerances of four species of native Australian fish fom the River Murray
(present-day average TDS 500 mg I') and found that the LDy values varied from 20 800 to 43 700
mg !, as long as the concentration was allowed to increase slowly over a number of days Pimentel &
Bulkley (1983) found that the upper preferred TDS ranges of three species of fish from the Colorado
River (present mean annual TDS ca 1500 mg ') varied between 4400 and 6600 mg I'. Thus in both
cases it seems that the fish communities would be relatively unharmed by considerably increased
sahnities in both of these rivers. Occasionally papers have appeared on salt tolerances of freshwater
invertebrate assemblages in situ. Magdych (1984), for instance, found slight changes in the mayfly
assemblages of sites in a small stream in Oklahoma where salinity had increased.

A certain amount of salt in water can either protect aquatic organisms from, or sensitize them to,
varicus pollutants such as heavy metals and biocides. Voyer & McGovern (1991), forinstance, found
that intermediate salinities (10 000 - 32 000 mg I'') protect the estuarine mysid (opossum shrimp)
Mysidopsis bahia against cadmium exposure at cadmium levels between 1 and 9 g | ', whereas at
lower salinities cadmium becomes toxic at about 5 ug I'". In a similar study, Monserrat ef al. (1991)
showed that the estuarine Argentinian crab Chasmagnathus granulata survives better at low salinities
(7500 mg I'") than at high salinities (30 000 mg | ') when exposed to the insecticide Parathion.

A number of generalizations can be made from these and other studies.
« Itis often the rafe of change rather than the final salinity that is most critical. Many organisms are
able to adjust to slow change by a process of physiological acclimation that cannot be

accomphshed if an environmental change is rapid. (This is why toxicity testing usually includes
both short-term acute and long-term chronic tests,)
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« Juvenile stages are often more (or very occasionally less) sensitive to increased TDS levels than
are the adults. For this and other reasons, it has been found that tolerances to increased
salinities are often higher in the laboratory than in the field.

« In general, there seems to be a “critical level” of salinity at about 5000-8000 mg | " which marks
the upper limit of survival of most salinity-tolerant freshwater animals. It is in this range that
physiological processes are no longer able to acchmate any further and that chemical processes
such as the loss of calcium by precipitation also become marked (Khlebovich 1980).

« Salinity may act as an antagonist or a synergist in relation to a variety of toxic pollutants. In
general, salinity provides some protection against heavy metals, probably by modifying their
chemical speciation.

« The responses of freshwater organisms to alterations in salinity are likely to be related to the
evolutionary origins of the taxon of which they are part. Amphipods, for instance, are of manne
origin and seem to be relatively insensitive to increased salinities compared to some insect taxa
that may well have originated in fresh water.

« It cannot be emphasized enough that the above conclusions refer largely to species of middie and
lower rivers, which are likely to be far less sensitive to increases in salinity than those living in the
extremely pure waters of mountain streams and torrents. Unfortunately, virtually no information
is available on salinity tolerances of these mountain stream organisms.

Even less information is available on the effects of increased salinities on whole communities or
ecosystems. Brock (1985) has shown distinctive distribution patterns and degrees of species richness
of wetland plants in Australian wetlands of differing salinity. On the other hand, Williams ef al. (1991)
were unable to show any relationships between macroinv ertebrate community composition and salinity
in two Western Australian rivers subject to salinization from agricultural practices. Nor were these
authors able to find any similar studies reported in the literature. They did suspect, however, that
Hydnidella glenelgensis, a species of bivalve, may have become extinct in the Glenelg River as a
result of increased salinities.

A good deal of circumstantial evidence suggests that alterations in distribution patterns of individual
species or communities are a result of changes in salinity. For instance Dallas (1992) has recently
compared the invertebrate fauna of the Berg River in the south-western Cape with that found in the
early 1950s. Afrochiltonia capensis, a salt-tolerant estuarine species of amphipod (beach hopper), has
increased in numbers in the salinizing lower reaches of the river, while the mayfly Baetis bellus has
been replaced by another species, Baelis latus, probably also as a result of increased salinities in the
reaches where it is now found. Further studies and analyses of existing South African data may be
able to show both the effects of increasing TDS levels on rivers and the natural salinity tolerance of
some riverine species.

1.5 CURRENT STANDARDS IN SOUTH AFRICA

Given that remarkably little information is available on salinity tolerances of aquatic organisms, and
that conductivities in natural aquatic ecosystems vary so widely, no absolute values can be
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recommended and no national standards for preservation of aquatic life appear in the literature. The
South African Water Act of 1956 required that TDS values for effluents should not exceed those of the
intake by more than 75 mS m ' for General Standard rivers and by not more than 15% for Special
Standard rivers. This is still the legal standard but interim Water Quahty Guidelines for agquatic
ecosstems have been pubkshed. Because of potential differences in tolerance between species, and
because of spatial differences in natural TDS, theTarget Water Quality Range is stated in terms of
case- and site-specific TDS concentrations. In all cases local conditions should be determined, and
variability due to seasonal changes need to be considered (see Dallas ef al 1998 for details)

For fresh surface waters:

« TDS concentrations should not be changed by more than 15 % from the normal cycles of the
walter body under unimpacted conditions at any time of the year, and

+ the amplitude and frequency of natural cycles in TOS concentrations should not be changed.

7.6 INDIVIDUAL IONS

As well as having an effect on water quality by their contribution to TDS, the concentrations and
proportions of the individual major ions also affect water quality. This section discusses the effects of
each of the major ions on aquatic biotas and section 7.7. discusses the effects of the relative
proportions of the major ions. See Gibbs (1970) and Day & King (1995) for more detailed discussions
of the determinants of ionic proportions in inland waters

7.6.1 The major ions

The ions most commonly found in natural waters are the cations calcium, magnesium, sodium and
potassium, and the anions bicarbonate, carbonate, chloride and sulphate.

7.6.1.1 Calcium

Calcium is one of the major elements essential for living organisms. As well as being found as a
structural material in, for example, bones, teeth, mollusc shells and crustacean (e.g. crab)
cxoskeletons, itis vital for muscie contraction, nervous activity, energy metabolism and a great vaniety
of other biochemical interactions. Calcium ions are often the major cations in inland waters.

Although we know that calcium is a vital element, very little is known about the actual effects of
changes in its concentration on aquatic biotas. Itis clear, mainly from empirical evidence, that waters
low in calcium may be unable to support molluscs and crustaceans, both of which require calcium for
the construction of shells and exoskeletons (e.g. Beadle 1981), but even this is an overgeneralization

For instance in Lake Lungwe (Zaire Basin), where conductivities vary between about 1.5 and 1.7 mS
m ', and [Ca”"| is about 0.07 mmol I’ fish are entirely absent and snails with glassy, Ca-free shells are
common (Marlier ef al. 1955); in some extremely pure, virtually Ca-free waters of the Amazon, snail
shells are composed almost entirely of the protein conchiolin (Sioli 1955)
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761.2 Magnesium

Magnesium is an essential element, being found in chlorophyll and in a variety of enzymes and being
involved in the processes of muscle contraction and the transmission of nervous impulses. Since itis
usually found in relatively high concentrations, it is unlikely to act as a imiting nutnent or a toxin. Very
little is known about its effects on aquatic organisms.

7613 Sodium

Sodium is ubiquitous in natural waters and is the major cation in sea water and in many South African
inland waters_ It is the major cation involved in ionic, esmotic and water balance in all organisms and
is also involved in the transmission of nervous impulses and in muscle contraction. Sodium is
probably the least toxic metal cation (Hellawell 1986) and its effects on aqualic systems are almost
entirely as a major contributor to TDS.

7614 Potassium

Potassium, like sodium, is involved in ionic balance in all organisms, and in the transmission of
nervous impulses and in muscle contraction in animals. Since it occurs in much lower concentrations
than sodium does, potassium can sometimes act as a nutrient, the lack of which imits plant growth.

It has been shown (e.g. King ef al. 1988) that potassium concentration tends to correlate most closely
with invertebrate community structure in multivanate analyses of a number of streams. Because of
the mathematical techniques employed, and the type of chemical data included, the significance of
such results is questionable. The results do suggest, however, that potassium may act as a limiting
nutrient for animal communities as well as for plants,

7.6.15 Bicarbonate and carbonate ions (see also section 6.2 2)

Bicarbonate (HCO.) and carbonate (CO.") ions, together with free CO,. are the equilibrium products
of CO; dissolved in water. They are usually expressed as alkalinity. The proportions of each depend
on pH, so that at a pH below 5.4, all the CO; is in the free form; between pHs of 5.4 and 8.3, all the
CO; is in the form of HCO,, as the pH increases above 8.3, HCO, becomes replaced by COy*:
above a pH of about 8.8, only CO," is present. Bicarbonate ions are the dominant anions in many
fresh waters, while carbonate ions may dominate in very alkaline waters. (See chapter 6 for further
details of the bicarbonate-carbonate buffering system.)

Neither ion is toxic in itself. Indeed, since plants require carbon dioxide for photosynthesis, CO. and
its equilibrium products can sometimes act as limiting nutrients. Conversely, under eutrophic
conditions the photosynthetic activity of aquatic plants may shift the CO/HCO,/CO," equilibrium so
far towards CO,” that the pH may rise to 10 or more, which has other effects on the biota, Carbon
dioxide, carbonate and bicarbonate ions form the major buffering system (i.e. resistance to change in
pH) in most natural waters. Some walters (in the south-western Cape, for instance), virtually lack
calcium ions and therefore have extremely low alkalinities because in the absence of calcium ions the
carbonate/bicarbonate equilibrium tends towards free CO; . They are thus both poorly buffered and
low in pH. There is no doubt that some elements of the biotas of these systems seem to be confined
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to poorly buffered, acid waters but the extent to which water chemistry dictates their distribution is not
yet known.

The carbonate/bicarbonate system assists in reducing the effects of the addition of acids and alkalis to
fresh waters by its buffering action. Thus waters with high alkalinities are least ikely 1o be affected by
acid precipitation. Of course, when base cations like calcium and magnesium are removed from the
system, then bulfering capacity is lost and pH can decline rapidly.

7616 Chloride ions and chlorine

Chloride is the major anion in sea water and in many inland waters, particularly in South Africa
Chloride ions are essential components of living systems, being involved in the ionic, osmotic and
water balance of body fluids. Except where they have an effect by increasing the total dissolved
solids, they exhibit no toxic effects on living systems.

Chiorine itself, on the other hand, is a gaseous element that dissolves in water to form hydrochloric
acid, which is a strong acid that dissociates to form ClI and H' ions. Free chlorine in water is toxic and
is often used as a disinfectant in smimming pools and in water purification works. Total residual
chlorine concentrations of <1mg | 'can significantly affect aquatic ecosystems (see, for instance.
Steinman ef al. 1992 for the effects of free chlorine on periphyton species composition and biomass)
Chiorine can have further detrimental effects on water quality in that, in the presence of organic
compounds, including humic and fulvic substances, it may form a variety of trihalomethanes such as
chloroform (which is known to be carcinogenic in mice and rats) and carbon tetrachloride.

7617 Sulphate

Sulphur in water occurs largely as the sulphate (804’) ion. In living systems, sulphur is an essential
component of proteins and is thus an essential element. In most natural waters, sulphate ions tend to
occur in lower concentrations than either bicarbonate or chloride ions. Sulphates themselves are not
toxic. In excess, however, they form sulphuric acid, which is a strong acid that reduces pH and can
have devastating effects on aquatic ecosystems (see Chapter 6). This is particularly problematic in
water seeping from mines whaere sulphate lavale can he axtremely high (see section 19.2 1 on acid
mine drainage). Sulphur dioxide, the gaseous precursor of sulphate, is a major component of acid
precipitation. In regions where the rivers are poorly buffered, sulphate levels can increase
significantly, causing sharp drops in pH.

In anoxic (oxygen-free) conditions, sulphate ions are reduced to hydrogen sulphide, which has a strong
tendency to become oxidized and is thus an oxygen “scavenger” Hydrogen sulphide, or "bad egg
gas”, is therefore an indicator of reducing conditions. Itis also toxic, inhibiting a number of enzymes
important in cellular metabolism. Although numerous studies have detailed the toxic effects of
hydrogen sulphide in the laboratory (see, for instance, Hellawell 1986), its effects in the field have not
been well quantified.
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7.7 PROPORTIONAL CONCENTRATIONS OF THE MAJOR IONS

The major ions of natural inland waters are derived from the rocks with which they are in contact, and
from the atmosphere. Depending on the relative influences of these sources, different ions
predominate in different systems (see sections 2.1.and 2.2). Briefly, in South Africa the waters of the
highveld tend to be dominated by calcium, magnesium and bicarbonate ions, whereas those of the
coastal regions and the arid west tend to be dominated by sodium and chloride ions (Day & King
1995). Because the different proportions of ions result in differences in, for instance, buffering
capacity and the availability of essential elements, they are of significance for the biota.

The relative proportions of the different major anions in water seem not to be of great biclogical
significance, as long as a lack of bicarbonate does not imit plant growth.

The effects of differing cationic ionic proportions on the aquatic biota have often been implied, but are
in fact rather poorly known. Bayley and Williams (1973) and Beadle (1981) briefly review the
literature. Beadle points out that one might expect the effects generally to be insignificant, since
aquatic animals are likely to have evolved in situations requiring efficient ionic regulation. Harrson ef
al. (1966) have shown, however, that the rate of egg-laying in the African freshwater snail
Biomphalana pfeifferi is reduced or halted at the high ratios of Mg:Ca found in some Zimbabwean
streams. Claims have often been made that the ratio of monovalent to divalent cations can at least
partly explain the distributions of some algae, although Shoesmith and Brook (1983) give evidence to
show that such apparent relationships may be spurious. The only discussion on similar topics in
southern Africa is to be found in Day (1993).
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CHAPTER 8: DISSOLVED OXYGEN

SUMMARY

Most aquatic organisms are dependent on waler for their survival. The maintenance of adequate
dissolved oxygen concentrations is critical for the survival and functioning of aquatic biotas.
Dissolved oxygen, as mg I' or percentage saturation, fluctuates diumally, depending on the
relative rates of respiration and photosynthesis of aquatic animals and plants. Factors causing an
increase in DO include atmospheric re-aeration, increasing atmospheric pressure, decreasing
temperature and salinity, and photosynthesis by plants. Factors causing a decrease in DO include
increasing temperature and salinity, respiration of aquatic organisms, decomposition of organic
material by micro-organisms, chemical breakdown of pollutants, re-suspension of anoxic sediments
and release of anoxic bottom water. Generally, it is a depletion of DO that is observed in aquatic
systems although super-saturation, i.e. in excess of 100%, may occw in eutrophic waters. The
significance to aquatic biota of dissolved oxygen depletion depends on the frequency, timing and
duration of such depletion. Continuous exposure to concentrations of less than 80% of saturation
is harmful, and is bkely to have acute effects, whilst repeated exposure to reduced concentrations
may lead to physiological and behavioural stress effects. Generally, if the rate of change is rapid,
adverse effects on the biota will increase significantly. The extent to which any organism is
affected by a decrease in dissolved oxygen is determined by is dependence on waler as a
medium. The oxygen requirements of fish and other aquatic organisms vary with type of species
(particularly warm- or cold-waler species), with lfe stages (eggs. larvae, nymphs, adults) and with
different life processes (feeding, growth, reproduction) and size. If possible, many species will
avoid anoxic or oxygen-depleted zones. Juvenile life stages of many aquatic organisms are more
sensitive than adults to physiological stress ansing from oxygen depletion, and in particular to
secondary effects such as increased vuinerability to predation and disease. Prolonged exposure to
sublethal, low oxygen concenirations may lead to changes in behaviour, blood chemustry, growth
rate and food intake. Many toxic constifuernts such as ammonia, cadmium, cyanide, zinc, efc,
become increasingly toxic as DO concenirations are reduced. Current standards in South Africa
use chronic and acute physiological effects on aqualic biota for assessing the effect of dissolved
oxygen depletion on aqualic ecosystems. Criteria based on a Target Water Quality Range and
Minimal Allowable Concenlration use percentage saturation levels for protection of aquatic biotas
Site-specific modifications are apphed if local conditions require that control be more or less
stringent.

8.1 INTRODUCTION

Any organism that spends part or all of its life in an aquatic environment is dependent on the
charactenstics of the surrounding medium for its survival. One of the most important abiotic
factors relating to the survival of most aquatic organisms is the concentration of dissolved oxygen
in the water. Unlike air-breathing organisms, which are almost always guaranteed a readily
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available supply of air, most aquatic organisms are dependent on oxygen dissolved in the water.
The maintenance of adequate dissolved oxygen concentrations is thus critical for the survival and
functioning of aquatic biota. A few invertebrate species can survive by anaerobic metabolism for
short or long periods (they are facultative anaerobes), however, and some bacteria are obligate
anaerobes.,

Oxygen is moderately soluble in water. Gaseous oxygen (O;) dissolves into water from the
atmosphere, and is also generated during photosynthesis by aquatic plants and phytoplankton.
Equilibrium solubility, termed the saturation solubility, vanes non-linearly with temperature, salinity
and atmospheric pressure, and with other site-specific chemical and physical factors. Under
natural conditions the concentration of dissolved oxygen fluctuates diumally, depending on relative
rates of photosynthesis and respiration by aquatic biota. DO is usually lowest near dawn,
increasing during the day, peaking in the afternoon, and decreasing during the night. Seasonal
vanations arise from changes in temperature and biological productivity. In unpoliuted surface
walers, dissolved oxygen concentrations are usually close to saturation. Typical saturation
concentrations at sea level, and TDS values less than 3000 mg I, are; 12.77 mg/l at 5°C; 10.08
mg/l at 15°C; 9.09 mg/l at 20-C.

8.2 MEASURING DISSOLVED OXYGEN

Dissolved oxygen may be measured as milligrammes per litre (mg | ') or as a percentage of the
saturation concentration at the time of sampling. It is imporntant to distinguish between the two
measurements. Concentration, in mg |, is an imporant measure because it is the absolute
amount of oxygen dissolved in the water and is the concentration that relates to the amount of
oxygen that an organism requires, rather than the percentage saturation. Percentage saturation is
the proportion of oxygen actually dissolved in water relative to the theoretical maximum calculated
from tables, taking into account temperature, salinity and air pressure. Percentage saturation
gives a useful estimate of biological activity. Resulls of less than 100 % of saturation
concentration indicate that dissolved oxygen has been depleted from the theoretical equilibrium
concentration. Results in excess of saturation (super-saturation of oxygen) can indicate
eutrophication in a water body.

Dissolved oxygen concentration must be measured as the lowest instantaneous concentration
recorded in a 24-hour period, or as the instantaneous concentration at 06h00 (DWAF 1996). If DO
Is measured at any time it is necessary 10 interpret the value relative to the time within the 24-hour
cycle.

83 FACTORS MODIFYING DISSOLVED OXYGEN CONCENTRATION
The concentration of dissolved oxygen in water is affected by several factors (Table 81)
Almospheric pressure, lemperature and salinity modify the rate at which oxygen is dissolved in

water. Respiration by animals and plants, photosynthesis by plants, and aerobic decomposition of
organic matter by micro-organisms affect the concentration of dissolved oxygen in the water.
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Table 8.1 Factors modifying the concentration of dissolved oxygen (DO) in water.

Factors causing an increase in DO concentration

Re-aeration from the atmosphere (dependent on turbulence and oxygen deficit): more oxygen
dissolves in water as atmospheric pressure increases

Low temperatures and salinities increase the solubility of oxygen in water

Photosynthesis by aqualtic plants

Factors causing an decrease in DO concentration

High temperatures and salinities reduce the solubility of oxygen in water

Respiration of aquatic organisms (plants and animals)

Organic waste and aerobic decomposition of organic matenial by micro-organisms

Chemical breakdown of pollutants

Re-suspension of anoxic sediments or release of anoxic bottormn water

831 Atmospheric re-aeration

Dissolved oxygen concentrations can be increased by natural diffusion of gaseous oxygen from
the atmosphere into waler, i e. re-aeration. Re-aeration is influenced by water turbulence and the
oxygen deficit of the water. Turbulence refers 10 the physical "activity” or movement of the water
and depends on water velocity, depth and degree of exposure of the substratum at the surface.
The greater the surface area of water exposed to the atmosphere, the greater the rate of re-
aeration. Thus turbulent, swiftly flowing mountain streams will achieve greater re-aeration per unit
time than will deeper, more sluggish lowland rivers. The oxygen deficit is the difference between
saturation concentration (the calculated maximum concentration of oxygen in water at a particular
temperature, salinity and pressure) and the actual concentration (ReVelle & ReVelle 1974). The
rate of re-aeration increases as the oxygen deficit increases.

Atmospheric pressure, which decreases with increasing altitude, affects the solubility of oxygen in
water.  Oxygen solubility decreases as almospheric pressure decreases. Based on these
relationships, the solubility of oxygen should decrease with increasing altitude. It has long been
believed that cold, high altitude mountain streams are more oxygen-nch than warmer lowland
streams. This belief is based on the fact that oxygen solubility decreases with increasing
temperature and altitude. It seems, however, thal the combined effect of decreasing temperature
and air pressure al higher altitude resulls in an almost constant oxygen concentration down the
length of most rivers (Jacobsen 2000).

832 Temperature and salinity

The solubility of oxygen in water is inversely related to both temperature and salinity. Thus
Increased temperatures and salinities reduce the solubility of oxygen in water, decreasing the
amount that can physically dissolve and hence be available to aquatic organisms. If organic
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loading is high, oxygen depletion is further accelerated by microbial activity, which can also
increase temperature

833 Photosynthesis and respiration by aquatic plants

Dissolved oxygen concentrations in water fluctuate diumally in response 10 photosynthesis (light
hours) and respiratory activity (dark and light hours) of aquatic plants and phytoplankton (Lloyd &
Swift 1976). This may have serious implications for aquatic organisms inhabiting streams that are
subject to nutrient enrichment and where large amounts of aquatic vegetation and/or
phytoplankton are present. Decay of plant biomass can have the same effect as large inputs of
organic matter, further reduction oxygen. Thus, excessive plant growth can deplete oxygen
concentrations below the 4 mg I’ limit required by warm-water fishes and result in fish kills (Cooper
1993)

834 Respiration by aquatic animals

The rate of oxygen uptake (respiration) by aquatic animals is affected by species, size. age.
activity, physiological condition, nutritional status and level of stress (e.g. presence of toxins,
temperature) of the respective organism (Hellawell 1986). For example, cold-water fish species
generally die from oxygen stress at considerably higher concentrations of dissolved oxygen than
do warm-water species (Boyd 1982). In a low-oxygen environment, fish react by increasing the rate of
respiration, i.e. pumping more water over their gills (Cooper 1993).

8.3.5 Organic waste

The presence of oxidizable organic matter, either of natural origin (detritus) or onginating in waste
discharges, can lead to reduction in the concentration of dissolved oxygen in surface waters
Oxygen depletion may be due the aerobic decomposition of organic waste by micro-organisms or
the breakdown of chemicals. The potential for organic wastes o deplete oxygen is commonly
measured as biological oxygen demand (BOD) and chemical oxygen demand (COD). BOD is a
common measure of organic pollution (see Chapter 9). COD is a measure of the oxidation of
reduced chemical species in water, i.e. the "reducing capacity” of an effluent.

836 Re-suspension of anoxic sediments or release of anoxic bottom water

Under conditions of low flow, bottom water and sediments may become anoxic (i.e. an absence of
free and bound oxygen). During periods of high flow such as floods or when a water body is
dredged, re-suspension of these anoxic sediments may occur. Turnover or release of anoxic
bottom water from a deep reservoir may also occur.
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84 THE EFFECTS OF DISSOLVED OXYGEN CONCENTRATION ON AQUATIC
BIOTAS

The concentration of dissolved oxygen in water may decrease or increase. The latter is termed
super-saturation and generally indicates eutrophication in a water body. Generally, it is the
decrease in dissolved oxygen in aquatic ecosystems that is observed and that may have adverse
effects on many aquatic organisms (e.g. micro-organisms, invertebrates and fish), which depend
upon oxygen for their efficient functioning. Of interest is the high variability of DO at small spatial
scales (Kemp & Dodds 2001), indicating that sub-habitats for organisms vary spatially across
distances of decimetres or less. DO concentrations are highly dependent upon local rates of
photosynthesis, respiration and advective transport (Kemp & Dodds 2001).

841 Oxygen depletion

The significance to aquatic organisms of depletion in dissolved oxygen depends on the frequency,
timing and duration of such depletion (DWAF 1996). Continuous exposure 10 concentrations of
less than 80 % of saturation is most harmful, and is likely to have acute effects, whilst repeated
exposure to reduced concentrations may lead to physiological and behavioural stress effecls.
Occasional short-lived depletion of oxygen is less important. In all cases, if the rate of change in
dissolved oxygen concentration is rapid, adverse effects on biota will be increased significantly.

The extent to which any organism is affected by a decrease In dissolved oxygen is delermined by
its dependence on waler as a medium. Most fish are 100% aquatic and are thus totally dependent
on dissolved oxygen for respiration and are very sensitive to low concentrations (Alabaster & Lloyd
1980 cited by Hellawell 1986). The oxygen requirements of fish and other aquatic organisms vary
with type of species (particularly warm- or cold-water species), with life stages (eggs, larvae,
nymphs, adulls) and with different life processes (feeding, growth, reproduction) (Alabaster & Lloyd
1982 cited by NWQMS 2000) and size (Olson & Rueger 1968). Cold water-adapted species such
as Salmonidae (trout) are especially sensitive to depletion of dissolved oxygen. Reproduction and
growth in these species is reduced under continuous exposure 10 oxygen concentrations below 100
% saturation. Juvenile lite stages of many aqualic organIsms are more sensitive to physiological
stress ansing from oxygen depletion than adults, and in particular 10 secondary effects such as
increased vulnerability to predation and disease. If possible, many species will avoid anoxic or
oxygen-depleted zones. Prolonged exposure of fish to sublethal, low oxygen concentrations may
lead to changes in behaviour (Davis 1975), blood chemistry (Davis 1975), growth rate (Brungs
1971b), and food intake (Stewart, Shumway & Doudoroff 1967) Hypoxia (insufficient oxygen)
may result in tissue damage, bleeding, increase in size of, and extreme loss of blood from, the
gills, liver, kidneys and spleen of exposed fish (Drewett & Abel 1983). A few species, such as
lungfish and some catfish, can, however, survive oul of water for some time.

Centain insects, for example ephemeropterans (mayflies), plecopterans (stoneflies) and
trichopterans (caddisfhies), respire with gills or by direct cuticular exchange, and are thus subject 1o
the same stresses as fish (Nebeker 1972). It has been proposed that invertebrates such as
trichopteran larvae, ephemeropteran nymphs and plecopteran nymphs from highland streams are
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adapted to well-oxygenated conditions by having developed smaller gills that species from lowland
streams (lllies 1964). A recent study has however, shown that, except for the trichopteran family
Hydrophsychidae, taxa with small gills do not replace taxa with large gills as stream altitude
increases and stream temperature decreases (Jacobsen 2000). Other insects are able to utilize
atmospheric oxygen (e.g. many hemipterans and coleopterans carry air bubbles under their wings
or under special mats of hairs: Hart & Fuller 1974) and are thus less affected by reduced dissolved
oxygen concentrations. There is relatively little information on the effects of DO on aquatic
insects. Nebeker ef al. (1996) showed that the caddisfly, Cistoronia magnifica, could tolerate low
DO concentrations for short periods, but that concentrations below 5 mg |~ would cause reduced
moulting success and delays in adult emergence.

8.4.2 Super-saturation

Super-saturation (i.e. > 100%) may occur in sluggish or stagnant waters, which discourage loss of
oxygen to the atmosphere, as a result of oxygen production during photosynthesis by aquatic
plants. Super-saturation may also be chemically induced. Super-saturation can cause gas bubble
disease (oxygen bubbles surrounding the gills) and mortality in fish. Lethal effects mainly threaten
non- or less-mobile life stages, such as eggs or fry.

843 Interactions with toxic constituents

Naturally occurming low concentrations of dissolved oxygen can be found in aquatic habitats such as
wetlands with large accumulations of organic matter (e.g. Cooper 1993). In a low-oxygen environment,
fish react by increasing the rate of respiration, i.e. pumping more water over their gills. When toxic
pollutants such as ammonia, cadmium, cyanide, zinc, etc. are also present, an exira stress is created
since the higher respiration rate means that more toxic substance is absorbed.  In addition, many toxic
compounds become increasingly toxic, as DO concentrations are reduced. For example, EIFAC (1973
cited by NWQMS 2000) reported that the acute toxicity of several common toxicants roughly
doubled as the DO concentration was halved from 10 mg | to 5 mg I, Under anaerobic
conditions in the water column or in sediments, heavy meltals such as iron and manganese can
appear in solution, as ferrous (Fe’') and manganous (Mn”") species. and toxic sulphides (S) may
also be released.

85 CURRENT STANDARDS IN SOUTH AFRICA

Chronic and acute physiological effects on aquatic biota are the norms for assessing the effect of

dissolved oxygen depletion on aquatic ecosystems (DWAF 1996). Useful measures of the impact

of dissolved oxygen depletion are the 7-day mean minimum concentration and the 1-day minimum

concentration:

e T7-day mean minimum concentration: the arithmetic mean of the daily (24-hour) minimum
instantaneous concentrations measured over seven consecutive days, and

e 1-day minimum concentration: the lowest instantaneous concentration recorded in a 24-hour
cycle, or the instantaneous concentration at sunrnse
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Criteria for dissolved oxygen concentrations (in terms of percentage saturation) are given in terms
of the Target Water Quality Range (TWQR) and the Minimum Allowable Values (MAV) (DWAF
1996). These concentrations provide limits that will ensure protection of aquatic biota from the
adverse effects of oxygen depletion. The MAV aims to protect sensitive life stages that may last
for only a few days, and takes account the resilience of aquatic biota 1o short-duration oxygen
depletion,

Table 8.2 Target Water Quality Range (TWQR) and Minimum Allowable Values (MAV) for
dissolved oxygen concentrations in water bodies (DWAF 1996)

Criteria Concentration Condition Application
6 a.m. sample or Will protect all life stages of most
lowest southem African aquatic organisms
TWGR 80% - 120% of instantaneous endemic to, or adapted to, aerobic
saturation concentration warm water habitats. Always applicable
recorded in a 24- to aquatic ecosystems of high
hour period conservation value
7-day mean The 7-day mean minimum and the 1-
>00% (sub-lethal) minimum day minimum should apply together.
MAV Violation of these minimum values is
> 40% (lethal) 1-day minimum likely to cause acute toxic effects in
aquatic organisms.

Modifications can be considered on a site-specific basis where measurement of natural or un-

impacted conditions indicates the TWQR to be too stringent or not appropnate. In particular, site-

specific derivation of dissolved oxygen criteria that are different from the TWQR and the MAV

should be considered in the cases ol

« naturally eutrophic systems;

o deep reservoirs where oxygen depletion or anoxia of the hypolimnion is a regular, usually
seasonal, occurrence,;

« where endemic or introduced organisms may have more stringent dissolved oxygen
requirements for example in cold-water hahitats

Strict control should be applied to the frequency, duration and extent of oxygen depletion below 80

% of saturation, because of its rapid effect on aquatic organisms

The following specific conditions should be applied (DWAF 1996):

« The expected range in dissolved oxygen must be determined by measurement at a site over
several consecutive 24-hour cycles, repeated in each season to take account of climatic
influences.

« Where natural physical, chemical or ecological processes lead to dissolved oxygen
concentrations which fall below the MAV, then the minimum acceptable site-specific
concentration should be set at a level which is related to the measured natural minimum
concentration,

« Some upland reaches of southern African streams, in mountainous areas such as Lesotho
and the Drakensberg range, are considered cold-water habitats, usually with high natural
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dissolved oxygen levels, The dissolved oxygen requirements of organisms adapted or
introduced into South Africa (such as trout) may be more stringent than the TWQRs.

e Key aquatic species of recreational, commercial or conservation importance may be
identified, and site-specific guidelines should be derived according 1o the needs of these
species.
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CHAPTER 9: ORGANIC ENRICHMENT

SUMMARY

Dissoved and particwate organic matter is naturally present in  aqualic ecosystems
Anthropogenically-derived organic discharges, which originate from or are produced by lving
organisms, may resull in organic enrichment of the receiving water body. Major sources of organic
enrichment include domestic sewage, food processing plants, breweries and vegetable canning,
animal feedliots, abattoirs and cattle grazing. Of these, ennichment by organic matter from sewage
and sewage effluents is probably the most common and extensively documented fype of poliution
in rivers. Most organic matenal in sewage is not diectly toxic to aquatic organisms. The major
effects of organic enrichment are a decrease in dissolved oxygen concentrations, an increase in
twbidity and the concentration of suspended solds, an increase in nutnent concenlrations and
possible bacterial contamination of the receiving water body. Of these, reduced oxygen
concentration, measwed as Biological Oxygen Demand (BOD), is considered to have the most
severe impact on aquatic biotas. In fact, organic waste is commonly referred to as “oxygen-
demanding waste”. Aquatic assemblages typically respond to organic ennichment through changes
in species composition, increased densities of taxa tolerant to enrichment, and decreased densities
or elimination of taxa sensitive to envichment. Characteristic chemical and physical changes occw
below the point of organic effluent input, together with changes in micro-organisms and
macroinvertebrates. Both the duration and extent of the discharge (continuous versus episodic)
and the river zone in which the enrichment occurs, influences the effect of the enrichment on the
aquatic biota. Indicator species or taxa have been identified for most groups of organisms
including bacteria, fungi, algae, protozoans and macroinvertebrates. Of these, macroinvertebrates
are considered to be the best documented and understood indicators of organic envichment.

9.1 INTRODUCTION

Dissolved and particulate organic matter (DOM and POM) are characteristically present in aquatic
ecosystems, and detntivores in streams and in sediment communities of slow-flowing rnivers
depend upon POM for most of their energy (Moss 1980). The main difference between natural
organic matter and organic enrichment relates 1o size, quantity and texture of the organic matter.
Natural POM tends to occur in larger packets, like leaves, with a low surface-to-volume ratio, or is
relatively refractory when finely divided, while anthropogenically-derived POM is usually soluble or
finely divided and very labile (Moss 1980). Naturally occurring DOM is chemically diverse and
may include a variety of high-molecular-weight refractory “"humic® and "fulvic® compounds. DOM
associated with pollution, on the other hand, tends to consist largely of smaller, biologically labile
compounds. An organic discharge may be defined as one that is derived from or produced by
living organisms. It is the most common type of enrichment occurring in aquatic ecosystems and
IS thus well documented (e.g. Hynes 1960, Hawkes 1979, Hellawell 1986)
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9.2 SOURCES OF ORGANIC ENRICHMENT

Major sources of organic ennchment include domestic sewage; food processing plants, e.g. dairy
and milk processing, breweries and vegetable canning. animal feedlots. abattoirs (Brungs 1971b,
Hellawell 1986) and cattle grazing (del Rosario ef al. 2002). Organic discharges have been
referred 1o as “oxygen-demanding wastes” (Brungs 1971b) since depletion of dissolved oxygen is
the pnmary effect of organic enrichment on receiving waters.

9.3 EFFECTS OF ORGANIC ENRICHMENT ON WATER QUALITY

Organic enrichment of aquatic ecosystems results in vanous chemical (dissolved oxygen, nutrient
levels) and physical (turbidity and suspended solids) changes that in turn drive biological changes
within the receiving water body. An organic discharge is not directly toxic to aquatic life but its
effects may significantly change biotic community structure and biclogical processes. The main
effects of organic enrichment are a decrease in dissolved oxygen concentrations, an increase in
turbidity and the concentration of suspended solids, an increase in nutrient concentrations and
possible bactenal contamination of the receiving water body.

9.3.1 Dissolved oxygen

The most noliceable consequence of organic enrchment s its effect on dissolved oxygen
concentrations in water and sediments. Dissolved oxygen concentrations naturally fluctuate as a
result of photosynthesis by plants (during the day) and respiration (day and night) of aquatic plants
and animals (Lloyd & Swift 1976, and see chapter 8). On addition of oxygen-demanding wastes 10
a receiving water body, micro-organisms (bacteria, fungi, protozoans) use up dissolved oxygen
while consuming or decomposing the waste. The rate at which this process occurs is measured as
the biological oxygen demand (BOD). BOD summarizes the quality of all organics in a single
value, thus making it an extremely useful measure of organic enrichment. BOD may be assessed
by measuring the rate at which oxygen disappears from solution in a sealed bottle kept for 5 days
in darkness at 20°C. Large amounts of organic matter, from animal wastes, for example, provide a
greater BOD than an aquatic system can supply oxygen for, resulting in an “oxygen-sag” When
organic matter exceeds the capacity of a system to assimilate it, a degradation cycle begins. The
enhanced level of oxygen consumption by aerobic decomposers exceeds the rate of re-aeration and
dissolved oxygen concentrations begin to fall. If DO decline continues, aerobic decompaosers cease to
function and anaerobic organisms populate the water and sediment,

BOD values of 2.3 mg I'' and 26 mg I were recorded in the unpoliuted Praduik stream, Poland,
(Dratnal & Kasprzak 1980) and an unpoliuted stream adjoining the Opa River, Nigeria (Okoronkwo
& Odeyemi 1985) respectively. Approximate biological oxygen demand values (5 day, 20°C) of
typical effluents and fresh water are given in Table 9.1. Depletion of dissolved oxygen plays a
major role in driving the biological changes (see Chapter 8).

78



Organic ennchment

Table 9.1 Biological oxygen demand values (5 days, 20°C) of typical effluents and fresh

waters (From Hellawell 1986).
Range of BOD (mg I"")

Natural water - upland stream 05-20

- lowdand stream 20-50

- large lowland river 30-70
Sewage effluent - crude sewage 200 - 800

- lreated sewage 3-50
Livestock/agricultural waste - pig 27 000 - 33 000
- poultry 24 000 - 67 000
Abattoir 650 - 2 200
Meat packaging and processing 200 - 3 000
Fruit canning 635-2100
Vegetable processing 480 - 4 400
Sugar beet 3 800 - 4 200
Sugar refining 210-1700
Dairles - milk 300 - 2 000
- cheese 1800 - 2 000

Brewernies 500 - 1 300
Distilleries > 5000
Tannery 250 - 5 000
Textile waste S50 -1 000
Pulp and paper manufacture 100 - 400
Petrochemicals 200 - 8 000

93.2 Turbidity and suspended solids

Turbidity and the concentration of suspended solids may increase when organic waste is
discharged into a water body. The effects of these changes on aquatic ecosystems are covered
separately (Chapter 5). In summary, an increase in turbidity and suspended solid concentration
leads to a decrease in light penetration and primary production, which in turn reduces the
availability of food o organisms higher up the food chain. Predator/prey interactions may be
affected. Suspensoids that settlie out may smother and abrade flora and fauna, alter the habitat,
and lead to a change in benthic community structure. Deposition of organic sludge in slower-
flowing water may lead to releases of methane and hydrogen (as hydrogen sulphide) if the organic
matter decomposes anoxically. This extreme usually causes the elimination of normal benthic
communities (Hellawell 1986).
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933 Addition of nutrients

Nutrient loading is frequently associated with organic ennchment and compounds of nitrogen and
phosphorus are normally present in large amounts in organic discharges. These nutrients are
mineralised by decomposers, resulting in increased concenirations of dissolved and pariculate
nutrients in receiving water bodies. The partial biodegradation of proteins and other nitrogenous
matenal can lead 10 elevated ammonia, nitrite (both toxic 10 many aquatic organisms) and nitrate
concentrations (Mellawell 1986). More sophisticated wastewater treatment works are able to
remove most of the nitrogen as N,-gas and 70 to 95% of the phosphorus from domestic sewage in
the form of bactenal sludges (Moss 1980). Delails of the effects of nutrient enrichment are
discussed in Chapter 10.

934 Bacterial contamination

Bacterial contamination of a water body may be caused by human waste discharged or entering a
nver as untreated sewage or from livestock waste. Escherichia coli is a non-pathogenic bactenum
that occurs universally in the intestinal tracts of humans and many other mammals. s presence
in water bodies is used as an indicator of faecal pollution (Davies & Day 1998). It is likely that
many South African rivers and wetlands, both urban and rural, are severely contaminaled by
faecal pathogens, particularly where informal settlements house poverty-stncken communities with
no waterborne sanitation and meagre water supplies (Davies & Day 1998). Where waler supplies
are contaminated by E. col and untreated, the bacterium may change ils nature, causing health
problems such as diarrhoea and gastroenteritis,

Faecal coliforms and faecal streptococci, whilst not pathogenic, are the primary indicators of the
potential presence of pathogens (Larsen ef al 1994) Pathogenic organisms, when present in
animal waste, can be transferred to humans via water (Diesch 1970 cited by Larsen ef al. 1994).
Some potential diseases that may be transferred to humans via cattle, for example, are
salmoneliosis, anthrax, turberculosis, tetanus, colibacilosus, etc. (Azevedo & Stout 1978 ciled by
Larsen ef al. 1994).

94 EFFECTS OF ORGANIC ENRICHMENT ON AQUATIC BIOTA

Aquatic macroinvertebrate assemblages typically respond to organic enrichment through changes
in species composition, increased densities of taxa tolerant to enrnichment, and decreased
densities or elimination of taxa sensitive to enrichment (Hynes 1960, e g. Campbell 1978, Dratnal
& Kasprzak 1980, Evans & Marcan 1976, Seager & Abrahams 1990, Szczesny 1974, Whitehurst &
Lindsey 1990). For example, sewer overflows in Pendle Water, United Kingdom, lead to a
reduction in macroinvertebrate densities, almost complete elimination of certain species (e.g. the
isopod Asellus aquaticus and the mayfly Baetis rhodani) and an increase in oligochaetes,
particularly tubificids (Seager & Abrahams 1990). Unpoliuted water is characteristically
represented by many species with few individuals within each species, whilst organically enriched
water is represented by few species with many individuals in each. The polluted area may
become dominated by taxa such as Chironomidae that are able to tolerate organically enrnched
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water. For example, a multi-fold increase in the density of Chironomidae was observed after only
4 weeks of organic enrichment in an experiment simulating cattle grazing around headwater
streams (del Rosanio ef al. 2002). Characteristic chemical and physical changes occur below the
point of organic effluent input, together with changes in micro-organisms and macroinvernebrates

Most biological changes in the receiving water body relate to the decrease in dissolved oxygen
concentration resulting from the oxidative decomposition of organic waste. The duration of
discharge, and the organic content of the effluent, will determine the severity of the effects on the
aquatic ecosystem. For example, continuous low-level discharges lead to slow changes in oxygen
levels, both spatially and temporally (Lloyd & Swift 1976), which may enable certain organisms 1o
acchmate 1o the situation. High-intensity, episodic discharges of organic waste (e.g. overflow of
sewage effluent during storm events) may have dramatic and instantaneous effects on biotic
communities in the receiving waters (Seager & Abrahams 1990).

The effect of organic enrichment on aquatic ecosystems will also depend, to a certain extent, on
the river zone in which it occurs. For instance, the biota of an erodible upper reach or mountain
catchment zone is significantly more susceptible to organic enrichment than is a depositional zone
(Hawkes 1979). The type and magnitude of flow, depth and substratum of the river will also affect
the rate at which re-aeration takes place. Organisms associated with certain habitats, such as
riffles, may be more susceplibie 1o the effects of organic ennchment than sandy bottom dwellers
(Hawkes 1979).

A classical study on organic enrichment, and one from which the saprobian system has been
developed, is that of Kolkwitz & Marsson (1908, 1909 cited by Hellawell 1986). Kolkwitz &
Marsson (1908 cited by Hellawell 1986) divided the river below the point of organic impact into
four zones according to the processes taking place in each (Table 9.2).

Table 9.2 The saprobian system of zones for describing the effects of organic enrichment
on aquatic ecosystems (after Kolkwitz & Marsson 1908, 1909 cited by Hellawell
1986).

ZONE CHARACTERISTICS

Polysaprobic Immediately below discharge: large quantities of rapidly decomposing matter
(albumens, polypeptides and carbohydrates) reduce oxygen levels and may lead
to anaerobic production of hydrogen sulphide, and hence unpleasant odour, with
accumulation of black sludge deposits, bactena and protozoans. Fauna severely
restricted

w-mesosaprobic |First stage of recovery: amino-acids are abundant, bottom muds no longer black,
nuisance odour absent, bacterial counts still high. Fauna restricted.

[i-mesosaprobic |Second stage of recovery: charactenzed by ammoniacal compounds of fatty
acids; bacterial counts decline. Diversity of flora and fauna increases.

oligosaprobic Full recovery: approaches upstream condition.
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941 Indicator species or taxa

Different tolerance levels of species towards organic enrichment have led to the identification of
indicator species or assemblages. Severe organic enrichment results in the development of
profuse growth of “sewage fungus®, a community of heterotrophic micro-organisms charactenstic of
organic contamination (Hellawell 1986). The community may include bacteria, fungi, algae and
protozoans. Indicator species have been identified within each of these taxonomic groups,
ranging from species intolerant of, tolerant of, and indifferent to, organic enrichment. The tolerant
group may be further divided into those tolerant of mild, moderate and severe enrichment.

Macroinvertebrates, according to Hellawell (1986), include the species that are most documented
and understood as indicators of organic ennchment. Certain macroinvertebrates, for instance
larvae of the fly genera Eristalis (rat-tailed maggots) and Psychoda (sewage flies) are indicators of
severe organic enrichment. As dissolved oxygen decreases and reaches zero the community
becomes dominated by oligochaetes of genera such as Tubifex and Limnodnlus. As conditions
improve midges such as Chironomus (bloodworms) occur. These are detritus feeders, consuming
organic material in the waste, and burrowing into muddy and sandy bottoms and thus helping to
faciltate re-oxygenation. Subsequent recovery of the biola depends lo a certain extent on the
faunal community characteristic of an undisturbed river within the same region and river zone
Generally ephemeropterans (mayflies), plecopterans (stoneflies), coleopteran larvae (beetles) and
tnchoplerans (caddisflies) are indicative of relatively unpolluted water.
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CHAPTER 10: NUTRIENT ENRICHMENT

SUMMARY

Various plarnt nutnents are required for normal plant growth and reproduction. It is mitrogen and
phosphorus, however, that are most commonly implicated in excessive plant growth resulting from
nutrient enrichment (eutrophication) of aquatic systems. Most nurients are not toxic (exceptions
include nitrite and ammonia), even in high concentrations, but when present in aquatic systems in
these high concentrations, they may have a significard impact on the structure and functioning of
biotic communities. Climatic and calichment characteristics influence initial nutrient concentrations
in nvers. Anthropogenic sources of nutrients may be of the point-sowrce type (e.g. sewage
treatment works, industry, intensive animal enterprises) or nonpoint-source (e.q. agncultural runoff,
wban runoff, atmospheric deposition) or wban runoff. Agricultural activities such as land clearing
and fertikzer application are considered significant contributors to eutrophication of aquatic
ecosystems. On entering an aquatic system, phosphorus is dissolved in the water column
(as PO," ion) or adsorbed onto soil and other particles. High concentrations of phosphorus are
hkely to ocouwr in walers that receive sewage and leaching or runoff from cultivated land. Nitrogen
occws abundantly in nature and is an essential constituent of many biochemical processes.
Inorganic nitrogen may be present in many forms including ammonia (NH), ammonium (NH.'),
nitrites (NO;) and nitrates (NO;). On entering aquatic systems, nitrates are rapidly converted to
arganic nitrogen in plant cells. Nilrite is an intermediate in the conversion of ammonia to nitrate,
and is toxic to aquatic organisms. Un-ionized ammonia (NH,) is also toxic (0 aquatic organisms
and its toxicity increases as pH and temperature increase. Several management opthions are
avalable for reducing the input of nutrients into aquatic ecosystems. Cuwrent water quality
guidelines are designed to enswre that the trophic status of a water body does not change in a
negative dvection, e.g. from an olgotrophic to eutrophic state. The ratio of total inorganic
phosphorus to total inorganic nitrogen is used to establish trophic status. Site-specific conditions
need fo be considered when calkculating Target Water Quality Ranges. Guidelines for ammonia
are given in the form of chvonic and acute toxicity values.

101 INTRODUCTION

Plant nutrients are any elements required for normal plant growth and reproduction. In this sense,
plant nutrients include carbon, nitrogen, phosphorus, potassium, calcium, magnesium, sulphate
and silica, as well as other elements, termed “micro-nutrients”, which are required in much smaller
quantities (e.g. Addiscott ef al. 1991). Of the major nutrients listed above, nitrogen (N) and
phosphorus (P) are those most commonly implicated in excessive plant growth resulting from
nutnent enrichment of aquatic ecosystems. P has been more widely implicated than N as the
factor limiting primary production in freshwater systems (Harnt ef al 1992, Correll 1998), although
bioassay results suggest that both N and P can limit primary producers in streams (Dodds & Welch
2000). Nutrient enrichment is termed eutrophication and it can lead to an imbalance in biological
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communities, particularly to an increase in plant communities and associated water quality
problems.

Traditionally, research on eutrophication has focused on standing water bodies as opposed to lotic
systems. It is well known that as lakes age naturally, they become more enriched and progress
from relatively unproductive (oligotrophic) to better-nourished, more highly productive (meso- or
eutrophic) systems, which ultimately fill with organic material and become obliterated (Ruttner
1953 cited by Dye & Jones 1978). The system is normally in equilibrium over the short term.
Accelerated primary production due to human-induced nutrient enrichment, however, leads to a
change in this equilibrium. Eutrophication induced by man has been termed “cultural
eutrophication” (Dye & Jones 1978). Most nutrients are not toxic (exceptions include nitrogen-
derivatives ammonia and nitrite, and occasionally nitrate), even in high concentrations, but when
present in aquatic systems in these high concentrations, they may have a significant impact on the
structure and functioning of biotic communities.

This review focuses on nitrogen and phosphorus since concentrations of one or both of them lead
10 eutrophication of aquatic ecosystems. The other nutrients are dealt with in Separate sections
(See Chapter 7).

10.2 SOURCES OF NUTRIENTS

Cenain factors naturally contributing to the provision of nutrients to any system are fixed and
relatively constant with respect to a particular catchment or river reach. These include climatic
factors (weathering, erosion, rainfall and variability of runoff) and catchment charactenstics
(surface geology and land form) (Table 8.1). Anthropogenic sources of nutrients may be of the
point-source type (e.g. sewage treatment works, industry, intensive animal enterprises: Schofield
et al. 1990) or non-point-source (e.g. agricultural runoff, urban runoff, atmospheric deposition:
Carpenter ef al. 1998). Point sources are relatively simple to measure and regulate, and can be
controlled by treatment at the source (Carpenter ef al. 1998), unlike non-point inputs which are
diffuse and thus more difficult to measure and regulate. Of these, agncultural and urban activities
are considered the major sources of phosphorus and nitrogen to aquatic ecosystems (Carpenter ef
al. 1998). Nonpoint-source inputs are often intermittent and linked to seasonal agricultural
activities and irregular events such as heavy precipitation or major construction (Carpenter et al
1998). Concentrations of total soluble nitrogen, inorganic nitrogen, total phosphorus and
orthophosphate generally peak during the first two hours of runoff following a rainfall event (e g.
Simpson & Hemens 1978),

Associated with both agricultural, forestry and urban activities is catchment clearing, since cleanng
of indigenous vegetation from catchments is most often undertaken during preparation of land for
agriculture or afforestation. Whatever the ultimate designated use of the land, the act of clearing,
often impacts on the nutrient dynamics of the catchment and the associated water body. Pristine,
forested catchments in Australia export littie N and P and the predominant form of N is dissolved
organic nitrogen (DON) (Harris 2001), which is presumed to be largely unavailable for algal growth
(Smith and Hollibaugh 1997) and therefore contributes little to eutrophication. As calchments are
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cleared, exports increase and the predominant form of N changes from DON to dissolved
inorganic N (DIN), mostly in the form of nitrate and ammonia, which is much more biologically
avallable (Hams 2001). Exponts of N from Australian catchments are similar to those from
undisturbed temperate catchments but much less than those from undisturbed tropical catchments
(Harris 2001),

Table 10.1 Major potential sources of nutrients (nitrogen and phosphorus)

Sources
Weathering of rocks and soil
Erosion
Climatic
Rainfall
Variability of runoff
Surface geology
Catchment characteristics 8
Land form
Sewage effluent
) Industrial discharge
Point sources
Intensive animal enterprises
Detergents
Agricultural surface runoff
Anthropogenic Disturbance of soil mantle
Diffuse sources Addition of fertilizers
Manure
Urban runoff
. ) Gases released from agriculture
Atmospheric deposition
Buming of fossil fuels

10.3 MAJOR NUTRIENTS AND THEIR EFFECT ON AQUATIC ECOSYSTEMS

The major nutrients that contribute to eutrophication are phosphorus as phosphate ions (PO, ) and
nitrogen as nitrate (NO,), nitrite (NO,) and ammonium (NH,’) ions. Nitrogen and phosphorous
may also occur in organic forms (especially nitrogen - in proteins) but are used by plants in the
inorganic form. Microbes convert organic nitrogen and phosphorous to the inorganic form.

In standing waters (including natural lakes, impoundments, pool reaches of rivers with reduced
flow) nutrient ennichment can lead to a rapid numerical increase in fast-growing plant and animal
species which subsequently become pests and affect water quality for domestic, industnal,
ingation, recreational and other uses. Over the last three decades much research undertaken in
lakes and reservoirs has allowed the prediction of algal biomass and other water quality

B85



Nutnent Ennchment

parameters from nutrient loading and the concentrations of nutrients in the water column (e.g
Dodds et al. 1997). In contrast, general quantitative relationships between nutnent supplies and
algal biomass in lotic systems are not well characterised (Dodds ef al. 1997). Since this review is
primarily aimed at assessing the effect of nutrient enrichment on riverine and wetland biotas, the
wealth of Iterature pertaining to lakes is not referred to here.

Lotic systems are reported to be less susceptible to nutrient enrichment than are lentic systems
(Porter 1975) because there is little retention in the moving water of rivers. The iniial nutrient
loading of a stream influences the effect that subsequent addition of nutrients will have on the
system. This is clearly illustrated by the rate and extent of removal of orthophosphate (PO.-P)
and ammonium (NH.-N) added to a nutrient-poor stream (McColl 1974). At some stage of nutrient
enrichment a point will bé reached where additional ennchment will be both visible and significant
with respect to the aquatic biota. The longitudinal dynamic nature of a stream or river, unlike that
of a lake, implies that for an effect 1o be apparent al any particular point, continual enrichment at
that point needs to occur. It is therefore possible to reduce the effects of nutrient enrichment in
nvers by removing or reducing the source of nutrient enrichment, given that the stream or river s
flowing reasonably strongly.

Under conditions of low flow, however, a lotic system resembles a lentic system with respect to
nutrient retention. Thus nutrient enrichment in slowly flowing riverine ecosystems may result in
excessive plant (algal and macrophyte) growth (Cole 1973) and as the system becomes more
productive, different species of algae may become more compelitive and species composition
may shift (Kelly 1998). This may lead to a change in macroinveriebrate biomass and altered
communities (Bourassa & Cattaneo 1998). In extreme cases of primary production, organic
carbon will build up in the system and cause a “low dissolved oxygen and a high pH" event (Dodds
& Welch 2000). This may inhibit the growth of macroinveriebrates and fish and result in fatalities
due to the reduced oxygen and elevated pH. Cooper (1993) considers oxygen depletion 1o be the
greatest source of stress associated with eutrophication.

Blooms of cyanobactena (blue-green algae) are also a prominent symptom of eutrophication and
these blooms contribute 10 a wide range of walter-related problems including summer fish kills, foul
odours and unpalatability of drinking water (Carpenter ef al. 1998). When the cyanobacterial
blooms die or are ingested, water-soluble neuro- and hepalotoxins may be released, posing a
serous and even life-threalening hazard to both livestock and humans.

10.3.1 Phosphorus

Phosphorus (P) has a major role in the structure of nucleic acids (eg DNA) and in molecules (eg
ATP) involved in the storage and use of energy in cells (Addiscott ef al. 1991). It occurs most
commonly in dissolved form as the inorganic PO,” ion. Soluble Reactive Phosphorus (SRP), i.e.
immediately available phosphorus and phosphorus that can be transformed into an available form
by naturally occurring processes, is seldom found in quantity (<0.01 mg I”’ P) in non-poliuted water
as it is utiized by plants and sequestered in cells, Knowledge of the role of processes and
mechanisms that control the supply of bioavailable phosphate (i.e. orthophosphate and easily
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desorbed phosphate) is essential for the management of catchments, rivers and lakes 1o avoud
eutrophication (Webster ef al. 2001). Surface waters receive most of their P in surface flows
rather than in groundwater since phosphates bind to most soils and sediment (Correll 1998). The
phosphate ion is a highly surface-active species that is readily adsorbed to clay particles in the
sediment and water column (Webster ef al. 2001), or bonded to particles such as iron, aluminium,
calcium or organic polyphenols (Addiscott ef al. 1991). Thus during low-flow periods, sediments
act as a sink for P entering the stream at high concentrations from point sources. Under high flow
and/or anoxic conditions adsorbed P may be released from the sediments. Anoxia removes the
adsorbtive layer of the clay particles and greatly increases pore-waler concentrations (Webster ef
al 2001). Processes in the phosphate cycle are summarized by the phosphate flow diagram
(Figure 8.1) in which P-cycling is depicted together with the processes of inflow, outflow and
sedimentation.

Higher concentrations of P are likely to occur in waters that receive sewage, and leaching or runoff
from cultivated land. Import of P from agricultural land in New Zealand into aquatic systems is
largely linked with soil runoff (McColl & Hughes 1981). Experimental studies (Meyer & Likens
1979, Mulholland et al. 1985 cited by Hill 1988) showed that P retention time in streams was
affected by the flow regime and water residence time. Phosphorus (0.077 mg |I') added to
expenmental streams in Poland led to an increase in diatom biomass (Kownacki ef a/ 1985).
Continuous enrichment of a pristine arctic river with 10 ppb of phosphate-phosphorus caused an
immediate growth of attached algae for more than 10km downstream (Peterson ef al 1985) As a
result of this increased photosynthesis there was an increase in bacterial activity in films on rocks
and the system shifted from heterotrophy to autotrophy.
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Figure 10.1 Phosphate flow diagram visualizing the recycling of phosphate through the

biological compartments. (After Golterman 1975 cited by Golterman & Kouwe
1980).
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10.3.2 Nitrogen

Nitrogen occurs abundantly in nature and is an essential constituent of proteins, which include the
enzymes that catalyse all biochemical processes, and is therefore a major component of all living
organisms. It also forms part of other essential constituents of cells: the chlorophyll that is
essential for photosynthesis, the nucleic acids (DNA and RNA) in which the pattern for the
organism's growth and development are encoded, the proteins, and the walls that hold cells
together (Addiscott ef al. 1991). Nitrogen-containing compounds are thus involved in practically all
biological structures and biochemical processes.

In both natural and poliuted waters, inorganic nitrogen may be present in many forms, but the ones
that are measured by the common water quality tests include ammonia (NH,), ammonium (NH,'),
nitrites (NO;) and nitrates (NO;y). A schematic representation of the nitrogen cycle is depicted in
Figure 8.2. This cycle differs from the phosphate cycle in that nitrogen may enter and leave the
cycle as gaseous N; by nitrogen fixation (e.g. blue-green algae such as Anabaena sp. and various
species of Cyanobacteria have the ability to draw nitrogen directly from the air and incorporate it
into the tissue) and by bacterial and chemical denitrification, which takes place in oxygen-poor
conditions (e.g. sediments and heavily polluted rivers) (Golterman & Kouwe 1980).

Nitrogen fixation
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Figure 10.2. Schematic representation of the nitrogen cycle (From Golterman 1975 cited by
Golterman & Kouwe 1980).

10.3.21  Nitrate

Nitrates are the end products of the aerobic stabilization of organic nitrogen (Figure10.2) and may
enter water via fentilizers, agricultural runoff, etc. In spite of their many sources, nitrates are
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seldom abundant in natural surface waters (normally < 0.1 mg I N), because photosynthetic
action is constantly converting them to organic nitrogen in plant cells. They are, however, often
found in high concentrations in ground water (Porter 1975). Nitrate is not normally 1oxic but high
concentrations can be toxic to very young infants because NO, binds with foetal haemoglobin to
form a non-functional molecule, methaemogiobin.

10.3.2.2  Nitrite

Nitrite is a naturally occurring anion in fresh and saline waters. Human activities that increase
nitrite concentrations in aquatic environments include industrial production of metals, dyes and
celluloids, sewage effluents and certain types of aquaculture (Lewis & Morris 1986). It is the
imermediate in the conversion of ammonia to nitrate (Figure 10.2) and is toxic at certain
concentrations. Lewis & Morris (1988) reviewed the toxicity of nitrite to fish and descnbed the
mechanism of uplake and toxicity. Nitrite ions enter the fish through the chlonde cells. From the
blood plasma, nitrite diffuses into red blood cells, where it oxidises the iron in haemoglobin to the
+3 oxidative state, resulting in the formation of methaemoglobin, which lacks the capacity to bind
with oxygen. If the fish remains inactive (low oxygen demand) no immediate deleterious effects
are expenienced, but during activity (high oxygen demand) it may die of anoxia.

Toxic effects of nitrite are modified by water chemistry, particularly by chloride concentration
(nitrite toxicity increases as CI concentrations decrease). in fact there is an inverse linear
relationship between nitrite toxicity and chioride concentration (Lewis & Morris 1986). Other
anions, namely bicarbonate and nitrate, have also been shown to modify nitrite toxicity but not to
the same extent as chloride. Some evidence suggests that calcium and pH modify nitrite toxicity,
but it is inconclusive with respect to fish (Lewis & Momis 1986). A reduction in oxygen
concentration will negatively affect fish exposed to nitrite since their blood carrying capacity is
decreased.

10323 Ammonia

AMMONa 15 a common polivtant generally associaled with sewage and wdusinai eflivents and
occurs in either the free, un-ionized form (NMH,) or as ammonium ions (NH.'). It has been well
established that the toxicity of ammonia is directly relaled to the concentration of the un-ionized
form and that the ammonium ion has little or no toxicity (Williams ef al. 1986), although it does
contribute 1o eutrophication. In surface or ground waler ammonium generally results from the
decomposition of nitrogenous organic matter, and is one of the constituents of the nitrogen cycle
(Figure 10.2) (McKee & Wolf 1963). Ammonia is present in small amounts in air, soil and water, and
in large amounts in decomposing organic matter. Natural waters typecally contain ammonia and
ammonium compounds in concentrations below 0.1 mg I

Ammonia gas is readily soluble in walter (solubility = 100 000 mg 1" at 20°C: Hant ef al. 1992) and
reacts with the water to form ammonium hydroxide. This then dissociates into ammonium and
hydroxyl ons, which tends to raise the pH value of the waler. The toxicity of ammonia and
ammonium salts to aquatic organisms is direclly related to the amount of undissociated
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ammonium hydroxide in the solution. At low to medium pH values, the ammonium ion dominates,
but as pH increases ammonia is formed (Schubauer-Berigan ef al. 1995) (Tables 10.2) the latter
being toxic to aquatic organisms. Thus a high concentration of ammonium ions in water at low pH
is not toxic, but if the pH Is raised toxicity will develop. Ammonia toxicity is also affected by the
concentrations of dissolved oxygen, carbon dioxide and total dissolved solids, and the presence of other
toxicants, such as metal ions.

Un-ionized ammonia affects the respiratory systems of many animals, either by inhibiting cellular
metabolism or by decreasing the oxygen permeability of the cell membrane (Gammeter & Frutiger
1990) Acute toxicity to fishes may cause loss of equilibrium, hyperexcitabilty, increased
breathing rate, cardiac output and oxygen intake, and in extreme cases convulsions, coma and
death (Hart et al. 1992). Chronic effects of ammonia include a reduction in hatching success,
reduction in growth rate and morphological development, and pathological changes in tissues of
the gills, liver and kidneys (USEPA 1986 cited by Hart ef al. 1992). Behavioural observations on
the mayfly Ecdyonurus dispar revealed that it increased ventilation of its gills following exposure to
ammonia, indicating a respiratory effect (Gammeter & Frutiger 1990).

Table 10.2 Contribution of un-ionized NH; to total ammonia (expressed as a percentage),
as a function of pH value and water temperature (After DWAF 1996).

oH Water Temperature (°C)

0 5 10 15 20 25 30 35
6.0 0.0083 0.012 0.019 0.027 0.039 0.056 0.079 0.1
6.5 0.026 0.039 0.059 0.086 0.12 018 025 035
7.0 0.083 0.12 0.18 0.27 0.39 0.56 0.79 11
75 0.26 0.39 0.58 0.85 12 1.7 24 34
80 082 1.2 18 26 38 53 73 99
85 26 38 55 79 1 15 20 26
9.0 76 1" 16 21 28 36 44 52
95 21 28 37 45 55 64 n 78

A study in Wales that assessed the impact of intensive dairy farming on river quality (Schofield et
al. 1990) revealed significantly deleterious effects on macroinvertebrate communities in a stream
subjected to 3-5 mg |’ NH, (background level) and 20 mg I (peak). The peaks were linked to
washing of the farm area and rainfall events. Dense populations of a few pollution-tolerant taxa
dominated receiving streams. Hemmanutz ef al. (1987) maintain that gradual increases in NH,
concentration can lead to acclimation by fish populations, but that these populations were very
susceptible to fluctuating NH, concentrations. NH; added to experimental streams (0.83 mg | )
resulted in @ marked increase in ammonifying bacteria and microfauna, particularly ciliates
(Kownacki ef al. 1985). Under anoxic conditions ammonia is released into the water from the
sediments (James & Evison 1979).
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A recent study examined the chronic effects of ammonium and its products on three aquatic
organisms, namely the amphipod, Gammarus pulex, the caddisfly, Limnephilus lunatus and the
gastropod, Radix ovata (Berenzen ef al. 2001). The study, performed in a microcosm at pH of 7 -
8, aimed to determine the no-observable effect concentration (NOEC) for the mixture, regardliess
of the breakdown of ammonium into ammonia, nitrate and nitrite.  Of the three laxa, G. Pulex was
the most sensitive. It exhibited a 98% decrease in abundance at an ammonium concentration of 3
mg I'' (corresponding to 0.91 mg | ' nitrite and 0.15 mg I"' ammonia). This was 10-fold lower
than studies in which the toxicity of substances formed by the breakdown of ammonium were
investigated separately. L lunatus and R. ovata were less sensitive and were affected at
concentrations 10 times higher than G. pwex. This study highlights the synergistic effects that
may occur when several toxic substances are present in a water body.

104 MANAGEMENT OPTIONS FOR REDUCING NUTRIENT ENRICHMENT

Reversal of eutrophication requires the reduction of P and N inputs (NRC 1992 cited by Carpenter
et al. 1998). The following list provides information on management options for reducing nutrient
ennchment in aquatic ecosystems.

1.  Removal of nutrients from sewage. The treatment of domestic wastewater is fairly advanced
and 70 - 95% of phosphorus, and most nitrogen, can be removed (Moss 1980).

2. Improvement of agricultural practices, including both land preparation and fertilizer
application. Various studies have shown that a large percentage of nutrient enrichment
directly or indirectly results from excessive fertilizer application (McColl & Hughes 1981,
Carpenter ef al. 1998). The following management options linked to agricultural activities
have been synthesised from McColl & Hughes (1981) and Carpenter ef al. (1998).

« Selective and specific application of ferulizers to reduce direct enltry into water bodies.

« Timing of application 10 avoid heavy rainfall periods and to coincide with peak agricullural
growth.

« Avoidance of fertilizer application to areas susceptible to erosion e.g. overgrazed or
trampled land.

e The estabiishment of buffer strips in ripanan zones 10 mitigate the movement of nutnents
from adjacent steeper slopes and into water. Vegetated buffer strips reduced P transport
lo streams by 50-85% (Osbome & Kovacik 1993).

« Management of wastes from high-density livestock operations as a poim source of
pollution.

3. Control of uwban nonpoint-source pollution via the use of retention ponds, wetlands,
greenways, litter control and street sweeping, reduction of impervious areas, and reduction of
erosion, especially from construction sites.

4. Reduction of atmospheric deposition of N by more efficient use of fertilizers and improved
handling of animal wastes

"
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105 CURRENT STANDARDS IN SOUTH AFRICA
10.5.1 Total inorganic phosphorus (TP) and total inorganic nitrogen (TN)

Water quality guidelines for the control of nutrient enrichment need to ensure that the trophic
status of the water body does nol move in a negative direction, i.e. 10 a more eutrophic state. It is
therefore necessary to know both the natural trophic state of the system and the likely
concentrations of P and N that may cause a shift in nutrient status. Management critena based on
TP and TN (i.e. total phosphorus and total nitrogen) are considered the best option for the control
of nuisance algal growth in streams and river (Dodds et al. 1997) since instream TP and TN
concentrations are more indicative of the nutrients that are ultimately biologically available for
benthic algal growth than are DIN or SRP (Dodds ef al 1997). They considered target
concentrations of TP and TN maintained below of 0.03 mg I”' TP and 0.35 mg I'' TN respectively
should ensure chiorophyll a concentrations below 100 mg m”.  Chlorophyll a is often used as a
non-specific indicator of the trophic status of a water body (NWQMS 2000). These values may
however vary from System to system, highlighting the impontance of including some form of
regional reference condition,

South African water quality guidelines (DWAF 1996) recommend the measurement of total
inorganic phosphorus (TP) and total inorganic nitrogen (TN). The ratio of TN. TP may then be
used to establish the trophic status of the water body. Unimpacted streams typically have an TN. TP
ratio greater than 25-40:1; whilst most impacted (i.e. eutrophic or hypertrophic) Systems have an TN.TP
ratio less than 10:1. The TN.TP ratio is affected by turbidity since high turbidity can limit algal growth
despite there being adequate nutnents available (NWQMS 2000).

Changes in the trophic status accompanied by the growth of algae and other aquatic plants in rivers,
lakes and reservoirs is the nomm used o assess the effects of phosphorus and nitrogen on aguatic
ecosysterns (DWAF 1996)  Spatial and temporal vanations in natural TP and TN concentrations need
1o be taken into account when assessing the potential effect of elevated concentrations on the aquatic
environment, l.e. ste-specific conditions need 10 be considered.  Occasional peaks of inorganic
phosphorus and inorganic nitrogen concentrations above the Target Water Quality Range (TWQR) are
less important than continuously high concentrations. Single measurements of TP or TN are a poor
basis for companson. Average summer TP and TN concentrations provide the best basis from
which to estimate the likely biological consequences of TP and TN. Weekly concentrations,
averaged over a period of at least 4 weeks, should be compared with the TWQR.

The TWQR for all surface waters (DWAF 1996):

« TP or TN concentrations should not be changed by more than 15% from that of the water
body under local unimpacted conditions at that time of year; and

« the trophic status of the water body should not increase above its present level, although a
decrease in trophic status is permissible; and

« the amplitude and frequency of natural cycles in TP and TN concentrations should not be
changed.
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TP and TN concentrations below 0.005 mg P/l and 0.5 mg N/ respectively are considered to be
sufficiently low that they can limit eutrophication and reduce the likelihood that nuisance growths
of algae and other plants will develop. However, in the presence of sufficient available
phosphorus, nitrogen-fixing organisms will be able to fix atmosphenc nitrogen to make up for any
deficit caused by low inorganic nitrogen concentrations. The information given in table 8.3 below
illustrates typical symptoms associated with selected ranges of TP and TN concentrations.

Table 10.3 Symptoms or effects associated with selected ranges of inorganic phosphorus
and nitrogen concentrations (After DWAF 1996).

Average Summer Concentration
(mg/)
o Symptoms or Effects
Inorganic Inorganic
Phosphorus Nitrogen
Oligotrophic conditions with no or very few water quality
< 0.005 <05 problems; usually low productivity systems with rapid
' ' nutrient cycling; no nuisance growths of aquatic plants or
undesirable blue-green algal blooms.
Mesotrophic conditions with moderate or occasional water
0.005 — 0.025 05.25 quality problems; usually productive systems,; occasional

nuisance growths of aquatic plants and blooms of blue-
green algae; algal blooms seldom toxic.

Eutrophic conditions with frequent water quality problems;
usually highly productive systems, with frequent nuisance
0.025 -0.25 25-10 growths of aquatic plants and blooms of undesirable blue-
green algae; algal blooms may include species which are
toxic 10 man, livestock and wildlife.

Hypertrophic conditions with almost continuous water
quality problems; usually very highly productive systems;
>025 >10 frequent nuisance growths of aquatic plants and blooms of
undesirable blue-green algae, often including species
which are toxic to man, livestock and wildlife.

10.5.2 Ammonia

Single measurements of ammonia are of mited use and it is recommended that weekly ammonia
concentrations, averaged over a penod of al least 4 weeks, with the minimum and maximum values
reported, shoukd rather be compared with the TWQR (DWAF 1996). Interpretation of the ammonia
guidelines is based on the total ammonia concentration of a water sample, in addition to the proportion
of the loxic un-ionized form. The potential effect of ammonia on the aquatic environment is modified by
the chemical species present, the relative proportions of each and other factors such as pH.
temperature and dissolved oxygen concentration.
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The chronic and acute toxicity of ammonia are used as norms for assessing the effect of ammonia in
the aquatic environment. Appropriate data are obtained from chronic and acute laboratory tests to set
critenia for ammonia concentrations in the natural environment. The TWQR and criteria for un-ionized
ammonia in aquatic ecosystems is given in table 8.4 (Aflter DWAF 1996).

Table 10.4 Target Water Quality Range and criteria for un-onized ammonia in aquatic

ecosystems (After DWAF 1996).
TWQR and criteria Un-ionized ammonia concentration (g N/I)
Target water quality range (TWQR) <7
Chronic effect value (CEV) 15
Acute effect value (AEV) 100




CHAPTER 11: BIOCIDES

SUMMARY

Biocides are chemicals that kill iving organisms and that are used in the control of pests, usually
associated with agricultural crops and vector-borne diseases. The most commonly used biocides are
herbicides, fungicides and insecticides. Potential sources of biocides in aquatic systems include direct
apphication (for pest control), industrial eMuents, sewage, leaching and runoff from soil, and deposition of
aevosols and particulates. Studies have concentrated on biocide residues in the biotic and physical
environment, bioaccumulation, determination of tolerance (acufe and chronic) imits of aquatic organisms
and the effects of biocides on whole communities. The nature, modes of action and toxicity of biocides
vary considerably. Generally, organochlorine insecticides (e.g. DDT, dieldrin) are the most hazardous
with respect to the natural environment and their use has thus been banned in many countries. These
biocides are persistent in the environment, concentrating in organisms and thus through food chains.
Methods for the detection and quantification of biocides are complex and expensive. Analyses are
complicated by the small quantities of biocides found in water and the vanely of breakdown products,
with vanable toxic properties, of most biocides.

11 INTRODUCTION

Biocides are chemicals that kill living organisms and are therefore used in the control of pests, often
associated with agricultural crops and vector-borne diseases. Most biocides contaminating aquatic
ecosystems are herbicides, insecticides and fungicides. Biocides enter aquatic environments by direct
or indirect application (for pest control); in industrial effluents (including disposal of agricultural waste),
in sewage; by leaching and runoff from soil; and by deposition of aerosols and particulates (Robinson
1973). Biocidal chemicals are usually categorized as inorganics (e.g. arsenicals, mercuricals, borates
and fluorides), natural organics (e.g. rotenone, pyrethrum and nicotine) and synthetic organics (e.g.
chlorinated hydrocarbons, organic phosphates and thiocarbamates) (McKee & Wolf 1963)

The era of synthesic and use of organic biocidec began in 1940, and their production soon
mushroomed: by 1973, Edwards reported approximately 1000 biocidal chemicals in common use
around the world. Only in the late 1950s did the long-term ecological hazards of biocide use began to
manifest themselves, however (Carson 1962). Since then much research has been directed towards
determining the effects of biocides on both target- and non-target organisms. The effects of synthetic
biocides on the blophysical environment are exacerbated by the fact that they may degrade to form
breakdown products, some of which may be toxic, some persistent, and many difficult and expensive
to measure. This results in problems in accurate measurement of quantities of biocides, and their
effects, in natural systems (see 11.8.2).

Most ecological studies on biocides have estimated the concentrations of active ingredients and
residues in the environment (e.g. McNaughton 1988 for ground water in Canada; Weaver 1993 for
ground water in South Africa; Kimborough & Litke 1996, for Colorado streams, Liess ef al. 1999 for a
stream in Germany,; Schulz 2001, Schulz ef a/2001a, b for the Lourens River, Western Cape).
bioaccumulation (e.g. Schmitt ef al. 1983; Ohlendorf ef al. 1988, Stendell of al. 1988; Barron 1990,
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Grobler 1994; Roux ef al 1994); determination of tolerance (acute and chronic) limits of aquatic
organisms (e.g. Phipps ef al. 1995, and see Hellawell 1986 for a review), effects on fish behavious
(Matthiessen & Logan 1984); the effects of biocides on biotic interactions or whole communities (e.g.
Raven & George 1989, Davies & Cook 1993; Maloney 1995; Schulz 1998) and on ways of preventing
or reducing contamination of aquatic ecosystems (e.g. Schulz & Peall 2001, Schulz ef al 2001¢)
Hellawell (1986) reviews the toxicity of various biocides to aquatic organisms.

11.2 ENVIRONMENTAL CONTAMINATION IN SOUTH AFRICA

The extent of environmental contamination by biocides has been intensively investigated in many
parts of the world, although less is known about the situation in Africa, including South Africa, than in
the developed world. While the extent of biocide contamination is virtually unknown for most of South
Africa (for instance, practically no data exist for of large water storage reservoirs ), a good deal of
information is available for the south-western Cape. London ef al (2000) and Dalvie & London (2001),
for instance, have investigated surface and ground water concentrations of chlorpyrifos and
endosulfan in the Stellenbosch area, with regard to contamination of drinking water in rural areas.
Concentrations of both insecticides were generally low. although most samples did contain
measurable traces (or more) of both substances. Davies (1997) found significant traces of vanous
insecticides in small farm dams in the south-western Cape, while Schulz and colleagues (e.g. Schulz
2001, Schulz & Peall 2001, Schulz ef al. 2001a, b, c) have examined insecticide contamination of the
Lourens River.

While DDT was banned for agricultural use in South Africa in 1976 (Curtis & Jenkins 2001) it is still
used for mosquito control (du Toit 1995) because it is just about the only insecticide still effective in
controlling certain species of malana-carrying mosquitoes. (See section 11.5 for a brief discussion of
resistance to pesticides.) Appleton (1985) provides a review of molluscicides used in South Africa for
the control of the vectors of Schisfosoma, the parasite that causes bilharzia, freshwater snails are the
intermediate hosts of Schisfosoma and attempts are commonly made to control them by chemical
means.

113 TOXIC EFFECTS OF BIOCIDES IN AQUATIC ECOSYSTEMS

11.31 Laboratory and mesocosm experiments

The relative toxicities of different biocides to different organisms have been investigated both in the
laboratory and (more recently) in the field but an understanding of these phenomena becomes
complicated by the increasingly huge number of chemical compounds being developed and the
variety of test organisms in use. Thus this review does not attempt to provide a complete account of
different biocides or the extent of the:r toxicity. For detailed hists of toxicity values for numerous
biocides the reader is referred instead to the web sites listed at the end of the report.

Extrapolation of toxicity test data to ecological systems is complicated by site-specific and species-
specific variability, by the method of application, and by experimental conditions. Physical variables
such as temperature, salinity, pH and dissolved oxygen affect bioassays and complicate compansons.
Because of these difficulties, Livingston (1977) proposed that acute toxicity testing be viewed merely
as the preliminary step in determining the potential effect of a given biocide on aquatic organisms
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Further, Brown (1982 cited by Barlin-Brinck 19981) noted that sublethal effects of biocides, on
behaviour, growth and reproduction, for instance, are not necessarily revealed by conventional LCs,
tests. The situation is not significantly different today.

In an early attempt to relate laboratory data to the situation in the field, Hansen & Garton (1982)
assessed the ability of a standard set of freshwater single-species toxicity tests (as per the USEPA
guidelines) to predict the effects of the insecticide diflubenzuron (0.05 to 0.09 mg I'") on laboratory
stream communities. The tests correctly predicted the concentrations of diflubenzuron that resulted in
direct mortality of affected stream organisms but more subtle effects due to altered interspecific
interactions were not predicted.

It is not normally possible to mimic field conditions adequately in a laboratory, while attempting to do
any well controlled experiments in the field is seldom successful. A considerable amount of pesticide
toxicity testing is therefore done in mesocosms, which are large artificial containers approximating in
some degree 1o field conditions and often kept in the field. Schulz & Liess (1995) and Liess & Schulz
(1996), for instance, examining chronic effects of short-term contamination with fenvalerate, lindane
and parathion on caddisfly larvae, demonstrated slight decreases in emergence rates and increases in
montalities even at concentrations as little as 1-10 ng | ' applied for one hour. These effects occurred
at concentrations orders of magnitude lower than anything previously demonstrated. Examining
sublethal effects of azinphos-methyl and fenvalerate in stream mesocosms, Schulz & Dabrowski
(2001) have shown increased predation by fish on mayfly nymphs as a result of the pestiades causing
the mayflies to drift. Itis clear from these and other mesocosm studies that we still have a great deal
10 learn about sublethal effects in field conditions.

Some mesocsom experiments have shown that short-term exposure to herbicides does not
necessarily have any measurable effects on stream biotas. Schneider ef al. (1995), for instance,
found that the application for 24 hours of the herbicide Velpar L (hexazinone) resulted in a fleeting
(one-day) reduction in chiorophyll a in the periphyton but no apparent effects on the invertebrates of
experimental stream channels.

11.3.2 Toxicity in the field

Effects of toxins at population and community level have been termed "secondary effects” by Hurlbert

(1975). Secondary effects are defined as "changes that take place in an ecosystem following and as a

result of direct biocide (primary) effects on the growth, survival and reproduction of sensitive species”.

These effects, which include decreasing interspecific competition, replacement of susceptible by

tolerant species, evolution of genetic resistance, migration, and recolonization, are dependent on the

nature and ‘target’ of the biocide. Among the most commonly reported secondary effects are (Hurlbert

1975, p139):

* increased abundance of macroscopic filamentous algae following insecticide-caused mortality of
hertsvorous insects

« reduction of invertebrate populations dependent on aquatic vegetation as a physical substrate or
hiding place (biomass decreased after herbicide application)

* increased populations of benthic detritus feeders following the destruction of aquatic vascular
plants with herbicide

* increased abundance of certain invertebrates following insecticide or piscicide-induced mortalty
of predatory invertebrates or fish

97



Biocides

e increased abundance of certain invertebrates following reduction of populations of their
competitors, and increased abundance of predators that can utilize the replacing species

e increased growth rates for surviving individuals in food-limited populations whose densities are
lowered by biocide-induced mortality

« population declines of species that cannot sustain the competition of other species which have
increased following biocide-induced mortality of a predator that preyed preferentially on these
other species.

Field-based studies are not nearly as common as laboratory- or mesocosm-based studies but those
that do exist have been able to show community-wide effects. For instance, Raven and George
(1989) followed the decline and recovery of the invertebrate assemblage in an English stream after an
accidental spillage of chlorpyrifos. These authors noted that, as expected, all aquatic arthropods were
killed, while molluscs and annelids survived. The sediments remained contaminated for months after
the insecticide could no longer be detected in the water itself. While most taxa had recovered within
18 months of the accident, a species of beetle and one of caenid mayfly had not returned after two
years.

Davies & Cook (1993) recorded catastrophic invertebrate drift and transient effects on trout in a
Tasmanian stream immediately after cypermethrin (a pyrethroid insecticide) was sprayed onto a
eucalypt plantation through which it flowed. Schulz (1998) analysed the effects of parathion- and
fenvalerate-contaminated surface runoff on the invertebrate assemblage of a headwater stream in
northern Germany and showed that numbers of virtually all of the invertebrate species he examined
were reduced, in some cases for several months after the runoff events. In contrast, Maloney (1995)
found no significant differences in invertebrate numbers in a stream in New Zealand that has been
contaminated by the herbicide triclopyr in an attempt to eradicate alien plants.

11.33 Synergism and antagonism

One might expect that the combined effects on an organism of any two toxins would be additive - in
other words that each would act independently of the other. In fact this is often not so. Some
pesticides and other toxins have a greater-than-additive effect and are said to act synergistically to
one another, while others have a less-than-additive effect and are said to act antagoristically to one
another. From a practical point of view this means that one cannot easily predict the overall effects on
aquatic ecosystems of pesticides applied sequentially over the season, or appearing in rivers as runoff
after rains.

1.4 BIOACCUMULATION

Bioaccumulation is the result of the ability of a living organism to concentrate and accumulate, and
thus "magnify” in its tissues, a chemical substance, either directly from the surrounding medium or
indirectly through the food-chain (Bruggeman 1982 cited by Jaffe 1991). Accumulation directly from
the surrounding medium is called bioconcentration and is defined (Bruggeman 1982 cited by Jaffe
1991) as the phenomenon whereby a chemical substance accumulates in an organism by direct
contact with the surrounding medium through oral, percutaneous, or sometimes respiratory courses’
Barron (1990) reviews the topic of bioconcentration of water-borne organic substances.
Biomagnification is the ‘phenomenon whereby a chemical substance accumulates in an organism



through different trophic levels in the food chain’ (Bruggeman 1982 cited by Jaffe 1991).

Many biocides are fat-(lipid)-soluble and these usually become stored in the lipid fraction of organisms
consuming them. It is this accumulation that is particularly important to humans, who are often
positioned at the top of the trophic pyramid, consuming animals that have already accumulated
iocides in their tissues. The use of biocides to enhance food production may, if sufficient control and
training in their application is not ensured, lead to contamination of protein sources (fish and shellfish),
which are particularly important in developing countries (e.g. Lemke 1983). A classic example of
biomagnification of a persistent biocide, DDT, up the food chain’is presented in Table 11.1 (from
Woodwell ef al. 1967 cited by Odum 1971, but see also Schmitt ef al. 1983; Stendall ef al. 1988,
Ohlendorf ef al. 1988). Data on quantities of pesticides and other contaminants in various South
Afnican organisms are available for the Crocodile River (Roux ef al. 1994) and the Olifants River
(Grobler 1994), and for fish in various rivers (Heath & Claassen 1999).

Table 11.1 An example of concentration up the food chain of a persistent biocide, DDT, and its
residues (mg [') DDT + DDD + DDE, on a wet-weight, whole-organism basis. (From
Woodwell ef al. 1967 cited by Odum 1971).

Total residues mg I’
Water 0.00005
Plankton 0.04
Silverside Minnow 0.23
Sheephead Minnow 094
Pickerel (predatory fish) 1.33
Needlefish (predatory fish) 207
Heron (feeds on small animals) 357
Tern (feeds on small animals) an
Herring Gull (scavenger) 6.00
Fish hawk (Osprey) egg 13.80
Merganser (fish-eating duck) 22.80
Cormorant (feeds on larger fish) 26.40

Although it is possible to measure biocide residues in the fatty issue of organisms, the significance of
these levels for the organisms has not been established (Addison 1976). It is not clear what a
particular concentration in the fat deposit of a particular organism means in terms of its physiological
or blochemical well-being. Itis clear, though, that when animals are stressed or starved, fat is broken
down and fal-soluble residues are released into the tissues, thus imposing an extra stress.

1.5 GENETIC RESISTANCE TO PESTICIDES

Resistance to pesticides by pest organisms is becoming a major problem worldwide. Itis perhaps best
known that many bacteria have become resistant to antibiotics (the bacilius that causes TB is
particularly resistant to virtually all antibiotics), and that the parasite Plasmodium, which causes
malaria, has become resistant to various anti-malarnal agents. The same biological phenomenon has
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occurred with regard to insects becoming resistant to pesticides. The mechanism of action is well
known (see any textbook on evolution for details). Essentially, mutant forms of insects arise by
chance in each generation, whether insecticides happen to be present in the environment or not. If it
s0 happens that one of these mutations gives its possessor a selective advantage over others in the
population (in this case, not dying in the presence of the insecticide), then it will survive and pass the
mutated gene on to its offspring, who in turn will be able to survive and pass the same gene on to their
offspring. Pretty soon, we have a large population of resistant individuals. For this reason, we need to
be extremely circumspect in the frequency that we use insecticides because although the insecticide
does nof ‘cause’ the mutation to occur, it does provide a selective advantage to individuals carrying
the mutated gene. It is this process that has resulted in insecticide resistance in many species of
mosquito in many parts of southern Africa; such resistance has meant that the far more toxic and
persistent DDT and other organochlorine insecticides are again being used in southern Africa. Itis not
clear how soon the mosquitoes will develop mutants that protect them against DDT, or how soon the
genes that protect organophosphorus-resistant mutants will disappear from the population now that
these chemicals are no longer effective, and therefore no longer used.

116 THE NATURE, MODES OF ACTION AND TOXICITY OF BIOCIDES

Biocides include acaricides, algicides, anthelminthics, avicides, defoliants, fumigants, fungicides,
herbicides, Insecticides, molluscicides, nematocides, ovicides, piscicides and rodenticides (Benson
1969 cited by Livingston 1977, Genis & Rabie 1983 cited by Barlin-Brinck 1991). Many of these vary
in their mode of toxic action, environmental persistence and pathways of decomposition. This review
focuses on those biocides most commonly used and most potentially dangerous 1o aquatic biotas.
PCBs (polychloninated biphenyls), which are largely associated with industrial effluents, are not
included, although they are similar to organophosphorous insecticides (Livingston 1977) in their
potential impact on aquatic environments.

11.6.1 Fungicides and herbicides

Herbicides are substances used to control plant growth and are therefore obviously toxic to plants.
Some are general metabolic poisons and may therefore be toxic to animals and micro-organisms (oo
Both fungicides and herbicides include a broad spectrum of organic and inorganic compounds with
various toxicity ranges, levels of chemical stability and environmental persistence. This makes
generalizations difficult, although relative to certain insecticides they do not persist in the aquatic
environment and do not biomagnify to any degree in aquatic food chains (Livingston 1977).
Herbicides are usually divided into five categories, depending on their effect on plants. These are:
* Inhibitors of photosynthesis (e g. triazines, uracils)

« Photosynthetic energy deviators (e.g. paraquat)

¢ Inhibitors of chlorophyll formation (e.g. amitrols, pyrichlor)

* Uncouplers of respiration (e.g. 2 4-dinitrophenol - DNP, dinoseb)

o  Growth regulators (e.g. 2.4-D, 2.45-T)

11.6.2 Insecticides

Insecticides include some of the most frequently used biocides. Hellawell (1986) compared the main
characteristics of synthetic insecticides as follows (Table 11.2):
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Table 11.2 Comparison of the main characteristics of synthetic insecticides (from Hellawell

1986).
Characteristic Organochlorines Organophosphates | Carbamates
Potential for entry into fresh water | strong strong moderate
Solubility in water very low low low
Aquatic toxicity high moderate moderate
Aquatic persistence prolonged short short
Bioaccumulation potential strong weak weak

11.6.2.1  Organochlorines

This group includes the chlorinated hydrocarbons (e.g. DDT) and the cyclodienes (e.g. aldrin, diekdrin,
endrin). They are inexpensive to produce and very effective in pest control, making them cost-
effective. They are however very persistent in the environment, largely insoluble in water,
photostable, highly toxic to many organisms (Livingston 1977) and have a tendency to biomagnify and
bioconcentrate through food-chains. The organochlorine insecticides interfere with calcium
metabolism and affect the nervous system by moving into the nerve membrane. The infamous DDT
(and its derivatives DDD and DDE), dieldrin and mirex are in this group. The US Fish and Wildlife
Service has produced useful reviews of the environmental hazards of a number of organochlornine
compounds including toxaphene (Eisler & Jacknow 1985), mirex (Eisler 1985a) and pentachiorophenol
(Eisler 1989a).

11.6.2.2 Organophosphates

Organophosphate insecticides, which are now very widely used, are much more biodegradable and
less subject to biomagnification than are the organochlorines, and are also usually unstable in the
presence of sunlight. Their toxic action is by the inhibition of acetyicholinesterase, an enzyme
involved in the transmission of nerve impulses in virtually all animals. A major problem with any
insecticde having such a universal effect on animals is that non-target species are often even more
affected than is the targeted pest species. (In the case of organophosphorus insecticides, tests for
cholinesterase inhibition are useful for estimating the degree of incidental contamination of non-target
organisms.) Furthermore, the development of resistance by the target organisms often forces the user
to increase doses in order 10 maintain the required degree of effectiveness of the insecticide. The US
Fish and Wildlife Service has produced useful reviews of the environmental hazards of a number of
organophosphorus compounds including chlorpyrifos (Odenkirchen & Eisler 1988) and diazinon (Ersler
1986a).

11.6.2.3 Carbamates

Carbamales share many properties, including inhibition of acetylcholine esterase, with the
organophosphate insecticides. Eisler (1985bh) reviews the environmental hazards of carbofuran, a
carbamate inseclicide.
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11.6.24 Pyrethroids

Pyrethroids are analogues of the naturally occurring insecticide pyrethrum, which has been in use as
an insecticide for some time. Natural pyrethrin derivatives tend to be less toxic to mammals than
most other insecticides are, and they are readily biodegradable. Synthetic pyrethroids prepared in
recent years are highly toxic to fish and some experts believe their effects to be similar to that of DOT
(Plapp 1981 cited by Barlin-Brinck 1991). Synthetic pyrethroids are photostable and resistant to
metabolism, and there is evidence for cross-resistance in insects between DDT and pyrethroids (e.g.
Barlin-Brinck 1991).

1.7 ENDOCRINE DISRUPTORS, HORMONE MIMICS OR ENVIRONMENTAL
OESTROGENS

In the last few years (e.g.Tyler ef al. 1995), it has become clear that breakdown products of some
biocides, particularly of various insecticides, are having a rather unexpected effect on living
organisms: they are mimicking the natural hormones produced in our bodies . The most obvious
effects are on sex hormones, resulting in what has sometimes been called the ‘feminisation of Nature’'
(e g Cadbury 1997). The topic is a complex one that cannot be dealt with in detail here. For the South
Afncan situation with regard to endocrine disruptors, the reader is referred to Meintjies ef al. (2000), a

companion volume to the present report.

118 PRACTICAL ISSUES
11.81 Modes of application and routes of contamination of aquatic ecosystems

To summarnse what has been said above, insecticides may occur in natural ecosystems, both in water
and in aquatic sediments. These substances are difficult or expensive to detect in small quantities.
Furthermore, some also form a variety of breakdown products of different toxicities. They may also
interact antagonistically or synergistically with each other, and with other toxins, so that assessing the
risk posed by biocide contamination of a particular aquatic ecosystem can be a very difficult, and
sometimes an almost impossible, task.

With respect to the potential contamination of aquatic ecosystems with biocides, the method of
apphcation (particularly of biocides used for controlling insects and other invertebrate pests) is critical
in determining the level of contamination. Aerial application will obviously have a significantly greater
effect than will selective application on the ground. Even so, the type of carrier material, and the size
and other properties of spray droplets produced, can significantly affect the extent to which non-target
surfaces become contaminated. The quantities reaching streams can be significant: for instance, 3%
of the biocide triclopyr applied to agricultural land in New Zealand entered the adjacent stream
(Wilcock et al. 1991).

Furthermore, much of the pesticide that lands up in surface waters (and, indeed, ground waters) was
sprayed onto terrestrial crops. Some of the active ingredient may land up directly in the stream as a
result of spray drift, while some will be held on the crop or in the soil, and it may then be washed
directly by runoff into the stream or penetrate through the soil profile into the ground water (and thence
into a stream). Schulz and his group have quantified these effects for the Lourens River in the south-
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western Cape. While in Europe the major route of contamination seems to be aenal in spray-dnft (e g
Schulz 2001), in the Lourens River the route seems to be mainly via runoff after spates, especially
after dry spells (e.g. Schulz ef al. 2001a. b, c).

11.8.2 Reducing environmental impacts

In Europe, much of the effort towards reducing the effects of pesticides on non-target ecosystems has
been directed towards methods of application (e.g. Schulz 2001), for instance by controlling the sizes
of spray nozzles. Reducing these effects in a very windy area like the south-western Cape is not very
effective, though, and other ways are being sought for reducing the amount of active ingredient
reaching aquatic ecosystems. Schulz & Peall (2001) and Schulz ef al (2001c) have shown, for
instance, that a small constructed wetland acting as a detention pond is very effective in reducing
loads of pesticides reaching the Lourens River via small tributaries draining the surrounding orchards.
Dabrowski ef al. (2002) report on attempts to model, and thus predict, the quantities of pesticides
reaching the same river, and show that riparian strips of intact vegetation are very effective in
reducing contamination of the streams they line.

1183 Chemical analyses

Quantification of pesticides and their residues is a complex and expensive business and South Africa
has relatively few laboratories with the equipment and expertise to conduct the analyses. Qualty of
biocide analysis is encouraged by nationwide standards of quality control. Although inter-laboratory
calibration exercises (ICE) are conducted to ensure analytical quality (Barlin-Brninck 1991),
interpretation of the results is often difficult due to varnability between samples.

It seems that the complexity and expense of analysis, as well as difficulties in interpretation, that have
prevented South African authorities from initiating a proper survey of the extent of contamination of
our aquatic ecosystems and groundwater resources. Barlin-Brinck attempted to collate existing
information in 1991, but was unable to obtain the cooperation needed. From the data contained in
Meintjies (2000) for evidence of endocrine disruptors in the natural environment, however, such a
survey is long overdue

1.9 CURRENT STANDARDS IN SOUTH AFRICA

Giliomee & Glavovic (1992), Rother & London (1998) and Glazewski (2002) discuss the effects of
iocides in terms of environmental management in South Africa. Thus far, the South African Water
Quality Guidelines for Aquatic Ecosystems (Dept of Water Affairs and Forestry 1996) deal only with
atrazine (a herbicide) and endosulfan (an insecticide). Table 11,3 presents data extracted from the
most up-to-date (but nevertheless rather old) South African quality criteria for the protection of aquatic
hfe for various biocides (Kempster ef al 1980). The interim DWAF water quality guidelines (DWAF
1996) give Target Water Quality Ranges, Acute Effect Value and Chronic Effect Value for only for
endosulphan. More detailed toxicity data are available internationally via the USEPA ECOTOX
database: hitp.//www.EPA Gov/ecotox.

Given the criteria published, and the toxicities reported in Table 11.4, it seems probable that, with
respect to these biocides, aquatic biotas are afforded sufficent protection. As synthetic biocide
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production continues, the importance of establishing, prior to its legal release, the potential effect of
the biocide on aquatic ecosystems should be obvious.

Since the use of biocides is unlikely to terminate, and thus their potential to enter aquatic systems
remains a real risk, it is necessary to be vigilant in the use, application and monitoring of biocides in
the environment.

Table 11.3. Water quality criteria for the protection of aquatic life. Concentrations are in ug 1",
SA = South Africa (from Kempster ef al. 1980). TWQR: Target Water Quality Range,
AEV: Acute Effect Value and CEV: Chronic Effect Value from DWAF (1996).

Substance SA TWQR CEV AEV
Aldrin 0.01

chlordane 0.025

ooT 0.0015

Dieldrin 0.005

Endosulfan 0.003 <0.01 0.02 0.2
Endnn 0.002

Heptachlor 0.005

Lindane 0.015

Malathion 01

Methyoxychlor 0.02

Mirex 0.001

Parathion 0.008

2 4-dichlorophenol 40
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CHAPTER 12: TRACE METALS

SUMMARY

In most natural waters trace metal concentrafions are very low, and thus any increase exposes aquatic
organisms to levels not previously encountered. Contamination of water bodies with trace metals is
therefore of significance and should be carefully monitored and conlrolled Sources of trace melals
include geological weathering, atmospheric sources, industnal effuents, agncultural runoff and acid mine
drainage. A number of chemical and physical factors modify the toxicity and uptake of trace metals.
These include the chemical species of the metal, the presence of other metals and organic compounds,
the volume of the receiving water, substratum type, dissolved oxygen, temperatwre, hardness, pH, and
salinity. Biological factors (e.g. life history stage, age, sex, tolerance levels), influence an organism’s
suscephbility to pollutants. The overall ecological consequences of trace metal contamination of aquatic
ecosystems is a reduction in species richness and diversity and a change in species composition. The
selective elimination of Jess tolerant species, with the resultant reduction in competition and predation,
may resull in an increase in the abundance of more tolerant species. The degree of change is related to
the concentration of the metal(s) and the type (chronic, acute, constant, infermittent) and timing (in
relation fto season and thus flow rate) of exposure. Current standards in South Africa available for
selected melals are summarized in Table 12.3.

121 INTRODUCTION

The terminology used when referring to a metal varies, and different authors often use the terms
interchangeably. For the purposes of this review a "metal” is defined as an element which is a good
conductor of electricity and whose electrical resistance is directly proportional to the absolute
temperature. Trace metals are defined, in geological terms, as those occurring at 1000ppm or less in
the earth's crust. By this definition, sodium (Na), potassium (K), magnesium (Mg), calcium (Ca),
titanium (Ti), iron (Fe) and aluminium (Al) are not trace metals. Fe and Al are included in this review,
however, because they often occur only in trace amounts in water. Trace metals can be divided into
Iwo groups. 1) those like cobalt (Co), copper (Cu), manganese (Mn), molybdenum (Mo) and zinc (Zn))
that occur naturally in trace amounts in most waters (and most of which are plant nutrients) and ii)
those like cadmium (Cd), lead (Pb) and mercury (Hg) that do not usually occur in measurable amounts
in natural waters, are potentially toxic in low concentrations, and have become widely distributed as a
result of human activities (Golterman ef al. 1978).

The main sources of trace metals in water bodies are geological weathering, the atmosphere,
industrial effluents, agricultural runoff and acid mine drainage (from both direct discharge and leaching
from the spoils of operational and abandoned mines). Many trace metals are employed in, and result
from, industrial activities (Table 12.2).

The term “heavy metal” refers to those metals with atomic masses greater than that of calcium

(40.078) and excludes Na, K, Mg, kthium (Li), Al and berylium (Be). Table 12.1 differentiates the
metals into three basic categories according to their toxicity and availability in natural aquatic systems:
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non-critical; toxic but insoluble or very rare; and very toxic and relatively accessible (from Forstner &
Wittman 1981). The "abundant” and "heavy"” metals are indicated.

The United States Environmental Protection Agency considers only Be and Hg as "hazardous”, and
barium (Ba). Cd, Cu, Pb, Mn, nickel (Ni), tin (Sn), vanadium (Va) and Zn as "potentially hazardous”
(Duffus 1980). For the purposes of this review, when the term “trace metal” is used, it includes both
iron and aluminium because both usually occur only in trace quantities in fresh waters.

Table 12.1 Classification of metals according to toxicity and availability (modified from Forstner

& Wittmann 1981).
Toxic but insoluble or very
Non-critical rare Very toxic and relatively accessible
Na*, K*, Mg*, Ar, Li, | Ti*, Hf, Zr, W, Nb, Ta, Re, Ga, | Be, Co, Ni, Cu, Zn, Sn, As, Se, Te, Pd,
Ca* Fe*, Rb, Sr La, Os, Rh, Ir, Ba Ag, Cd, Pt, Au, Hg, TI, Pb, Sb, Bi
ltalics Atomic mass < 40 (i.e. not a "heavy” metal).

*Abundant in the earth's crust (i.e. not defined as trace metals).

Trace metals usually exert their biological effects (either as essential micronutrients or as toxins) by
forming stable co-ordinate bonds in proteins where they function as catalysts in redox reactions (e.g

Fe, Cu, Mo) or form part of the active centre of enzymes (e.g. Co, Zn). The trace metals known to be
essential in one or more biological system are Mg (in chlorophyll), Mn (in enzymes), Fe (most
importantly in haeme-containing respiratory pigments), Co (in vitamin B12), Cu (in enzymes involved
in redox reactions), Zn (in enzymes) and Mo (proteins involved in electron transfer and
photosynthesis). The particularly toxic trace metals tend to form more stable bonds with the SH group
than with anions such as CO,", HCOy, OH and CI and thus affect proteins by combining with their
thiol groups and thus altering their functioning. In fact a number of these metals, including cadmium,
copper and zinc, induce the formation in mammals of metallothioein, a protein that sequesters them
(Suzuki ef al. 1990).

As yet, we have little in the way of a general theory to explain the mechanisms whereby metals exert
their toxic effects. A team of environmental engineers in the USA have addressed this issue. Paguin et
al. (2000) and DiToro ef al. (2001) provide a theoretical model to explain and predict acute toxicity of
metals as ligands of certain physiologically active sites on proteins, while Santore ef al. (2001) report
on a comparison of laboratory and theoretical resuits for copper toxicity to flathead minnows and
Daphnia. The theoretical and experimental results are sufficiently similar to suggest that the proposed
model might be a very useful way forward in understanding and predicting acute toxicity of metals

12.2 CHARACTERISTICS AND MODES OF ACTION OF VARIOUS METALS

The selection criteria for including a metal in this review depended on their classification as
“hazardous” and "potentially hazardous™ by the United States Environmental Protection Agency (cited
by Duffus 1980). their availability and relative toxicity in the aquatic environment, according to
Forstner & Wittman (1981); the number of potential anthropogenic sources; and finally the amount of
published data on their toxicity. Much of the information in this section has been gleaned from the
books Environmental Toxicology by Duffus (1980) and Principles of Ecotoxicology by Butler (1978).
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Table 12.2. Trace metals employed in and discharged from major industries (modified from Dean
et al. 1972; Klein et al. 1974, and O'Connor 1974; cited by Forstner & Wittmann 1981).

INDUSTRY As |Cd |Cr |Cu [Fe |Pb |Mn |Hg |Ni [Se [Ag |Sn |Zn

Alkalis, chlonne, inorg
chemicals

Detergents

Fertibzers and herbicides

Food processing

Glass, cement, asbestos
products

Leather and tanning industry

Nonferrous metal-works

Organic and petro-chemicals

Petroleum refining

Photographic

Pulp/papermills

Steam generation power
plants

Steel works

Textile industry

Vehicle and aircraft plating

12.21 Aluminium

Aluminium is one of the more toxic of the trace metals and is probably not an essential nutrient in any
organism. [t is one of the elements whose solubility is strongly pH-dependent, and whose toxicity
depends on the chemical species involved. At alkaline pH values, aluminium is present as soluble but
biologecally unavailable hydroxide complexes. At intermediate pH values, it is sparingly soluble and
probably occurs as hydroxo- and polyhydroxo- complexes. Under acid conditions, it occurs as the
soluble, available and toxic hexahydrate species (AF” H,0 or aquo-Al). The mechanism of loxicity at
the biochemical level is poorly understood (see chapter 6). Elevated levels of aluminium in human
brains have been imphcated in Alzheimer's Disease, although the link has recently been called into
question. Aluminium is found in soluble form mainly in acid mine drainage and is becoming a vanable
of considerable concern in natural waters affected by acid rain, both a the major cause of toxicity in
acidified waters and as the basis of a low-pH buffering system (see Chapter 6). Although aluminium
is also found in waters made naturally acid by organic molecules, it usually adsorbs onto these large
organic molecules and is therefore not available in soluble form even at low pH. Chadwick & Whelan
(1992) have edited a very useful volume on aluminium in biology and medicine
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12.2.2 Antimony

Antimony occurs in water as Sb”, Sb™ and Sb™ ions. Compounds of the trivalent ion are an order of
magnitude more toxic than those of the pentavalent ions and include stibine (SbH,) and antimony tn-
and pentachlondes and -fluorides.

12.2.3 Arsenic

Some forms of arsenic are extremely toxic. These include the gases arsine and trimethyl arsine.
Arsenates, although not particularly toxic, uncouple oxidative phosphorylation by substituting for the
phosphoryl group, and thus interfere with energy metabolism. Arsenites are more toxic than
arsenates, inhibiting a vanety of thiol-dependent enzymes. Varnous forms of arsenic are lipid-soluble
and therefore accumulate in living tissues. Arsenic itself is carcinogenic in humans and may also be a
co-carcinogen. Many living organisms become acchmated to high levels of arsenic. For instance,
many salt lakes in the high Andes of South America contain arsenic in concentrations up to several
tens of milligrams per litre. The algae living in these lakes form the food of large flocks of flamingoes,
which consequently have high levels of arsenic in their tissues. Arsenic occurs frequently enough
(e.g. as a result of mining activities and because of its use as a herbicide) and in high enough
concentrations to be of environmental concern. Eisler (1988a) reviews its effects on aquatic
organisms,

1224 Barium

Banum is one of the trace elements classified by the USEPA as a "hazardous candidate” because of
its potential as an environmental contaminant. It causes vomiting and diarrhoea, bleeding of the
kidneys and affects the central nervous system.

12.25 Beryllium

Beryllium is one of the two heavy metals (the other is mercury) classified by the USEPA as
“hazardous”, in that even the slightest exposure affects human health. Beryllium is toxic in very small
quantities and is accumulated in the body, where it damages mucous membranes and IS carcinogernc
in mammals. It competes with magnesium for enzyme-binding sites and thus inhibits enzymes such
as DNA polymerase, thymidine kinase and alkaline phosphatase. It has also been implicated in
damaging the immune systems of mammals by means of a Be-binding protein.

12.2.6 Cadmium

Cadmium is one of the trace metals classified by the USEPA as a "hazardous candidate”. Itis easily
absorbed by mammals, in which it is concentrated by binding with a protein called metallothionein. It
I known to inhibit bone repair mechanisms, to replace zinc in zinc-containing metalloenzymes, and to
be teratogenic, mutagenic and carcinogenic. Eisler (1985c) reviews the effects of cadmium on aquatic
organisms.
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12.2.7 Chromium

Chromium is one of the least toxic of the trace metals at low concentrations and is in fact essential for
fat and carbohydrate metabolism in mammals, forming part of the "glucose tolerance factors™ |t
occurs in several oxidation states (-2 to +6), of which Cr™ is the most toxic. For some reason as yet
unexplained, it is accumulated up to 4000 times by some algae. At higher concentrations it is
genotoxic (causing chromosomal aberrations), teratogenic (causing foetal abnormalities), mutagenic
and carcinogenic in mammals. Eisler (1986b) reviews the effects of chromium on aquatic organisms.

1228 Cobalt

Although cobalt is an essential micronutrient, being an intrinsic component of cobalamin (one of the B
vitamins), it is also toxic in fairly small quantities. The insoluble inorganic cobalt compounds (e g.
hydroxides, carbonates and oxides) are carcinogenic when injected into mammals, while the soluble
ones (e.g. chlorides, nitrates and sulphates) are toxic, inhibiting some enzymes and stimulating others.
Its toxicity and availability in the environment are low and so cobalt is not generally considered to be a
particularly ecotoxic trace metal.

1229  Copper

Copper is a micronutrient, forming an essential part of cytochrome oxidase and vanous other enzymes
involved in redox reactions in the cell. Nonetheless it is toxic at low doses (0.5 ppm for some algae)
although its toxicity is reduced in the presence of zinc, molybdenum and sulphate. Inthe mammalian
body, copper is carried bound to proteins (perhaps the same metallothionein that binds cadmium) or
amino acids. Itis known to cause brain damage in mammals. In water, copper is mobile and soluble
at low pH; it precipitates in alkaline conditions and is thus not toxic. 1t may occur at fairly high
concentrations in humic waters but since it is bound to organic molecules it is not available to act as a
toxin.

12210  ron

Hon s an essential cronutnent in all viganisins, fonming pail of haeie-comaining 1espinalory
pigments (e.g. haemoglobin), catalases, cytochromes and peroxidases. Although it has toxic
properties at high concentrations, inhibiting various enzymes, it is not easily absorbed through the
gastro-intestinal tract of vertebrates. lron compounds are easily oxidized and therefore high
concentrations of reduced forms can result in oxygen depletion in the environment.

12211 Lead

Lead is a common and toxic trace metal. It tends to accumulate in living tissues, and in vertebrates,
to become immobilized in bone, where it does not exhibit toxic effects. When bone becomes
remobilized, as in fever, or as a result of cortisone therapy, or during old age, however, the lead may
be released and exert it toxic effects. A major effect of lead is the result of its interference with the
synthesis of haeme, an essential portion of the haemoglobin molecule. It also affects membrane
permeabsiity, displacing calcium at functional sites and inhibiting the opening of “calcium channels” in
membranes, as well as inhibiting some enzymes involved in energy metabolism. It has also been
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implicated in reduced immune responses in mammals. Eisler (1988b) reviews the effects of lead on
aqualtic organisms,

12.2.12 Manganese

Manganese is an essential micronutrient, at least in the glycosal transferases important in
proteoglycan synthesis in vertebrates, and possibly in other enzymes as well. A deficiency in
manganese in vertebrates leads to skeletal deformities but high concentrations are toxic, leading to
disturbances in various metabolic pathways. An excess of manganese has been imphcated in
disturbances of the central nervous system by inhibition of dopamine formation. Hoal (2001) provides
a review of the toxicity of manganese o aqualic organisms

12.2.13 Mercury

Mercury is one of the two trace metals (berylium is the other) classified by the USEPA as
“hazardous”, in that even slight exposure affects human health, Mercury can occur in both organic
and inorganic forms. The non-ionic inorganic forms (e.g. HgCO, in water, or mercury amalgam in
dental fillings) are the least toxic because they are not easily absorbed by the gastro-intestinal tract_ at
least in vertebrates. The Hg™* ion, on the other hand, is highly toxic, as are many organic forms of
mercury. For instance, while the arylmercurials rapidly break down to inorganic forms in the lissues,
and are therefore not particularly toxic, the alkyimercurials are stable, with long retention times in
living tissues. They are fal-soluble and therefore accumulate, particularly in nervous lissue. Their
main effects include an increase in abnormal cell division and enzyme inhibition (probably by
replacing or combining with thiol groups in enzymes) and they are genotoxic, causing chromosomal
aberrations. Selenium is an antagonist to mercury poisoning.

In sediments, inorganic mercury may be interconverted to alkylmercurials by anaerobic bacteria
Micro-organisms appear (o be relatively insensitive to mercury, indeed, mtrogen-fixing bactena require
a certain amount of mercury in their immediate environments, although normal soil levels are 0.0005 -
1 mg |’ Phytoplankton photosynthesis, on the other hand, is normally inhibited at levels as low as
0.001 mg I’ (although a few species of phytoplankton are known to accumulate mercury). Because of
its lipid solubility, mercury tends to be accumulated up the food-chain. For instance, predatory fish
such as pike may have mercury levels in their bodies up to 3000 times that found in the ambient
water. Mercury is widely used in various manufacturing processes and as a seed preservative and itis
as a result of these uses that mass mercury poisonings have occurred. The best known elfect of
concentration “up the food-chain® was in Minimata in Japan, where most members of a fishing
community were poisoned by eating mercury-contaminated tuna. (See an account in Davies & Day
1998.)

12.2.14  Molybdenum

Molybdenum is a trace metal essential for nitrogen fixation by bacteria and occurs in some flavin-
dependent metalloenzymes such as xanthine oxidase. It is neither accumulated in tissues nor is it
toxic, except at high concentrations. The presence of molybdenum has been shown to induce
symptoms of copper deficiency in mammals. Eisler (1989b) reviews the effects of molybdenum on
aquatic organisms.
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12.215  Nickel

Although the effect of nickel deficiencies in some mammals has led to the suggestion that it is a
micronutrient, this is unproven. It is certainly toxic, even in fairly small quantities, inhibiting
cytochrome oxidase and various enzymes in the citric acid cycle. Nickel becomes bound in various
proteins, including metallothionein. It has been shown to be carcinogenic in mammals. Nickel ions
tend to be soluble at pH values <6 5 Above a pH of 6.7 they mostly form insoluble nickel hydroxides
About half of the nickel present in most fresh waters is in the lonic form and about half in the form of
stable organic (often humic) complexes, many of which readily adsorb onto clay panicles. Nicke!
carbonyl (Ni(CO),) is probably one of the most toxic forms of nickel, being both water- and fat-soluble

12.2.16 Selenium

Selenium, although a non-metallic element similar to sulphur, has been included in this chapter
because it often combines with metals and sometimes acts as one. Itis an essential trace element in
animals and bacteria, but apparently not in plants. It forms an integral part of the enzyme glutathione
peroxidase in animals, while bacteria have several apparently selenium-dependent enzymes. Despite
its essential nature, and the fact that selenium deficiencies occur quite frequently, selenium is toxic at
relatively low concentrations because it mimics sulphur and sometimes replaces that element in the
thiol groups of the amino acids cysteine and methionine. In mammals it is an irritant and causes
erosion of the joints. Toxic concentrations can be carcinogenic and genotoxic. Selenium seems to be
an antagonist to the toxic effects of cadmium and mercury, forming Se-Hg- and Se-Cd-proteins.
Despite its potential as a toxin, selenium occurs in the environment only in nanogram quantities and is
therefore seldom of environmental concern (Canton & Van Derveer 1897). Indeed, it may even be
deficient in certain ecosystems.

12.217  Silver

Silver salts are generally not very soluble and therefore are easily excreted in the faeces of those
animals examined (probably all mammals) but are toxic in low doses to freshwater fish. Some silver
salls are known o have “germicidal properties™ and may therefore affect the microfloras of aquatic
ecoeysteme, Gorsuch & Klaine (1999)is a volume of papers reviewing various aspects of the toxicity pf
silver

12218  Tellurium

Tellurium is not an essential element. Toxic levels reduce the activities of some enzymes and some
chemical species are potential carcinogens and mutagens. Since it is known to be toxic to micro-
organisms, tellurium may under certain circumstances be of concern as an environmental
contaminant.

12.219  Thallium

Thalkum occurs only sporadically and in small quantities in the natural environment and is not
considered to be a significant ecotoxin. In the past it has been used as a depilatory and in treatment
of venereal diseases and is now used as a rodenticide. Its toxic effects are a result of its tendency to
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bind with riboflavin and flavin-derived cofactors and thus to interfere with energy metabolism. It has
also been implicated as a teratogen and a mutagen and was infamously used as a murder agent in
politically-motivated attacks in South Africa in the 1980s.

12220 Tin

Tin may be an essential trace element, although the data are not convincing. Inorganic forms are
generally not toxic except at high concentrations. Organic tin compounds such as trialkyl and triary|
tin are lipid-soluble and accumulate in the central nervous system where, in very high concentrations,
they apparently have similar effects to those of arsenic. Tin is not normally considered to be an
important or common environmental contaminant.

12.2.21 Uranium

Although uranium is a major hazard because of its radioactivity, chemically it is not particularly toxic,
except at high levels.

12.2.22 Vanadium

Vanadium may be an essential micronutrient for some organisms. It is accumulated several
thousand-fold by certain tunicates (sea squirts); the biological significance of this accumulation is
unknown. High levels inhibit tissue oxidation and may precipitate serum proteins. Vanadium is
thought to inhibit the synthesis of cholesterol, phospholipids and other lipids, and amino acids.
Vanadium is not normally considered to be an important or common environmental contaminant.

12.2.23 Zinc

Zinc is an essential micronutrient, forming the active site of various metalloenzymes, including DNA
and RNA polymerases. It is known 1o bind to metallothionein in mammals. There are few reported
cases of zinc poisoning, even in mammals. Zinc is often associated with cadmium in natural
conditions.

123 THE TOXICITY AND UPTAKE OF TRACE METALS IN THE ENVIRONMENT

On entering an aquatic ecosystem, a trace metal may remain in solution or it may become adsorbed
onto a particle, thus forming a complex which may then become immobilized in the sediments, or it
may deleteriously affect and/or become accumulated in aquatic organisms. The susceptibility of
aquatic organisms to trace metals is influenced by various physical, chemical and biological factors
that either alter the toxic potential of the metal or change the organism's vulnerability to it.

12.31 Physical and chemical factors

 The chemical species of the metals [free ions, inorganic ion pairs or complexes (such as
Cu(H;0)¢"*, CuOH") and organic complexes (e.g. HgR; where R=alkyl)] affect their toxicity. For
example, the toxicity of iron depends on whether it is in the ferrous or ferric state, and
in suspension or solution).
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The combined presence of a metal and other substances in water may result in either synergistic
or antagonistic interactions. For instance the interaction of cadmium and mercury may result in
the reduced toxicity of both metals (e.g. Musibono & Day 1999, 2001), while the multiplication of
toxic effects resulting from metal ion combinations (such as nickel and zinc, copper and ainc, and
copper and cadmium) may lead to as much as a five-fold increase in the toxicity of each (Haberer
& Normann 1971 cited by Forstner & Wittmann 1981).

Organic compounds may reduce both acute and chronic toxicity of metals by complexing the free
metal ions. Naturally large polyphenolic organic acids are even more efficient at complexing
with, and hence reducing the toxicity of, metals such as Al and Cu.

Dilution influences metal toxicity via dilution within the system. The addition of a metal-
containing effluent to a large volume of fast-flowing water will obviously have less effect than its
addition to a slow-flowing or reduced volume of river water. Flow rate and discharge vary with
rainfall, season, groundwater flow, etc., and water will evaporate from wetlands, facts that effluent
managers should determine prior to discharging effluents into aquatic ecosystems.

The type and mobility of sediments influence the accumulation and remobilization of metals. The
accumulation and potential remobilization of trace metals would obviously be greater in reaches
of rivers with soft bottoms than in reaches on bedrock. Metals may become unavailable by being
incorporated into sediments but of course they do not disappear completely and may be
remobilized at some future time.

At higher temperatures an organism'’s respiratory activity is elevated, as is the availability of trace
metals (faster rates of absorption and release), leading to increased toxicity.

The amount of oxygen that can dissolve in water decreases as temperature increases, while
toxicity usually increases with an increase in temperature. Furthermore, changes in the redox
potential, usually in conjunction with a decrease in oxygen potential, often result in the dissolution
and release of the hydroxides of trace metals such as iron.

Increasing water hardness decreases metal toxicity by forming insocluble carbonates or by
providing precipitating calcium carbonate that acts as a surface for adsorption of metal ions. The
fact that separate standards are permitted for metal concentrations in soft and hard waters in the
European Economic Community (EEC) guidelines is indicative of the importance of this factor.

pH plays an important role in the interactions between trace metals and aspects such as
carbonate hardness, a variety of organic compounds, and chemical speciation. pH has been
shown either to increase (e.g. Shaw & Brown, 1974) or to decrease metal toxicity (e.g. Whitley
1968). Changes in pH can strongly influence the degree of complexation of metal cations and
organic molecules, Low pH also results in production of free metal ions rather than hydroxide
(OH) or carbonate (CO,™) forms, which are less soluble and therefore less toxic.

Sahknity modifies metal toxicity: increased salt concentrations allow the alkali and alkaline earth
metals to compete with trace metal ions, thus remobilizing trace metals from suspended matenal
and sediments.
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12.3.2 Biological factors

Factors determining the response of an organisms to a toxic trace metal include the organism's hfe
history stage, age and sex, the level of starvation and activity, the degree of physical protection (e.g. a
shell or burrow), tolerance levels and acclimation. All of these may also affect the susceptibility of
organisms to pollutants other than trace metals, of course.

124 ECOLOGICAL CHANGES IN WATERS RECEIVING TRACE METAL
POLLUTION

Vanous studies have examined aspects of the effects of trace metals on algae/periphyton,
microfauna, macroinvertebrates and fish.

Firstly, a number of studies have involved in sifu monitoring of observed effects following the
introduction (under natural or simulated conditions) of one or more trace metals into functioning
aquatic ecosystems. These studies have focused on structural changes in the biota: species richness,
diversity and composition (e.g. Occhiogrosso ef al. 1979; Leland & Kent 1981; Weber & McFarland
1981; Weitzel & Bates 1981; Leland & Carter 1984, Sheehan & Winner 1984, Deniseger ef al. 1986;
Genter et al. 1987; Crossey & La Point 1988; Roline 1988; Clements ef al. 1989 Whiting ef al 1994
Clements 1994; Kiffney & Clements 1994a, 1994b); and functional changes in respiration, metabolism,
etc (Malyarevskaya & Karasina 1987; Crossey & La Point 1988) of communities exposed to trace
metal pollution. Gerhardt (1993) reviews the impacts of cadmium, zinc, iron, lead and copper on
stream invertebrates, especially in acid conditions.

Secondly, numerous laboratory-based toxicity tests have been conducted to determine the lethal and
sublethal effects of certain trace metals on aquatic organisms (e.g. Clubb ef al. 1975; Hutchinson &
Stokes 1975; Foster 1982; Khangarot & Ray 1987; Vymazal 1987, de Nicola Giudici ef al. 1988,
Migliore & de Nicola Giudici 1990; Vuori 1994). Forstner and Wittmann (1981) have reviewed all
aspects in their book Metal pollution in the aquatic environment, Clarke (1974) has reviewed the
effects of metal mine effluents on aquatic ecosystems in Canada, and Eisler (1985¢, 1985d, 1986b,
1988a, 1988b, 1989b) has reviewed the hazards of various metals to fish, wildlife and invertebrates.

1241 Community changes

Numerous studies have shown that trace metal pollution significantly alters the structure and
functioning of the exposed community.

12.4.1.1  Species richness and diversity

Weitzel & Bates (1981) assessed the impact of discharge from an electroplating works by evaluating
the effect it had on the community structure of periphytic diatoms in the Muskingum River, Ohio. The
copper-rich waste decreased species richness and diversity (Shannon-Weaver and Brillouin indexes)
of the diatom community collected from artificial substrata. Occhiogrosso ef al. (1979) measured
cadmium and nickel levels in the sediments of Foundry Cove, New York, which are highly
contaminated by discharges from a battery-processing plant. The distribution of benthic
macroinvertebrates was strongly negatively correlated with metal concentrations. Roline (1988) noted
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a decrease in macroinvertebrate species diversity below the point of trace metal (Zn, Cu, Fe, Pb, Mn,
Cd) input into the upper Arkansas River, Colorado, and differences in the susceptibility of
invertebrates to metal concentrations.

124.1.2 Species composition

Weber & McFarland (1981) observed significant changes in species composition of the periphyton
community of a eutrophic, calcareous stream (Little Miami River, Ohio) continuously dosed with
copper (120 ug I'"). Two numerically dominant species were eliminated by copper, and replaced by
three previously non-dominant species which, together with an increase in abundance of certain other
tolerant species, led to an overall increase in species diversity. This study emphasises the need to
have good prior knowledge of the species present and their relative abundance when assessing the
effects of pollution.

12.41.3 Biotic interactions

Competition: Leland & Carter (1984) experimentally determined the effect of various doses (2.5, 5
and 10 ug I'") of copper on species competition of periphyton communities in Convict Creek,
California. The primary effect was to reduce competition for limited resources, namely attachment
sites, with tolerant species out-competing non-tolerant species, leading to a change in competitive
ability and hence in species competition. Wellnitz & Sheldon (1995) found that diatom colonisation of
a stream in Vermont, USA, was impeded when ferromanganese-depositing bactena deposited iron
oxides on the stream floor. The authors speculate that these deposits displace periphytic algae, which
are otherwise superior competitors for space and nutrients.

Predation. Clements ef al. (1989) experimentally determined the effect of 6 ug |’ copper on
macroinvertebrate predator-prey interactions in New River, Virginia, and found that it resulted in the
prey (mayflies, caddisflies, chironomids) becoming more susceptible to predation. They attributed this
increased vulnerability to a change in behaviour that seemed to be related to the increased copper
dosage. They stress the need for supplementing single-species bioassays with more environmentally
realistic procedures that take into account the many modifying factors in, and variability and dynamics
of, natural ecosystems.

1242 Functional changes

Functional changes are changes in physiological aspects of an organism such as respiration,
production and metabolism. Crossey & La Point (1988) measured functional responses in the form of
respiratory and production rates of periphyton in response to trace metals (Zn, Cu, Ni, Cd) in Prickly
Pear Creek, Montana. The authors noted that the algal production/respiration (P/R) and assimilation
(AR) ratios were significantly lower at the impact point than at the recovery point. (AR was oblained
by dividing the net hourly primary production by the amount of chlorophyll a). In another experiment,
Malyarevskaya & Karasina (1987) showed that varnous concentrations of lead nitrate [0.1, 1, 10 and
100 mg 1" Pb,(NO.);] affected the metabolism of invertebrates (gammarids, snails and chironomid
larvae), with gammarids rapidly increasing oxygen uptake at low lead nitrate levels.
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It should be noted that, in in vivo experiments of the kind reported above, the amount of toxicant
calculated to produce a certain concentration may not equal the concentrations reached in the stream
due to differential speciation of the metal. This phenomenon is one of the most difficult to control, and
indeed to measure, and may account for some of the vanations in the reported effects of metals on
aquatic communities.

1243 Factors modifying community and functional changes
12.4.31 Tolerance levels and adaptation of affected organisms

Leland & Kent (1981) determined the species composition of protozoans and rotifers colonizing
submerged vegetation in Convict Creek, California, during continuous, low-level exposure to copper
The tolerance threshold for copper varied with species but was between 2.5 ug ! and 7 ug 1" Nyberg
(1974, 1975 cited by Leland & Kent 1981) noted that microfaunal communities varied in their tolerance
to copper and suggested that genetic adaptation to elevated copper concentrations may result in
“resistant microfaunal stocks™. Genter ef al. (1987) determined the effect of zinc exposure (0.05, 0.5,
1.0 mg I') on algal communities in outdoor, flow-through stream mesocosms along the New River,
Virginia. Zinc concentrations of 0.05 mg | ' or more significantly changed species composition, with
tolerant green and blue-green algae becoming dominant. Species continuously exposed to metals
may become "adapted” to these metals if natural selection increases their tolerance levels (Foster
1982). The degree of tolerance of the affected flora or fauna determines species composition and the
pattern of reappearance of species, both temporally and down the course of a river.

12.4.3.2 Seasonal differences

Deniseger ef al. (1986), in a study of periphyton community structure above and below a trace metal
mining operation in Myra Creek, Vancouver Island, noted strong seasonal differences in the effect of
chronic exposure of metals (Cd, Pb, Cu, Zn) on the organisms. In spring, species diversity above and
below the mining site did not differ significantly (attributed to the reduced impact of the trace metals
due to lower temperatures and increased flow rate in spring), although in summer diversity was
considerably lower below the mining operation (Shannon diversity index: above = 1.08, below=0.14)
This illustrates the importance of establishing the effects of natural variations in abiotic and biotic
factors in relation to the effects of pollutants on stream organisms.

12.4.3.3 Exposure time

Sheehan & Winner (1984) compared three separate studies on changes in invertebrate communities
exposed to copper for different durations. Shayler Run, Ohio, was experimentally dosed with copper
(Winner ef al 1975); Elam's Run, Ohio, received intermittent effluent from a metal-plating plant
(Winner ef al. 1980); and Little Grizzly Creek, California, was exposed to trace-metal drainage from
tunnels of a non-operational copper mine for nearly 40 years (Sheehan 1980). Species nchness was
strongly correlated with the copper gradient, and species composition changed dramatically as copper
concentration increased, with chironomid larvae making up a very large proportion in polluted areas.
An important fact to emerge from the 1980 study was the need to consider the duration and type of
exposure (regular vs intermittent), which strongly affected faunal composition. Those invertebrates in
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streams receiving intermittent copper releases appeared to be less affected than those exposed to
continuous copper releases,

Regular chronic exposure may not be lethal have long-term effects (affecting growth, decreasing
reproductive success, altering behaviour and decreasing disease resistance) (Sprague 1971, de Nicola
Giudici ef al. 1988), which explains why it is important to study both acute and chronic responses of
organisms to toxins,

12.4.3.4 Life stage, age and condition of the organism

Early life stages (e.g. larvae) may be more sensitive to pollutants (Cairns & Scheier 1959, Clubb ef al.
1975) than are the adults. Shazil & Pascoe (1986), however, noted that sensitivity of rainbow trout
(Saimo sp.) embryos to Cd, Cu and Zn varied with time after fertilization. The extrapolated 48-h LC.,
values were higher than those reported in the literature for the later growth stages. They attributed this
1o the protective layer formed by the chorion of early embryos, which prevents free passage of
pollutants. Embryos were least sensitive to Cd, less to Zn and most sensitive to Cu. Exposure to Cd
of the eggs of Chironomus ripanius (Diptera, Chironomidae), which had been separated from their
gelatinous matrix, reduced hatching success by approximately 60% (Williams ef al. 1987). De Nicola
Giudici et al. (1988) showed that 5 ug I " copper did not harm females of the isopod Asellus aquaticus,
but that it affected juvenile growth rates and survival,

Testing toxicants has often been done on adults alone, but it is clear that the effects on more
sensitive early kfe stages may be more informative and therefore more important for setting guidelines
and producing criteria. Anderson ef al. (1980), for instance, working on early life stages of insects,
obtained LCy, concentrations 1600 times lower than values for insects reported in the literature. They
attributed this to the exposure of insects during critical life cycle events, such as embryogenesis,
hatching and larval development into the second and third instars.

125 RISK ASSESSMENT

The relatively new discipline of ecological risk assessment (ERA) evaluates the potential for adverse
environmentai effects resuiting from exposure o contaminants. Generai principies of risk
assessment with regard to metals and metal-containing compounds are discussed by Chapman &
Wang (2000). In order to assess the nsk posed by the presence of contaminants, it is neccesary both
to ascertain the degree of contamination (or Fkely contarmination) in the field, and also to be able to
estimate what degree of risk that poses; laboratory toxicological data are usually used for this second
aspect. The difficulty lies in interpreting the two kinds of data and relating them to each other
Clements & Kiffney (1994) discuss ways in which this can be done when assessing impacts of heavy
metals.

1251 Biological assessment of trace metal pollution

Contamination of an aquatic ecosystem can be confirmed by examining the water, the sediments and
the organisms. Metals in water are exposed to many different chemical reactions and so analysis of
this medium gives a transitory view of the metal loading. Soluble metals eventually reach the
sediments, where they adsorb onto clay minerals and organic matter, and essentially disappear, while
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occasional toxic doses of trace metals may be missed by temporally or spatially widely spaced
chemical monitoring. The organism, on the other hand, is constantly active in both water and
sediment and will have will have been exposed to everything that occurred in its habitat during its
lifetime. Thus biological information is often more valuable than periodic physical and chemical
monitoring in assessing the long-term effects of pollution.

Many studies have assessed the value of different organisms in monitoring changes induced by the
addition of toxic compounds. Good biological indicators are often good accumulators of trace metals
Forstner & Wittmann (1981) give a detailed account of the accumulation of trace metals in marnne and
freshwater organisms at various trophic levels. Organisms used to measure metal accumulation
include algae/periphyton (Keeney et al. 1976 cited by Forstner & Wittmann 1981. Ramelou ef al
1987), macrophytes (Bonforte ef al. 1986; Sridhar 1986; Reimar & Duthie 1983; Nelson & Campbell
1995), invertebrates [including aquatic insects (Nehring 1976, Nehring ef al. 1979) and crustaceans
(Plénet 1995) | and fish. Hutchinson & Stokes (1975) reviewed the role of algal bioassays in
determining trace metal pollution, and Vymazal (1987) focused on reviewing the toxicity and
accumulation of cadmium with respect to algae and cyanobacteria. A somewhat different approach
examines morphological deformities apparently resulting from exposure to metals (e g Janssens de
Bisthoven ef al. 1992).

Quantitative information about contaminants accumulated in organisms may be useful. Peterson ef a/
(1996), for instance, report on studies on streams in Tennessee, USA, that receive a vanety of effluent
discharges. The small resident fish accumulate mercury and other heavy metals, the degree of
accumulation being proportional to the degree of contamination of the streams in which they hve
They can thus be used as biomonitors of contamination. In a case of immediate human interest,
contamination of Lake St. Clair, Detroit, by mercury resulted in the prohibition of the sale of fish, which
had an average mercury content of 0.3-5 mg kg . (According to the World Health Organization, the
maximum allowable level in human food is 0.5 mg kg ).

Table 12.3 Current guidelines developed for selected trace metals in South Africa (DWAF 1996).
TWQR: target water quality range; CEV: chronic effect value; AEV: acute effect
value. * : concentration dependent on pH and/or water hardness.

Metal (mg I'") Symbol TWQR CEV AEV
Aluminium Al 0.005 - 0.001* 0.01-0.02%; 0.1-0.15
Arsenic As 0.01 0.02 0.13
Cadmium Cd 0.00015-0.004* | 0.0003-0.0008*| 0.003-0.0013"
Chromium Cr 0.007 - 0.012* 0014 - 0.024* 02-034
Copper Cu 0.0003 - 0.0014* | 0.0005 - 0.0028*| 0.0016 - 0.012*
Iron Fe Not vary by > 10% background concentration
Lead Pb 0.0002 - 0.0012° | 0.0005 - 0.0024*| 0.004 - 0.0016*
Manganese Mn 0.18 037 13
Mercury Hg 0.00004 0.00008 0.0017
Selenium Se 0.002 0.005 0.03
Zinc Zn 0.002 0.0036 0.036
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126 CURRENT STANDARDS IN SOUTH AFRICA

Effluent standards and water quality guidelines are based mostly on ecotoxicolegical data but of
course those data are imperfect. moreover, they seldom cover a wide enough variety of taxonomic
groups, nor are they available for combinations of toxic substances. Janssen ef al. (2000) discuss the
uncertainties involved in deciding guideline values. Ecotoxicological values established for various
trace metals have been used used in the development of the interim South African Water Qualty
Guidelines for the protection of natural ecosystems (DWAF 1996). Table 12.3 lists current guidelines
or standards for South Africa. More detailed toxicity data are available internationally via the USEPA

ECOTOX database: http /iwww EPA Gov/ecotox.
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CHAPTER 13: AGRICULTURE

SUMMARY

Agricultural activities may have considerable impacts on aqualic ecosystems. Continually
expanding global food production is likely to lead to further impacts unless cognisance is taken of
the impacts and measwes are taken to mitigate them. Agricullural processes such as land
preparation, ingation, fertiiser appiication, lvestock handling and pesticide application may all
negatively impact on receiving water quaity. Turbidity and sediment may increase during land
clearing, bumning and ploughing and under conditions of heavy grazing. Return-flow irrigation
water, both surface and subsurface often leads to elevated concentrations of salls and causes
salinisation of associated water bodies. Land clearing, fertiliser application and wastes from
livestock causes an increase in nitrogen and phosphorus concentrations. Discharge of organic
wastes from livestock results in a high BOD of the receiving waler body and may be a sowvce of
bactenological contamination. Pesticides and herbicides may enter the stream or river via surface
runoff.  Several options exist for reducing the impact of agricullural activities on aquatic
ecosystems, including the maintenance of a riparian zone buffer strip, appropriate application of
fertilizer in terms of quantity and timing, exclusion of livestock from the stream- or niverbanks,
storage and treatment of waste products and discharges (e.g. manure, subsurface irmigation
water), and vigilant control of pesticide/herbicide apphcation and avoidance of aerial spraying if
possible.

131 INTRODUCTION

The doubling of agricultural food production globally over the past 35 years have been coupled
with a 6.87-fold increase in nitrogen fertilisation, a 3 48-fold increase in phosphorus fertilisation, a
1.68-Told increase in the amoum of imgated cropland, and a 1.1-fold increase in land in cultivation
(Tilman 1009). These values were presented in a paper (Tilman 1998) on the global impacts of
agricultural expansion, together with predicted future increases associated with further doubling of
global food production, Current agricultural practices involve deliberalely maintaining ecosystems
in a highly simplified, disturbed, and nutrient-rich state. Limiting factors, especially water, mineral
nitrogen, and mineral phosphorus, are supplied in excess, and pests are actively controlled
(Tuman 1999). The predicted increase, particularly in nitrogen and phosphorus release from
agricultural fields, is expected 1o have dramalic impacts on the diversity, composition and
functioning of natural ecosystems of the world, principally through the eutrophication of aguatic
ecosystems (Tilman 1999). Not only is there a threat of further eutrophication, past land-use
activities, particularly agriculture, are thought to cause long-term modifications to and reductions in
aquatic diversity, regardless of subsequent reforestation of riparian zones (Harding ef al 1998)
Given these predicted and historical consequences of agricultural activities, it is essential to
understand the impact of agriculture of aquatic ecosystems.

21



Forestry
13.2 EFFECTS OF AGRICULTURAL ACTIVITIES ON WATER QUALITY

Diffuse pollution ansing from agricultural is @ major source of problems in the aquatic environment
(e.g. Cooper 1993). Various processes such as land preparation (land clearing, buming,
ploughing), irigation, fertilizer application, livestock handling and pesticide application may all
influence receiving water quality. The potential for agriculture to affect aquatic ecosystems
depends on the type and extent of the pasture, crop, stock, etc. Agriculturally derived pollutants
include plant nutrients (nitrogen and phosphorus) from fertilisers and animal manure, organic
wastes and low levels of pesticides. Either of theses classes of pollutants may be in dissolved
form within the runoff water, or be adsorbed onto particulate soil material washed from the land
(D'Arcy &Frost 2001). Agricultural runoff may be surface or subsurface. Surface runoff is
governed by rainfall characteristics, particularly intensity and duration, by vegetation cover, soil
type and slope (McColl & Hughes 1981),

13.21 Turbidity and sedimentation

Sediment yields are often high in rivers draining agricultural land (Allan et al 1997) Soll
disturbance accompanying land clearing, buming, ploughing and heavy grazing may lead to
increased surface runoff thereby causing sediment to enter the stream or river.  The amount of
sediment lost from a catchment depends on local factors such as slope and soil type and on the
presence and extent of the riparian zone buffer strip. Livestock watering at the bank-side may
also cause substantial erosion and sediment input into adjacent water bodies,

13.2.2 Salinisation

In and regions, imgation of agricultural land s a common practice. Imgation is often several times
the natural precipitation rate (Lemly 1994). Two types of wastewater are produced dunng the
imgation process: surface runoff and subsurface drainage. Surface runoff occurs because of
operational spillage as water is pumped into canals for distribution to fields, or because application
rates exceed soil filtration rates (Lemly 1994). Imigated agriculture has changed the natural
hydrologic regime and greally accelerated the rate of salt deposition in and salinisation of aquatic
systems, particularly wetlands (Lemly 1994). The effect is exacerbated by the abstraction of water
inflows into water bodies such as wetlands, which would naturally flush away excess salts.

In and regions such as southwestern Australia sea-salt is transported to inland regions by wand and
rain. Replacement of deep-rooted, perennial indigenous vegetation with shallow-rooted, annual
agncultural species has altered the water balance of catchmenls and increased groundwater
discharge (Schofield ef al. 1988 cited by Kay ef al. 2001). Consequently, groundwater levels have
nsen and salt previously stored in the soil is mobilised and brought to the valley surface or
discharged directly into streams. This process is referred to as dryland salinisation. Agricultural
clearing, i.e. clearing of land for agriculture, has also changed the salt balance of catchments from
a state of salt equilibrium or accumulation to a state of net salt export (Schofield ef al. 1988 cited
by Kay ef al. 2001). Stream salinities in southwestern Australia have doubled in the medium-high
rainfall zone (> 700 mm/y) and increased up to 50-fold in the low-medium rainfall zone (300 - 700
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mmly) (Scholfield ef al 1988 cited by Kay ef al. 2001). Locally, the Berg River in the Western
Cape is highly saline due to irrigation of land and concentration of salts (Fourie & Gorgens 1977).

Subsurface drainage is produced due to specific soil conditions (i.e. clay layers) that impede the
vertical and lateral movement of water as it percolates downwards. This results in waterlogging of
the root zone and subsequent build-up of salls as excess waler evaporates from the soil surface
(Lemly 1994). To alleviate this, pipes are laid 1-3 m below the surface 10 facilitate hiberal
application of irmgation water. The resultant subsurface wastewater is pumped or allowed to drain
into surface canals and ditches for discharge into streams or rivers. Subsurface imgation drainage
i5 a complex effluent characterised by alkaline pH, elevated concentrations of salls, trace
elements, and nitrogenous compounds, and low concentrations of pesticides (Lemly 1993) The
immediate impact of subsurface imrigation water is the degradation of surface- and groundwater
qualty through salinisation or potentially toxic trace elements (e.g. arsenic, boron, chromium,
molybdenum, selenium) (Lemly 1994).

13.23 Nutrients

The clearing of land for agriculture can result in the release of significant quantities of stored
nutrients, by altering water and nutrient runoff patterns and increasing soil erosion. Conversion of
land for agricultural purposes usually requires application of fertilizers (McColl & Hughes 1981).
Both land clearing and application of fertilisers may increase nitrogen (N) and phosphorus (P)
concentrations in water bodies associated with agricultural activities. Wastes from livestock are
also rich in N and P and unless properly recycled into arable lands, or subjected to tertiary sewage
treatment to remove N and P, such wastes can be a major source of N and P loading to aguatic
ecosystems (Tilman 1999) The effects of nutrient enrichment on aqualic ecosystems are
discussed in chapter 10.

13.24 Organic enrichment/dissolved oxygen

Organic waste discharged from livestock farms or deposited into stream during livestock grazing,
are considered to be oxygen-demanding. When discharged into a receiving water body micro-
organisms (bacteria, fungi, protozoans) use up dissolved oxygen while consuming or decomposing
the waste. The rate at which this process occurs is measured as the biological oxygen demand
(BOD). Manure may have BOD concentrations in excess of 1000 mg O-1 (Bloxham 1999) The
importance of dissolved oxygen in aqualic ecosystems in discussed in chapter 8, whilst the effects
of organic enrichment are detailed in chapter 9.

13.25 Bacterial contamination

Livestock waste is a source of bacteriological contamination (Cooper & Lipe 1992, Brenner &
Mondok 1995). It may occur when livestock manure is deposited in the stream either directly or
during surface runoff. Fecal coliforms (FC) and fecal streptococci (FS), whilst not pathogenic, are
the primary indicators of the potential presence of pathogens (Larsen ef al. 1994). Pathogenic
organisms, when present in animal waste, can be transferred to humans via water (Diesch 1970
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cited by Larsen ef al. 1994). Some potential diseases that may be transferred 1o humans via
cattle, for example, are saimonellosis, anthrax, turberculosis, tetanus, colibacilosus, etc. (Azevedo
& Stout 1978 cited by Larsen ef al 1994). Peak fecal coliform concentrations are frequently
related to runoff events.

13.2.6 Biocides

Biocides are used 10 control pests associated with agnicultural crops and vector-bome diseases.
The most commonly used pesticides are herbicides, fungicides and insecticides. Effects on
aquatic ecosystems are dependent on the quantity and type of biocide applied and on the method
of application. If aerial spraying is done, surface runoff may contain high concentrations of
pesticides and herbicides (Lemly 1994). With long-term use, biocides are more likely o be
present in low but consistent levels (Cooper 1981) and may pose unknown, sublethal problems
Chronic effects from low levels of herbicides are difficult to detect (Cooper 1993). Some
herbicides reduce primary productivity by being toxic 1o phytoplankton. Others produce indirect
effects when oxygen is depleted due to the decay of dead plants. When aquatic herbicides are
used to destroy aquatic macrophyte communities, the change in habitat may lead to changes in
aquatic community structure (Cooper 1993). Further details are provided in chapter 11.

133 EFFECTS OF AGRICULTURAL ACTIVITIES ON AQUATIC BIOTA

Intensive agricultural is known to reduce the richness of macroinvertebrates (Dance & Hynes
1980). Often sensitive species decrease in abundance, whilst tolerant ones increase (Neumann &
Dudgeon 2002). Processes associated with agricultural development have resulted in a simplified
aquatic ecosystem that has a homogeneous and depauperate macroinvertebrate community
consisting of families that tolerate a broad range of environmental condiions (southwestem
Australia: Kay ef al 2001). Agncultural activities, particularly livestock grazing has also led to
changes in aquatic vertebrate communities. Frogs are considered to be very sensitive indicators
of environmental change and frog communities, species richness and some individual species of
frogs have declined as grazing pressure has increased in the floodplains of the Murray-Darling
basin of southeastern Australia (Jansen & Healey 2003). Grazing reduces the qualty and
availability of aquatic vegetation and thus frog habitat.

134 MANAGEMENT OPTIONS FOR REDUCING THE IMPACT OF
AGRICULTURAL ACTIVITIES ON AQUATIC ECOSYSTEMS

Solutions to surface water problems caused by agniculture centre around best management
practices and sound land use policy (Cooper 1993). Land use policy should dictate that land be
used only within the capacity to support agricultural production without abuse (Cooper 1993).
Many of the management practices aimed at reducing sediment input into receiving water bodies
also helps 1o reduce nutrient input. The following management options are aimed at reducing
sediment, nutrient, organic and pesticide inputs into waler bodies associated with agricultural
areas.
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Maintenance of ripanan zone buffer strips such as multispecies riparian buffer strip system
(MSRBS: Schultz ef al. 1995) 1o reduce the risk of surface water contamination via surface
runoff. The riparian zone is a three-dimensional assemblage of vegetation and organisms
adjacent 1o flowing walter that form the ecotone between the terrestrial and aquatic
ecosystems (Lowrance et al. 1985).

Avoidance of soil tillage for seedbed preparation and planting during periods of heavy rainfall.
Exclusion of livestock from stream edges and damp hill slopes, avoidance of overgrazing and
exposure of bare soil to reduce the potential for soil erosion and encourage preservation of
riparan vegetation,

Exclusion of livestock from streams and stream-banks 10 prevent waste entenng waler.
Control of grazing pressure to ensure the maintenance of rapid filtration rates (by reducing the
amount of trampling), good pasture recovery rates and preservation of the litter layer.
Controlled runoff from feedlots and proper storage (with impervious linings: Brenner &
Mondok 1995) and disposal of manure (manure is suited for application to cropland).
Application rates of inorganic nitrogen feriliser that match crop requirements, taking into
account the soil nutrient status and any organic manures applied (D°Arcy & Frost 2001).
Treatment of subsurface irrigation water to remove salls and contaminants, as is done with
other municipal and industrial wastes (Lemly 1994) before it is discharged into receiving
water bodies.

Apglication of regulations that apply to municipal and factory effluents to large-scale livestock
factories or heavily fertilised fields (Tilman 1999).
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CHAPTER 14: FORESTRY

SUMMARY

Afforestation often occwrs in upper catchments that are most sensitive to disturbance. Forestry
affects water qualty and quantity, specifically low flows, in receiving water bodies. The major
walter quality concems associated with forestry are increased turbidity and sediment, increased
concentrations of nutrients, changes in light availability and waler temperature, changes in energy
inputs with an increase in prnimary production, and potential acidification of swface waters.
Forestry may also affect the flow regime of associaled water bodies. Aquatic organisms may be
affected by forestry activities, with studies reporting effects on periphyton, macroinvertebrates and
fish. Primary production (periphyton) has been shown fo increase although studies are nol
conclusive. Macroinvertebrate assemblages generally exhibit a decrease in abundance and
diversity and a change in composition. Fish populations are often reduced. Effects on
macroinvertebrates and fish are mostly linked to the effects related to increased turbidity and
sitation, which affects food and habitat availability. Several options exist for reducing the effect of
forestry operations on aquatic ecosystems. Most options focus on limiting the degree of site
distubance thvough the adoption of minimally destructive practices and the maintenance of
riparian zone buffer strips. Buffer strips have been shown to be an effective measure for hmiting
the movement of sediment and nutrients in the water body whilst imiting modifications to hght
availability and water temperature. A minimum width (30 m) has been recommended although this
may be modified depending on local catchment conditions and type of vegetation

141 INTRODUCTION

Afforestation often occurs in upland areas of catchments that generally have a high conservation
status, are sensitive 1o disturbance and are a critical source of fresh water. In South Africa, Pinus
spp. and Eucalyptus spp. are the primary trees in the forestry industry. Both of these are not
indigenous to the region. Few studies have examined the effects of forestry on agquatic
ecosystems or, in fact, general biodiversity in South Africa.

14.2 EFFECTS OF FORESTRY ACTIVITIES ON WATER QUALITY

The major water quality concerns associaled with afforestation and forestry operations are
recognised as being: 1) increased turbidity and sedimentation due to soil disturbance
accompanying cultivation, drainage, road construction and harvesting operations (Nisbet 2001), 2)
ncreased concentrations of nutrients, particularly nitrate, ammonium and phosphorus, following
fertilisation of intensively managed plantation forests (Binkley ef al. 1999), 3) changes in light
availability and water temperature (Campbell & Doeg 1989), 4) changes in the balance between
allochthonous and autochthonous inputs; and possible enhanced capture of acid deposition by
forest canopies resulting in further acidification of surface waters (Nisbet 2001).
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14.21 Turbidity and sedimentation

Soil disturbance accompanying forest ploughing, drainage, road works and harvesting operations
has the potential to cause large quantities of sediment 1o enter the stream or river, resulting in
increased turbidity and siltation (Nisbet 2001). Preparation of land for afforestation is normally
achieved by land clearing with or without vegetation burning. This, together with road construction
for logging, leads to increased suspended solids entering receiving water bodies. The amount of
sediment lost from a catchment depends on site factors such as slope and soil type and also on
the intensity of the harvesting operation (Campbell & Doeg 1989). Channel form may also be
altered as a result of both increased sediment input and modified flow regimes (see section 14.3).

14.2.2 Nutrients

Catchments that have been disturbed by human activity tend to “leak” nutrients (Campbell & Doeg
1989). Soil erosion lends selectively 1o remove organic constituents and the finer soil particles,
which usually have the highest nutrient content (McColl & Hughes 1981). In addition, the
application of fertiliser in intensively managed plantations with fertilizers such as urea. ammonium
nitrate or diammonium phosphate (Binkley ef a/. 1999), may result in elevated concentrations of
nitrate, ammonium and phosphorus in receiving waters. Increased concentrations may, in turn,
lead to an increase in primary productivity and potentially to eutrophication of the water body if
nutrient enrichment is excessive.

Few studies have assessed the impact of aerial fertilisers on the productivity of aquatic systems
(Nisbet 2001). The efficacy of riparian zone buffer strips in moderating the flow of nutrients (and
chemicals) into streams and rivers has been indicated (e.g. Lowrance et al 1985, Perrin et al.
1984 cited by Binkley et al. 1999). A 50-m buffer strip reduced concentrations of urea and
ammonium by an order of magnitude and reduced the concentration of nitrate by approximately
60% (Perrin ef al. 1984 cited by Binkley ef al. 1999), Forest fertilisation, therefore, commonly
leads to moderate increases in streamwater nutrient concentrations and the greatest increases
comes when fertiliser is applied directly to streams, when ammonium nitrate forms of fertiliser are
used and when the application rates are high or repeated regularly (Binkley et al. 1999). Losses to
runoff can be greatly reduced by avoiding application when heavy rainfall is forecast and by
phasing larger treatments over several years (Nisbet 2001).

1423 Light availability and water temperature

Streams shaded by large stands of riparian vegetation generally have lower summer and higher
winler lemperatures and a smaller daily range when compared with similar un-shaded streams
(Campbell & Doeg 1989). During harvesting it may therefore be expected that both light
availability and water lemperature would change (Sabater ef al 2000). Studies have shown that
clear-cutting reduces canopy shading, raises stream lemperature and alters stream biology
(Newbold ef al. 1980, Noel ef al. 1986, Wallace & Gurtz 1986). Clearing next to streams in Brown
& Krygier's study (1970 cited by McColl & Hughes 1981) increased temperature sufficiently 10
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interfere with fish life. Changes in temperature are smaller or absent where buffer stnps are
retained (Brown & Krygier 1970 cited by Campbell & Doeg 1989, Davies & Nelson 1994).

1424 Allochthonous versus autochthonous inputs

Riparian vegetation modifies energy input into streams and rivers in two ways: 1) supplying
organic matter and 2) reducing light availability and thermal energy lo primary producers.
Removal of riparian vegetation reduces inputs of detrital matter and increases light availability. If
a forest is clear-cut, the system may shift from an allochthonous to an autochthonous one, with an
increase in primary production (Sabater ef al. 2000) and possible shift in macroinvenebrate
community structure as grazers replace shredders. However, this change may only be observed
over the long-term (Campbell & Doeg 1989), with a shift from shredders to grazers not always
evident in the short-term (Johnson ef al. 2000).

1425 Acidification

The role of forestry in surface water acdification is controversial (Nisbet 2001). It seems that
forestry has a minimal impact on acidification within areas of low acid deposition, however, in
areas of high acid deposition both conifer and deciduous forest may contribute to further
acidification, principally as a result of the enhanced capture of atmospheric pollutants by forest
canopies (DEFC 1991 cited by Nisbet 2001).

143 EFFECTS OF FORESTRY ACTIVITIES ON WATER QUANTITY

Afforestation also affects river flows, with flows reduced during reforestation and increased during
removal of forest vegetation or harvesting. Trees intercept more precipitation and transpiration
rates are greater, resulting in higher evaporation rates compared to other vegetation types
(Johnson 1998). Harvesting of trees, panticularly clear-felling increases low flows, particularly n
the growing season, by reducing interception losses and virtually eliminating transpiration for the
first year (Johnson 1998). The effects of forestry on low flows are therefore systematically related
10 the stage of the forest cycle.

14.4 EFFECTS OF FORESTRY ACTIVITIES ON AQUATIC BIOTA

Long-term biological effects arise mostly as a result of an alteration to the stream riparian
vegetation, whilst shorter-lerm effects are mostly attnbutable to the impact of suspended or
deposited sediment (Campbell & Doeg 1989). No evidence of changes in aquatic ecosystems has
been reported from forest fertilisation operations, although few studies have attempted direct
examination of the response of aquatic organisms to fertilisation of adjacent forests (Binkley ef a/
1999).
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1441 Periphyton

Data on the effects of forestry, particularly forest harvesting, are inconclusive (Campbell & Doeg
1989) and primary production levels in streams did not have a consistent pattern when streams in
logged versus unlogged catchments were compared (Newbold ef al. 1980). Periphyton was
dominated by green algae (Chlorophyceae) in clear-cut streams and by diatoms in the uncut
stream (Brown & Krygier 1970 cited by McColl & Hughes 1981). Davies & Nelson (1984)
observed an increase in periphyton algal cover at sites affected by logging.

1442 Macroinvertebrates

The major effects on macroinveriebrates are related to elevated turbidity levels and deposition of
sediment on the streambed. Changes reported include reductions in species diversity, reductions
in biomass and changes in species composition. The effects of increases in turbidity and
sediment are given in chapter 5. The difference in the total abundance of macroinveriebrates
upstream and downstream of logging areas was significantly positively correlated with the width of
the ripanan zone buffer strip (Davies & Nelson 1994), with Leptophlebiidae (Ephemeroptera) and
Plecoptera most significantly affected. Reaches without buffer strips had higher densities of
tolerant macroinvertebrate taxa (e.g. Chironomidae, Baetis) and lower densities (Davies & Nelson
1994). Kinvig & Samways (2000), in a study undertaken in the KwaZulu-Natal midlands, South
Africa, recommended that no commercial trees be planted within 30 m of the stream edge so thal
light and habitat conditions would favour Odonate species (dragonflies and damselflies).
Odonates are considered to be sensitive indicators of water quality and landscape disturbance.
Increased algal production and decreased allochthonous inputs may also result in changes in
macroinveriebrate abundance and diversity during harvesting, particularly when no buffer strip is
maintained (Ulrich ef al. 2000). Planting of exolic species may affect the food base that many
riverine organisms are dependent on. For example, the timing (seasonal versus aseasonal) and
nature (nutritional value) of leaf fall may change.

1443 Fish

Forestry activities may have an impact on fish populations indirectly as a result of the impact on
macroinveriebrate communities that form the food source of fish, or directly due to habitat
modification or lethality. Where adequate strips of intact riparian vegetation are maintained along
streams, the impacts on fish populations may be greatly reduced (e.g. Graynoth 1979, Davies &
Nelson 1994). A significant positive correlation was found between fish abundance and riparian
zone buffer width (Davies & Neison 1994). The effects of increases in turbidity and sediment are
given in chapter 5,

145 MANAGEMENT OPTIONS FOR REDUCING THE EFFECTS OF FORESTRY
ACTIVITIES ON AQUATIC ECOSYSTEMS

Many options are available to the forest manager that will reduce the risk of impacting upon water
bodies associated with forested land.
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1451 Control of sediment losses to streams and rivers

Options 1o mit the degree of site disturbance and so reduce sediment losses to streams include
« adoption of less disruptive practices,

« careful matching of machinery to site conditions,

e varying the timing and scale of operations according to site sensitivity, and

« use of a wide range of prolective measures (Nisbet 2001).

Protective measures include:

« limiting the extent of soil disturbance during land preparation,

« the use of protective riparian zone buffer strips along the stream or river (e.g. Newbold ef al
1980; Noel ef al. 1986, Wallace & Gurtz 1986), and

« the siting and design of roads and road crossings to minimise sediment inpuls.

The width of the buffer strip varies depending on the channel size and soil erodibility. Davies &
Nelson (1994) and Newbold et al (1980) established that buffer strips of > 30 m would provide
adequate protection for streams in Tasmania, Australia, and in California, United States,
respectively.  Protective buffer zones do not always provide adequate protection to adjacent
streams and rivers as shown in Vuori & Joensuu's study (1996) of moss-dwelling
macroinvertebrates associated with Fontinalis-tufts in impacted nffles. Sand and silt from forest
ditches changed the relative proportion of different habitat types and reduced the quality of the
favoured habitat, namely Fontinalis-tufts, resulting in an impovenshed macromvernebrate
assemblage. Whilst the buffer stnp was 30 m, it is described as consisting of sparse vegetation of
trees and bushes (Vuori & Joensuu 1996). This highlights the fact that buffer width is not the only
factor that determines the efficacy of buffer strips to protect streams from land-use activities
Interception of surface runoff and the degree of impact on receiving waters are also dictated by
buffer vegetation characteristics and the overall integrity of the riparian zone buffer strip (Davies &
Nelson 1994).

Schultz et al. (1995) designed a multi-species riparian buffer strip system (MSRBS) aimed at
miigating the effects agricullural activities on aquatic ecosystems. The MSRBS provides a way to
intercept eroding soll, trap and transform non-point source (NPS) pollution, stabilise streambanks,
provide wildlife habitat, produce biomass for on-farm use, produce high quality hardwood for the
future, and enhance the aesthetics of the agroecosystem. A similar type of buffer system may be
worth considenng for the control of NPS runoff associated with forestry activities.

1452 Control of nutrient and pesticide input to streams and rivers

The maintenance of riparian zone buffer strips will also moderate the flow of nutrients and
pesticides into streams and rivers (e.g. Lowrance ef al 1985, Perrin ef al. 1984 cited by Binkley ef
al. 1999).

The loss of fertilisers 10 runoff, and thus into the receiving water body, can be greatly reduced by:
« avoiding application when heavy rainfall is forecast,
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The effects of aquacultural activities on receiving water quality are related to the discharge of
effluents. In particular, elevated concentrations of nutrients from soluble wastes such as unne
below effluent outlets and suspended organic material from wastes such as uneaten food and
faeces can have a detrimental effect on the aquatic ecosystem with which they are associated
(Brown 1992, Brown 1996, Loch ef a/. 1996). The major poliutants in fish farm effluent are
considered 1o be waste food and excreta (Bergheim & Seimer-Olsen 1978), which may settie out
on the riverbed. The quantity and quality of solid wastes in the effluents vary seasonally and
diurnally depending on the type of feed used, feeding time, stocking rate and other factors,
Centain activities such as cleaning of tanks and ponds, and intensive feeding, considerably
influence receiving water quality (Bergheim ef a/. 1982). The following section details potential
impacts of aquaculture operations.

15.21 Nutrient enrichment

Waste food and excreta are rich in nitrogen and phosphorus and increased exchange may lake
place with sediments. In addition to nutrients associated with the solid fraction, there is a
considerable amount of dissolved nitrogen in the effluent in the form of un-ionized ammonia,
which is toxic to aquatic life. In fish farms using a simple flow-through system, ammeonia will be
the principle toxic metabolic by-product, but in recycling systems both ammonia and nitrite may
occur at toxic levels in the effluent (Colt & Armstrong 1981). Nitrogen and phosphorus in the
effluent (Temporetti & Pedrozo 2000) may lead to hyper-nutrification and stimulation of algal and
macrophyte growth in receiving waters. Release rates of phosphorus from the sediments are
higher under anaerobic conditions, and calcium and organic matter content of the sediments,
rather than the iron concentration, appear to control the availability of phosphorus (Temporetti &
Pedrozo 2000).

The extent of the increase in inorganic nulrients in rivers downstream of fish farms probably
depends on farm size relative to niver discharge, in addition to the onginal nutnent status of the
river (Carr & Goulder 1990b). For example, two of three streams (River Hull and Pickering Beck,
England) receiving fish farm effluent experienced marked increases in phosphate concentrations.
The absence of change in the third, however, was attributed to high "background” concentrations
of phosphate from an upstream sewage effluent. Brown & King (1995) and Brown (1996) noted
increases in nitrate, nitrite, ammonium and soluble phosphate concentrations in streams
downstream of trout farms,

15.2.2 Organic enrichment and dissolved oxygen

Concentrations of organic matter generally increase below fish farms. Particulate organic matenal
suspended in trout-farm effluent best correlated with changes in macroinventebrate community
structure (Brown 1996) suggesting that this water quality vanable has the greatest effect on biotic
communities in the receiving waler body. Aerobic decomposition of this organic matter by
bacteria leads to decreased dissolved oxygen concenlrations (increased BOD). Suspended
bacteria increased in abundance below the point of ennchment with fish farm effluent in two
streams (River Hull and Pickering Beck, England) and this increase reflected more permanent
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changes in river conditions (Carr & Goulder 1990b). Other factors likely to affect oxygen levels
are consumption of oxygen during the breakdown of chemicals (COD) contained in the effluent
and indirect downstream effects through changes in phytoplankion abundance. The impacts of
changes in the level of dissolved oxygen will depend on the characteristics of the receiving waters
and of the effluent, and will certainly have an effect on the survival of natural aquatic biota (Nature
Conservancy Council of Scotland 1990). Slow-flowing areas below trout farms in the south-
western Cape, for example, exhibited a substantial decrease in the concentration of dissolved
oxygen, largely as a result of the settling outl of organic material with a concomitant increase in
COD and BOD (Brown & King 1985). The settling out of this particulate organic matenal reduces
the quality of the habitat via infilling of interstitial spaces known to be imporant for aquatic
organisms.

15.2.3 Chemical supplements

Various chemicals are used in fish farms to supplement feed, to control diseases caused by
various bacteria, fungi, protozoans and viruses, and ecloparasites. These chemicals may enter
the aquatic environment in the effluent. They range from fairly benign compounds such as
vitamins, to compounds that are extremely toxic 10 aquatic life. Other anti-microbial compounds
include furazolidone, chloramphenicol, quartenary ammonium compounds, sulphonamides, etc
(Austin 1985).

15.24 Cleaning agents

Cleaning of fish tanks and feeding can cause peaks in the concentration of pollutants in effluents,
with peaks in ‘cleaning’ effluent being 0.1- to 10-fold higher than concentrations of ‘normal’ effluent
(Bergheim et al. 1984). These variations have important implications for both the monitoring of
fish farm effluents and for the aquatic ecosystems.

15.25 Physical structure and suspended solids

rish-fanm opeiations often lead 10 an wiciease in ihe concenliaiion of suspended suiids i i
receiving water.  The magnitude of the impact depends on the physical structure of the farm (e g.
size, lay-out) and on the type of tanks used. Tanks arranged in parallel may result in a more
concentrated final effluent than tanks arranged in parallel. Structurally, there are two types of
tanks used in land-based farms in the south-western Cape: unlined earth ponds, and concrete or
plastic-lined tanks. Unlined earth ponds have a slower flow-through rate than concrete or
plastic-lined tanks and thus some settlement of solids does occur prior to discharge of the effluent
ino the receiving water body (Brown 1996). The flow of water through tank farms is too fast 10
allow waste food and excreta to break down before they are discharged into the nver. The
concentration of suspended organic material in the effluent has been shown to be significantly
higher in "portapool type” farms where the flow-through rate of water is much higher, compared 10
earth dam farms (Brown 1996).
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153 EFFECTS OF AQUACULTURAL ACITVITIES ON AQUATIC BIOTA

Several water quality vanables are likely 1o increase downstream of fish farms including the
concentrations of nitrate, phosphate and ammonium, dissolved solids and suspended solids. It is
the combination of changes in these variables that manifests as changes in aquatic biota. The
type and location of the fish farm influences the overall impact on aquatic biota. For example, fish
farms situated on mountain streams often have a greater impact on macroinvertebrate
communities with those in foothill or lowland reaches (Brown & King 1985). This is most likely
because lower reaches are often already disturbed by other catchment activities.

158.31 Changes in community structure

A study on the effect of trout farm effluents on downstream macroinvernebrate communities in the
southwestern Cape, South Africa, has shown that substantial change occurs in community
structure (Brown & King 1995, Brown 1996). Of the vanables measured, the settiement of
suspended organic material and filling up of interstitial spaces, thereby reducing the amount and
quality of habitat, was considered important (Brown 1996). The general impact was 1o eliminate or
greatly reduce the number of taxa such as Plecoplera, Limnichidae, Helodidae, Elmidae,
Heptageniidae and Telagonodidae (previously called Ephemerellidae), and, in instances where
"portapool farms”® (use plastic-lined "portapools® for housing fish) were used, to replace these taxa
with Naididae, Lumbriculidae, Chironomidae and Planaridae (Brown & King 1995). The upstream
community that was dominated by insect taxa was thus replaced by one dominated by non-insects
(Brown 1996). EPT (Ephemeroptera: Plecoptera: Trichoptera) taxon richness was also shown 1o
be significantly lower below the effluent outfalls compared to stream sites above their intakes
(Loch et al 1996). Recovery of the macroinvertebrate community was noted approximately 1 to
1.5 km downstream of the effluent outlet (Brown 1996, Loch ef al. 1996).

15.3.2 Toxic effects

Little 1s known about the potential toxic effects of chemicals and cleaning agents used in fish farms
(Nature Conservancy Council of Scotland 1990). Chemicals range from fairly benign compounds
such as vitamins, to compounds that are extremely toxic to aquatic life. For example,
formaldehyde is toxic to algae at concentrations of 0.3 to 0.5 mg I''; and malachite green has
sublethal effects on fish at concentrations as low as 0.0310 0.05mg 1",

1533 Introduction of invasive exotic species
The likelihood of the escape of invasive exolic species into nearby water bodies needs 10 be

considered, as does the effect of these exolic species on the native biota in the region (Bekker &
Brown 1992).
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15.3.4 Water abstraction

Whiist the discharge of effluents into receiving walter bodies is known to affect aquatic organisms,
50 too does the abstraction of water from rivers. It can lead to changes in channel shape, patterns
of sedimentation, barmriers to fish migration and alteration of biological communities (Nature
Conservancy Council of Scotland 1990; Jones 1990).

154 OPTIONS FOR REDUCING THE IMPACT OF AQUACULTURE
OPERATIONS ON AQUATIC ECOSYSTEMS

Several options exist for reducing the impact of aquacultural activities on aquatic ecosystems.
Most aim at reducing the quantity of nutrients and organic matter discharged from ponds,
especially those receiving manufactured feeds (e.g. Tucker et al. 1996). Options include:

« Designing the aquaculture operation to reduce the concentration of suspended matenal in the
discharge. Specifically, the type of pond, e.g. unlined earth ponds versus plastic-lined tanks,
ponds in series versus parallel.

« Decreasing waste production within the pond by reducing the feeding rate, increasing the
retention of feed nutrients by fish, or optimising the amount of nitrogen and phosphorus in the
feed,

« Increasing the rate of in-pond biological and physico-chemical loss processes for nitrogen,
phosphorus and organic matter o reduce concentrations of those substances in the pond
before water is discharged,

« Treating the water discharged from ponds using wastewater treatment technologies. Nutrient
removal via the use of free water surface (FWS) or subsurface flow (SSF) constructed
wellands has also proved 10 be effective for the removal of inorganic nitrogen, ammonium,
nitrite and phosphate (Lin ef al. 2002).

¢ Reducing the volume of water discharged.
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CHAPTER 16: ENGINEERING AND CONSTRUCTION

SUMMARY

Engineering and construction inciude road and highway construction, dam construction and
canalisation. AN of these engineering activities physically alter the environment and the extent of
the modification will determine the resultant effects on aquatic biota. The major physical change in
the receiving water bodies is an increase in suspended solids and sediment. The effect on the
aquatic ecosystem is partially dependent on the position on the river where the activity is taking
place. Generally upper reaches of rivers are more sensitive to physical perturbations than lowland
reaches. Other factors affecting the effect on aquatic ecosystems include the duwration of
construction, the control measures taken and the potential sowces of recolonisation of the aquatic
biota.

16.1 INTRODUCTION

The main effect associated with engineering and construction relates to the physical disturbance of
rivers and their catchments. This may have far-reaching effects on the aquatic biota in the
receiving water. The severity of the effect, both short and long term, however, depends on the
control measures employed during construction. The effects are complex and depend on temporal
(ime during and after construction), spatial (distance of the stream reach disturbed). and
ecological factors. The area of construction (e.g. an upper headwater stream versus a lowland
river) will influence the effects. This relates not only to the potential source of recolonisation of
flora and fauna (e.g. invertebrate drift) and to the sensitivity of resident fauna, but also 10 other
poliutional sources which may disguise the effects of the actual construction

16.2 THE EFFECTS OF DIFFERENT TYPES OF CONSTRUCTION ACTIVITIES
16.2.1 Road and highway construction

The major effect associated with road’highway construction is an increase in suspended solids and
deposited sediment (Barton 1977, Chisholm & Downs 1978; Taylor & Roff 1986, Ogbeibu & Victor
1989). Details of the effects of changes in turbidity and suspended solids are discussed in Chapter
5 Barton (1977) examined the shor-term effects of highway construction on Hanlon Creek,
Ontario, and found that the suspended solid load increased from a mean weekly level of 28 mg |
to 352 mg | with a maximum of 1390 mg I". The chemical composition of the water did not
change during construction. Fish population densities decreased immediately below the
construction site although they recovered rapidly after construction was completed. There was no
significant change in macroinvenebrate numbers although there was a shift in species
composition. Evidence suggested that communities denuded by construction were rapidly
replaced by drifting inveriebrates recolonising from undisturbed reaches upstream of the site of
construction (Barton 1977; Chishoim & Downs 1978). All biotic communities returned to normal
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within eight months after construction was complete. pH may be temporanly affected dunng
cement pouring if any reaches the water body.

16.2.2 Dam construction

Vanous studies have shown that earthworks and forest clearing prior to dam construction results in
increased suspended and deposited sediments (West ef al. 1984 cited by Chessman ef al. 1987,
Davey ef al. 1987 cited by Chessman ef al. 1987). In Australia, suspended solids increased from a
mean of 7.9 mg I to 28.4 mg I’ during construction of a dam on the lower reaches of the Tanjil
River (Chessman et al. 1987). Some of the more sensitive groups, namely elmid (beetle) larvae,
plecopterans (stoneflies) and trichopterans (caddisflies) decreased in density. Overall changes in
downstream fauna were much less than at some other large dam sites in Australia, probably
because of improved erosion control during construction.

In South Africa, all water-resource developments now require an environmental flow assessment
(EFA, see Chapter 17, section 17.3) to be undentaken. One of the components of the EFA is that
of monitoring. In the case of dam construction, the trend is 1o conduct both pre- and post-
construction monitoring of the downstream environment, as well as monitoring during the actual
construction. This will enable more information to be gleaned on the effects of dam construction
and allow for mitigatory measures to be developed that further reduce the impact of dam
construction of aquatic ecosystems.

16.2.3 Canalisation

One of the primary reasons from an engineer's point of view for canalising a section of nver 1s
flood prevention. Threat of inundation of riverside property with water during floods often results
when development lakes place too close to the niver if it does nol take into account existing
floodplains and anticipated high flood levels. Various problems are often associated with canal
construction or channel modification. The key issue is that canalisation cuts off lateral exchange
through the riverbanks and venical exchanges with the hyporheos below the riverbed.
Replacement of a heterogeneous bed and banks of a natural river that have a variety of habitats
(e.g. stones, sand, backwaters) with smooth concrete has numerous consequences for the biota of
the niver. Canalisation isolates the river from groundwater input. The loss of natural habitat
diversity may affect invertebrate densities and composition as well as fish spawning and reanng,
Often protective habitat and feeding sites for adult fish are removed and fish migration s
interfered with. Removal of riparian vegetation leads to bank instability, with increased erosion,
and increased light penetration with subsequent increases in waler lemperature. Details of these
effects on aquatic ecosystems are discussed in the chapters on temperature (Chapter 4), turbidity
and suspended solids (Chapter 5) and urban runoff (Chapter 20).

In South Africa, through projects on rehabilitation of urban rivers (e.g. Davies & Luger 1993, 1994,
Luger & Davies 1993), engineers have become more aware of the importance of maintaining the
instream-riparian and the instream/hyporheos links. These projects have examined the effects of
removing small patches of concrete from the bed of a highly canalised urban river in Cape Town.
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The resullant increase in aquatic inveriebrates thal colonised the new palches indicaled that water
quality in the river was still reasonable and that removal of stretches of the concrete bed should
allow the river 10 resume some of the ecological processes occurring in a natural river system.

More “river-friendly” building materials, such as Loffeistein blocks, which have been designed,
allow the development of some biological communities in the interlocking block, although because
of their size and design tend to prevent the growth of riparan trees.
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CHAPTER 17: RIVER REGULATION, ENVIRONMENTAL FLOWS AND INTER-
BASIN TRANSFERS

SUMMARY

The regulation of rivers in South Africa through the construction of weirs, bamrages and dams
results from an increasing demand for water by an expanding population. In changing a lotic
(Mowing) system to a lentic (standing) one, the nalure of the water body is altered leading fto
concomitant changes in nver hydrology, water qualty and aquatic biotas. River regulation affects
river hydrology, through the smoothing of the flow regime. Intrinsic flow variabily is often removed
and natural floods and fresher floods are dampened or removed. In some instances there is a
complete reversal of the natwal flow regime. All of these changes may impact on the biota,
species of which are often cued into the natural flow regime for spawning periods, and which utilise
flooded areas as nursery grounds. Water qualty downstream of a dam may be affected, in
particular, the values for temperature, dissolved oxygen and nutrient concentrations, turbidity and
suspended solids are likely fo be different from those upstream. If the water in the reservoir
stratifies then downstream effects are somewhat dependent on the depth in the reservoir from
which water is released. The effect of river regulation on aquatic ecosystems is currently being
addressed within the rapidly evolving field of environmental flow assessment, which aftempls (o
develop methods for establishing the amount of water that needs to be left in a nver system, or
released into i, for the specific purpose of managing the condition of that ecosystem The
refationship between water quality and water quantity is also been examined, particularly within the
context of environmental flow assessment, and a protocol for understanding the relationship
between qually and quantity has been developed. Inter-basin water transfers, which are common in
South Africa, transfer water from one river calchment to another, or from one river reach to
another, have several potential impacts of aquatic ecosystems. The flow regime in the donor and
recipient rivers may be modified; species composifion may be modified, exotic and invasive
species being transferred from system to system: and biodiversity may be reduced through mixing
of previously i1solated populations. Current legisiation in South Africa makes provision for a water
quantity “Reserve’, which is the amount of water and timing of flow that is required to maintain a
grven level of ecosystem functioning (National Water Act, No 36 of 1998). The Act also stipulates
a walter quality component to the Reserve.

171 INTRODUCTION

River regulation and inter-basin walter transfer occur in response to the need for water by humans
Large natural lentic systems, which act as natural reservoirs, are present in the northem
hemisphere. However, in the southern hemisphere, including South Africa, large natural lentic
systems are scarce and the bulk of the water supply consists of river water held in storage
reservous, constructed by humans in the form of barrages, weirs and dams (Davies & Day 1998)
Few nvers in South Africa do not have some sort of dam on them and South Africa ranks
thirteenth in the world in the number of large dams that have been constructed (Davies & Day
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1998) In addition to, and often in association, with weirs or dam, is the transfer of water from one
catchment to another. This movement of water, called an inter-basin water transfer (IBT), moves
water from rivers with a perceived “surplus® of water to those perceived 1o be in deficit (Davies &
Day 1998) 1BTs are an increasingly frequent solution to human demands for water, particularly in
and and semi-ard areas

The sections in this Chapter on river regulation and IBTs are largely summarised, with the authors’
permission, from Davies & Day (1998). River regulation and IBTs have been comparatively well
researched in South Africa (e.g. Byren & Davies 1989, Davies 1979, Davies ef al. 1992, King &
Tharme 1994, O'Keeffe ef al. 1990, O'Keeffe & De Moor 1988). South African scientists are also
in the forefront of developing techniques for determining the environmental flow requirements of
aquatic ecosystems (e.g. Brown & King 2001, King & Tharme 1994, King & Louw 1998, King ef al
1999, King et al. 2000, King ef a/. 2002, Malan & Day in press, Tharme & King 1998).

17.2 RIVER REGULATION AND MODIFICATION OF ENVIRONMENTAL FLOWS

Human manipulation of rivers by dams is known as “river regulation®. As each dam has its own
unique combination of biological, physical, chemical and hydrological characteristics, the effects
on the receiving river are varnable and complex. Dams form a barmier or a discontinuity in the
river. Ward & Stanford (1983) developed a theoretical concept, the Serial Discontinuity Concept
(SDC) on the effects of dams on rivers. The SDC proposes that the longitudinal location of a dam
on a river, and the depth of the dam from which downstream discharges are made, would
determine the extent and the kinds of effects that the dam will have on its river. In addition, each
feature that is altered by a dam will probably revert to “normal® conditions (i.e. the conditions that
would have pertained were the dam nol there) al some point downstream,

17.21 Effects of river regulation on river hydrology

The man effect of nver regulation is the “smoothing™ of the flow regime. Under natural conditions, a
nver has a flow regime reflective of the rainfall in a region. Different parts of the flow regime elicit
different responses from the river ecosystem (King ef al 2002). The four kinds of river flow are the low
flows, the small floods, the large floods and flow vanability, and each different kind of river flow is
important in terms of ecosystem functioning (King ef al. 2002). In South Africa, most rivers are naturally
seasonal with summer high and winter low flows in the summer rainfall regions of the centre and east of
the country, winter hugh and summer low flows in the south-westem winter rainfall region, and non-
seasonal pattems in between (Davies & Day 1998). Some of the modifications to the flow regime that
occur when a river is regulated include.

« removal of intrinsic varabdity and the introduction of flow constancy, either for operational
convenience or for specific purposes such as imgation;

« release of daily puise flows for optimising hydroelectric power production;

« dampening or eimination of natural floods;

« dampening or removal of freshet floods;

« acomplete reversal of the natural flow regime (normal summer base flows elevated above nomal
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winler base flows) 10 provide imigation water in the summer (this is kimited 1o winter rainfall
regions), and

« rap«d changes in flow rates.

The introduction of unnatural flow regimes may impact on aquatic organisms, including
macroinvertebrates and fish. Many fish populations rely on regular floods to recharge pans and inundate
river floodplains, which they utilise as nursery areas for juveniles. Under normal flooding conditions,
floodwaters recede gradually, allowing juveniles 1o move slowly back into the niver as floodwaters
recede (e.g. floodplain below the Pongolapoort dam in Kwazulu-Natal). Factors such as flood heights,
intensities and timing all affect the success of this process and post-regulated conditions need 1o match
nomal, pre-regulated conditions, to maintain these floodplain fisheries (Coke 1973 cited by Davies &
Day 1998).

17.2.2 Effects of river regulation on water quality and aquatic biota

Several waler quality variables, including temperature, the concentration of dissolved oxygen,
nutrient concentrations, turbidity, the concentration of suspended solids and the concentration of
cernain chemicals, may be affected in the river below a dam.

The effects are largely caused by the fundamental change that occurs in the water body when it is
impounded. As a lotic (flowing) system is changed to a lentic (standing) one, it takes on the
charactenistics of a lake. In summer this includes thermal stratification. Since warm water is less
dense than cold waler, it rises to the surface of the standing water body, whilst the deeper water
remains cool. This leads to the development of a shear plane, which is evidenced by a
thermocline (i.e. a very rapid change in temperature over a very short vertical distance). The
phenomenon of separation into a warmer upper layer (the epilimnion), and a cooler, lower layer
(the hypolimnion) is known as thermal stratification. The epilimnion is characteristically warm and
low in nutnents, whilst the hypolimnion is cool, nich in nutrients and low in dissolved oxygen due to
decomposition of material by micro-organisms. In extreme conditions, the decomposition of dead
material leads to complete anoxia (exhaustion of the oxygen supply) in the hypolimnion; the
chemically reducing conditions consequently lead to the production of large quantities of toxic
hydrogen sulphide (H,S). Most standing water bodies equilibriate in autumn due to the cooling
action of the wind and decreasing air temperatures. This process, known as “overturn”, results in
mixing of the epilimnion and the hypolimnion,

Dams have a release point or points through which discharges are manipulated. The height of the

dam wall and position of these release points largely determines the effect on the water quality of
the receiving water body.

17.2.21 Temperature

During summer, waler released from the hypolimnion is often cooler than the river waler, whilst waler
released from the epilimnion is often warmer. hus discharges from the hypolimnion will depress the
temperature of the receiving river, while an epilimnetic discharge will elevate it. Most aquatic organisms
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have a range of temperature at which oplimum growth and reproduction occur. Modifying the
temperature of the water in which they live s thus kkely to affect the aquatic biota of the receiving nver.
Details of the effects of a change in water temperature on aquatic biota are provided in chapter 4

17.2.2.2 Dissolved oxygen

Changes in oxygen concentration below a dam are less severe than those described for
temperature and flow. This is primarily because oxygen is absorbed by walter as it is turbulently
discharged from dams. Toxic gases such as hydrogen sulphide may however build up in the dam
if the hypolimnion becomes anoxic. During subsequent discharge of hypolimnetic water, these
loxic gases may be released. Further details of the imponance of dissolved oxygen 10 aquatic
biota are provided in chapter 8.

17.2.2.3  Nutrients

Chemically, the hypolimnion is nutrient-rich in summer during stratification, while the epilimnion is
nutrient-poor. The effects on the receiving water body therefore vary depending on the depth of
the dam from which the water is released. The effects of nutrient enrichment on aquatic
ecosysiems are discussed in chapter 10.

17.2.2.4 Turbidity and suspended solids

Unless waler is drawn near the bottom of the dam, where sediments may be re-suspended, the water in
the dam tends to lose much of its particulate load, and water discharged from dams tends to have less
silt than would the natural water. Because water is discharged at a high velocity, water leaving the dam
lends 10 have a “capacity” for silt, and is refeed to as being “sift hungry”. This state invariably results in
rapid erosion of the bed and banks downstream of the dam wall. Erosion of this type is known as bed
armouring: all loose fine particies are stripped from the rver channel, frequently exposing bedrock and
causing the banks 1o collapse and camry sediments for some distance downstream. Details of the
effects of suspended solds on aquatic ecosystems are given in chapter 5,

Summer release of plankton-rich epilimnetic water may affect the receiving rniver communities since
such water is rich in fine particular organic matter (FPOM). Since the quantity and kind of particulate
matter vanes fairly predictably down a nver course, an alteration in the type of particulate matter may
significantly alter the types and numbers of organisms in the river downstream of the dam. Organisms
known as collectors may proliferate in response 1o an abundant food source in the form of FPOM. For
example, the pest species Simulum chutfer! (Simuliidae: blackfhes), which are functionally collectors of
food, became numencally abundant below Vaal-Hartz Diversion Weir. De Moor (1981, cited by Davies
& Day 1998) showed that the maintenance of flows during winter when the river would naturally of dried
up (this is a summer rainfall region), led 1o the maintenance of blackfly populations through the winter.
This research has led to the use of flow manipulation for controlling pest species, especially ensuring
that a dry phase occurs.
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173 ENVIRONMENTAL FLOWS AND THEIR ASSESSMENT

An increasing number of studies has shown that rver regulation and flow manipulations lead to the
degradation of aquatic ecosystems. This has lead 1o the development of the science of environmental
flows. Environmental flows may be defined as water thal is left in a river system, or released into it, for
the specific purpose of managing the condition of that ecosystem (King ef al 2002). Brefly, there are
four main types of flow-assessment: hydrological, hydraulic rating, habitat rating and holistic (King ef al
1999). Of these, the latter or holistic approach formed the basis of the environmental flow assessment
(EFA) methods used in South Africa, namely the Building Block Methodology (BBM: King & Louw
1998), and more recently DRIFT (Downstream Response to Imposed Flow Transformations: King ef al
2002). Both methods assess the flow requirements at discrete sites that are considered to be
representative of the entire river reach in which they are situated, and both methods have an
Environmental Flow Assessment workshop as one of the important activities. DRIFT was developed in
actual water-resource development projects, on the Palmiet River (Brown ef al. 2000) and Breede
Rivers in South Africa, and in the Lesotho Highlands Waters Project in Lesotho (Metsi Consultants,
2000). DRIFT's basic philosophy is that all major abiotic and sotic components constitute the
ecosystem 1o be managed. and that the full spectrum of flows and their temporal and spatial vanabslity,
constitiute the flows 10 be managed (King ef al 2002). DRIFT is designed to describe selecied potential
flow regimes, each linked lo the predicted biophysical consequences in terms of condition of the river
ecosystem; predicted socio-economic consequences for subsistence users of the river, resulting from
the changing river condition; and predicted water yield of the water-resource development (King ef al
2002).

DRIFT is a structured process for combining data and knowledge from all the disciplines to produce
flow-related scenanos for water managers 10 consider. In this respect it is a data management tool,
allowing data and knowledge 10 be used o their best advantage in a structured process. DRIFT consists
of four modules:

« A biophysical module in which the present nature and functioning of the river ecosystem is
described. Predictive capacity of flow-related changes is developed.

+ A sociological module is described in which the association between rural subsistence users
(including their health) and river resources. Predictive capacity of social impacis of rnver
changes is developed

« A scenano-development module is developed wherein potential future flows and the
biophysical consequences of each flow type are presented as scenarios. The social
consequences of each scenario are also described.

« An economic module that calculates mitigation and compensation costs for Population at Risk
(PAR) for each scenario.

174 LINKING WATER QUANTITY AND WATER QUALITY

Linking the potential effects of altered water qualily lo the agualic biota that may result from a change in
the flow regime is an essential step in the maintenance of riverine ecological functioning. As part of the
environmental flow assessment process, and initially in response to a need for an understanding of
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changing water quality in response to changes in water quantity, methods for examining the relationship
between quality and quantity have been studied (Malan & Day, in press). A protocol using aquatic
macroinvertebrates has been developed that comprises three phases, as follows:

« Phase 1 precedes the EFA workshop and involves the examination of the water resource with
regard 10 ecoregion (spatial classification), point-sources of pollution and catchment land-use.
Water quality is defined for Reference Condition (RC) and Present Ecological State (PES) for
individual river reaches and the appropriate level of protection is established. Flow-concentration
(Q-C) plots for each chemical constituent of concem are developed.

« Phase 2 is undertaken at the EFA workshop. Q-C plots are employed 10 make predictions of water
quality in response to the flow regime prescribed by the EFA practitioners. Concentration—
exceedence curves are used to compare the water quality consequences ansing from the natural,
present-day and the recommended flow regimes.

« The third and final phase is undertaken after the EFA workshop. The implications of the predicted
water quality for the biota are assessed. Specifically, the likebhood of the Resource Quality
Objectives for aquatic macroinveriebrates being attained under the proposed flow regime. and
current poliution loading is ascertained. '

The apgplication of this protocol shoulkd aid in the integration of water quality and quantity, and thereby
afford greater protection to aquatic ecosystems under threat from water resource developments.

175 INTER-BASIN TRANSFERS

Inter-basin water transfer (IBT) is defined as the transfer of water from one geographically distinct
river catchment, or basin, to-another; or from one river reach to another (Davies ef al. 1992). The
potential impacts of IBTs are complex, system-specific and depend on initial conditions and river
reaches involved. For example, a seasonal niver may become perenmal one if it receives water
via an IBT, whilst the donor river may be affected by the concomitant reduction in flow.

The new National Water Act (Act 36 of 1998) of South Africa gives full power 1o the Minister of
Water Affairs and Forestry to transfer water from river basins with perceived surpluses to basins
and human populations with perceived water deficits. Concemns over the impacts of IBTs on river
basin integrity, in terms of floral and faunal biodiversity, were first raised (Petitjean & Davies 1988)
and pursued by local researchers (Davies ef al 1992, Snaddon & Davies 1998, 1999, Snaddon et
al 1998, 1999). In panticular, research focused on the problems surrounding the genetic integrity
of historically isolated river basins and populations and the maintenance of biological processes.
Research was continued by Wishart ef al (2003) who examined the integrity of catchment units
from an evolutionary perspective and assessed the implications of inter-basin water transfers for
the conservation of river ecosystem functioning and riverine biodiversity using selected taxa.

The potential impacts of IBTs on aquatic ecosystems include:

« Modification of the natural flow regime, through elevated flows in the recipient river and
reduced flows in the donor river,
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« conversion of a seasonal river to a perennial one (e.g. O'Keeffe & De Moor 1988);

« transfer of algae (including toxic blue-green algae) from the donor system. paricularly if itself
is a dam (Snaddon & Davies 1998),

« alteration of the species composition of the recipient system (O'Keefe & De Moor 1988,
Wishant ef a/. 2003);

« lransfer of pest species and subsequent dominance of these species (e.g Simulium chutteri,
O'Keefe & De Moor 1988);

« [lransfer of exotic and invasive species from system to system; and

« reduction of speciation and thus biodiversity through the mixing of previously geographically
isolated populations (Wishart ef al. 2003press).

The most recent research has clearly shown that, with the transfer of individuals from historically
isolated populations, the potential exists to undermine the evolutionary processes important in
species formation and thus the generation of biodiversity by providing an avenue for gene flow
between genetically discrete populations (Wishart ef al. In press). They urge that all future
developments that involve the planning and construction of IBTs should take cognisance of the
potential for genetic mixing of riverine biotas in receiving systems.
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CHAPTER 18: INDUSTRIAL EFFLUENTS

SUMMARY

Discharge of industrial effluents (treated or untreated) info aquatic ecosystems may affect TDS,
TSS, pH, BOD, COD, toxicity (trace metals, toxic organics), colow, nutrients and temperature of
receiving waters. The nature of the efluent determines which waler qualty varables are alfected.
This chapter describes the constituents of several industrial effluents and indicates which water
qualty variables are potentially affected by them. Industries examined include the chemical, china-
clay, dairy, fertilizer, fish processing, food canning, o, poullry, pulp and paper manufacture, red
meat, sugar, tanningleather finishing and textile industries.

18.1 INTRODUCTION

The variety of industrial effluents and the potential effects of their constituents on aquatic
ecosystems make it unrealistic to discuss them all in this review. Literature examining these
potential effects is also relatively scarce, with a few exceptions such as the effects of pulp and
paper effluents. The aim of this chapter is to characterise some major industnal effluents in terms
of water quality variables affected and the toxins present (Table 18.1).

18.2 INDUSTRIES POTENTIALLY IMPACTING ON AQUATIC ECOSYSTEMS

The following industries have been shown to impact negatively on the receiving water bodies of aquatic
ecosystems

18.21 Chemical industry

The large number of commercial chemicals and the diversity of their effects make it difficult to
generalise on the industry as a whole (CSIR 1991), Effluents from chemical industries often have
high loads of suspended solids and high oxygen demand (as a result of biodegradable organic
content and reducing chemicals such as sulphides), in addition to elevated concentrations of trace
melals, loxic inorganics (e.g. cyanides, fluorides), organic compounds and nutrients. The pH of
receiving waters may also be affected.

18.2.2 China-clay industry

China-clay is comparable to kaolin (hydrated aluminium silicate) and it has been shown 1o have a
similar effect to that of diatomaceous earth (a silicous deposit of diatom frustules: Hellawell 1986).
The mining and subsequent manufacture of products in the china-clay industry may result in
effluents high in fine, inert solids that have been shown 1o reduce the abundance of plants and
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animals in receiving waters (Nuttal & Bielby 1973 cited by Hellawell 1986). Trout survival was
significantly reduced in suspensions of china-clay of 270 mg | ' (Herbert & Merkens 1961 cited by
Hellawell 1986).

Table 18.1 Water quality variables potentially affected by effluent discharge from various
industries. TDS = total dissolved solids, TSS = total suspended solids, B/COD
= biological/ chemical oxygen demand, TM = trace metals, TO = toxic organics,
C = colour, NUT = nutrients, FOG = fat, oil, grease, TMP = temperature.

Industry TDS |TSS |B/COD |pH [TM |TO [C |NUT |FOG | TMP
Chemical

China-clay
Dairy industry &

Fertilizer

Fish processing
Food canning
Onl refinery 2 i

Poultry g
Pulp and paper | T
Red meat

s_ugar

Tanning/eather

Textile ; -i,;: A

18.2.3 Dairy industry

A study conducted on behalf of the Water Research Commission in 1989 (NATSURV 4 1989)
revealed that the 150 dairies in South Africa use 4.5 million m’ of water annually. Most major milk
production factories are situated near urban centres and their effluent is discharged to municipal
sewers, where it is reated prior to discharge into aquatic systems. Most product factories (i.e.
those that produce dairy products such as cheese) are in rural areas, however, and discharge of
their effluent is more problematic, often causing environmental problems. Much of the effluent
denved from milk, butter and cheese production is reused (e.g. as buttermilk) and most
wastewater results from associated processes such as cleaning of equipment, bottles, crates, etc.

The majonty of effluents in the dairy industry arise from six main areas:

a) wastage of milk and milk products (COD = 75 000 - 86 000 mg I'");

b) plant cleaning-in-process (high COD and elevated concentrations of PO, and TKN);

c) crate and bottle washing (high COD);

d) vehicle washing (high COD and elevated concentrations of PO, and Total Kjeldahl nitrogen);
e) cheese washing and whey production; and

f) product dumping.
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The walter quality variables affected are TDS, COD and pH, and the final effluent may have the
following concentrations: COD = up to 2000 mg I', PO, = 126 mg I (mean), TKN = 8.5 mg |
(mean). Wastewater may also contain fats, oil and grease. There is great variability in effluent
quality between dairies and temporally within dairies (i.e. quality vares on a daily basis).

18.24 Fertilizer industry

The production of nitrogenous fertilizers results in wastewaters with relatively high levels of nitrate,
ammonia and urea. The production of phosphatic fertilizers results in acidic (low pH) wastewaters
high in calcium sulphate, phosphate and heavy metals (CSIR 1991),

18.25 Fish processing industry

The processing of fishmeal, oils and canned products results in wastewater with high loads of
organics and suspended solids and high concentrations of nitrogen (CSIR 1991).

1826  Food canning industry

This includes the canning of fruit, vegetables and meat. Wastewaters have high concentrations of
suspended solids and biodegradable organic loads, high alkalinity, water discolouration and
unpleasant odours in the outfall vicinity (CSIR 1991).

18.2.7 Qil refineries

Qil and petroleum refineries produce a wide variety of wastes including oils (free oil or oil
emulsion), condensate waters (high COD and possibly ammonia, trace metals, cyanides, phenols
elc), acid wastes (acidic, high COD), waste caustics (alkaline), and high loads of organics that may
include mercaptans, sulphides, phenols etc), special chemicals (high organic load and toxic
substances such as phenols, nitrobenzene, elc.) and cooling water (temperature). Singh & Gaur
(1989) studied the extent of oil and phenol contamination in a small stream in the state of Assam,
India, receiving refinery effluent. Increased concentrations of oil, phenol and ammonia led 1o the
loss of several algal species, as well as a general decrease in diversity, richness and a change in
species composition

18.2.8 Poultry industry

The 140 white-meat abattoirs in South Africa use 6 million m’ water annually (NATSURV 9 1989)
Wastewater has the following characteristics: pH = 59 - 101, COD = 689 - 6 780 mg | ' TSS =
106 - 1240 mg 1'; TDS = 332 - 2170 mg I Solid wastes (blood, fat, skin, feathers, viscera,
faeces, etc,) are transported and disposed of at solid-waste dumps
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18.29 Pulp and paper manufacture

The impacts of pulp and paper mill effluents on aquatic ecosystems are complex and result from
interaction of several potentially adverse water characteristics (Davis ef al. 1988). These include
TDS, TSS, BOD, COD, pH, toxicity (potential toxicants include chlorinated phenols, quinones,
sulphides, mercaptans, resins, and fatty acids) and colour (Walden 1976 cited by Davis ef al.
1988) The relative contribution of each to the overall impact varies considerably with pulping
process and its efficiency, the species of wood pulped, the waste treatment employed, and the
physical and chemical nature of receiving streams (Hutchins 1979 cited by Davis ef al. 1988).
According to a study conducted in 1990 (NATSURV 12, 1990), South Africa has 21 mills, including
integrated mills (where pulp- and paper-making are integrated at a single site), non-integrated milis
(a single pulp or paper mill) and secondary fibre mills where waste paper is the raw malenal
Large volumes of water are used (130 million m*a” for 3 million t a* of paper products) and waste
disposal often occurs directly into rivers or the sea, either with or without prior biological treatment
(NATSURV 12 1990). The resultant wastewater has a high organic load: COD = 200 - 17000 mg |
" (NATSURV 12 1990); BOD = 100 - 400 mg | ' (Callely ef al. 1977 cited by Hellawell 1986) and
inorganic load: TDS = 500 - 13 000 mg I'' (NATSURV 12 1990).

The pulping pvocess may be mechanical (without the use of chemicals) or chemical (including
soda, sulphite and the current-day Kraft process). The composition of the suspended solids
depends on the type of fibre (waste paper or pulp) and filter (Clay or chalk) used. Wastewater from
the bleaching of Kraft pulp is the major source of pollution at most mills, and may contain
degradation products originating from the lignin (may result in surface foaming), carbohydrates,
simple phenols, neutral and acidic compounds (NATSURV 12 1990) and chlorine or zinc (CSIR
1991; Hellawell 1986). The organic fractions are generally regarded as non-biodegradable
because of the presence of biotoxic constituents such as chlorphenolics.

Available literature on the impact of bleach Kraft mill effluents (BKME) on periphyton and
phytoplankton indicates that the effects are, 10 a cerntain extent, site-specific. Photosynthetic rates
of periphyton exposed to BKME in the Sulphur River, Texas, remained constant, whilst
phytoplankton photosynthetic rates were significantly lower downsteam of the input point, probably
due a decrease in light. A biological monitoring programme was undertaken above and below the
pulp and paper mill discharge from the Australian Paper Manufacturers into the Latrobe River,
Victoria (Scarlett & Hams 1990). The discharge formed approximately 4% of the river discharge
and biomonitoring included acute bioassays on fish and shrimps, sub-acute bioassays on algae,
and in situ surveys of the riverine fauna. No acute toxicity to fish or shrimps was noted, algal
productivity was not outside the normal range of variation, and benthic invertebrate density and
diversity did not change. Changes in species composition were not examined, however,

The effect of a pulp and paper mill effluent on aquatic ecosystems ultimately depends on recovery
processes during operation and dilution of effluent. An accidental spill of "black liquor” (high BOD
and sulphur-containing substances) resulted in massive fish kills in the Elands and Crocodile rivers
in the Transvaal (Kleynhans ef al. 1992). Primary treatment facilitates the settling out of fibre and
suspended solids; aeration ponds remove the BOD material; and dilution and retention in lagoons
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before discharge (Scarlett ef al. 1985) all reduce the impact of the effluent on receiving water
bodies

18.210  Red meat industry

The 285 red meat abatioirs in South Africa use 5.8 million m” of water annually (NATSURV 7
1989). Wastewater quality: pH = 5.7-8.4; COD = 2 380-8 942 mg | '; TSS = 5§34-3 300 mg | "; and
TKN = 5-71 mg | . Solid wastes were generally disposed of by burning or burying the wastes.

18.211  Sugar industry

Water intake by the 16 sugar cane processing plants and one full refinery in South Africa s low
relative to that of other industries (NATSURV 11, 1990) because the raw material (sugar cane) has
a very high water content (70%), which is used for processing. Additional water is used mostly for
cooling and domestic consumption. In South Africa, most plants are in KwaZulu-Natal, with two in
Mpumalanga. The primary pollutants in wastewater are enstrained sugar and various process
liquors such as juice, syrup and molasses. Much of the solid waste is reused and some
wastewater is used for irrigation. The effluent has a high COD (up to 20 000 mg I'') and biological
treatment is hampered by the deficiency of nitrogen and phosphorus. Almost all sugar plant waste
is totally soluble, and pollutants are mainly biodegradable organic matter and thermal poliution
(CSIR 1991). Recently the use of ash-disposal dams and artificial wetlands has led to great
improvements in effluent quality (Table 18.2).

Table 18.2 Improved water quality by use of ash dams and artificial wetlands (from
NATSURV 11 1990).

VARIABLE INFLUENT TO ASH DAM EFFLUENT FROM ASH DAM
pH 85 80
coD 1154 7
7SS 2760 188
PO, 12 10

18.2.12  Tanning and leather finishing industry

There are 20 tanneries in South Africa that produce 2 million hides per year and use 0.6 million m’
of water per year (NATSURV 10 1989). Numerous processes are involved in the preparation of a
hide, including soaking, unhairing, fleshing, deliming and bating, chrome tanning, wet blueing,
neutralizing and retanning, dyeing and fatliquoring, samm/setting, vegetable tanning and finishing
Sold wastes include raw-hide and leather trimmings, shavings and buffing dust, fleshings and
degraded hair, and sludge settling out from the liquid wastes. In terms of pollution load, the wet
blue processing is responsible for the majority of the load discharged by a full tannery. A typical
tannery waste may include soil, antiseplics, fats, salt, chrome, vegetable tannins, syntans, dyes
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and lacquers. The effluent will also be extreme in pH varations, high in TDS, TSS and organic
content. Wastewater loads tend to vary greatly over relatively short periods of time. Table 183
gives the raw wastewater quality from a tannery.

18.2.13  Textile industry

Textile industries may use natural fibres of animal (wool, hair, silk) or plant ongin (cotton, flax,
jute, hemp, sisal) and/or synthetic fibres (e.g. rayon, nylon) (CSIR 1991). Pollution characteristics
vary from factory to factory depending on the type and quantity of chemicals used, production
rates and equipment. Generally wastewater has high acidity/alkalinity, high concentration of
suspended solid and biodegradable organic loads, metals (e.g. chromium, mercury), toxic organic
compounds (e.g. phenol), colour and warmed cooling waters. The dyes used in the textile industry
may also be toxic o aqualic organisms (McKee & Wolf 1963) and are often responsible for the
discolouration of the water.

Table 18.3 Raw wastewater quality from a tannery

Variable Average (mg I"') Range (mg I")
pH 8.4 39-11.1
coo 9700 2760 - 29110
TDS 19600 10100 - 23400
ss 1970 1250 - 4100
Cr 120 42 - 690
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CHAPTER 19: MINING

SUMMARY

South Africa has many operational and abandoned gold, coal and uranium mines, amongst others
Drainage water from these mines has serous effects on receiving water quality (both surface and
ground waler) and thus on aquatic ecosystems. Water quality changes may include increases in total
dissolved solids and total suspended solids (TDS, TSS), sulphate, hardness and trace metals, and
reductions in dissoived oxygen and pH. The deleterious effects of this drainage water may be evidert a
significant distance from the source of pollution and for many years after the “source” has been removed
(ie after the mine closed) River reaches immediately below mine effluents are often devoid of ife,
whilst reaches further away from the effluents normally have biotic communities characteristically low in
diversity and richness, and dominated by a few tolerant species or groups. Recently rehabiltation of
abandoned mines, removal of the sulphate component of the efMuent and inhibiion of bacterial oxidation
of pynte have recelved aftention, so that the effects of acid mine drainage, both on receiving waler
quality and on aquatic ecosystem, can now be reduced.

19.1 INTRODUCTION

Mining operations result in increased quantities of heavy melals in streams that receive effluents from
the mining operations. Clearly the biotas of these streams are subjected to elevated levels of both
toxic and non-toxic metals, and so the species assemblages of all taxa from bacteria to fish reflect the
responses of the individual taxa (e.g. Noms ef al. 1981; Armitage & Blackburn1982; McCormick ef al.
1994). Mining operations may also release a toxic mix of metals and ore-extracting substances such
as cyanide. A less expected effect of mining operations, though, is the intense acidity of water
draining from mining sites. This issue is discussed below.

19.2 EFFECTS OF MINING

The main operativns o South Aliice are guid, wamun and voal miting.  Acid tioe diainage from
these operations may have a considerable impact on aquatic ecosystems

19.2.1 Acid mine drainage

South Africa has extensive gold, uranium and coal mines, drainage from which potentially affects
many of our water bodies. Mine effluents contain a complex of chemicals, many of which may have
deletenous effects upon aquatic ecosystems. Chemical changes taking place in receiving waters
include increased levels of suspended solids (increased siltation), dissolved solids, hardness

sulphates and trace metals; and reduction in dissolved oxygen concentration and pH (Clarke 1974)

(The effects of each of these variables on aquatic ecosystems are detailed in separate chapters). The
serious effect of mine effluents on water quality in rivers and lakes is well documented (Harrison 1962,
Besch ef al. 1972; Dills & Rogers 1974; Brown 1977, Ward ef al. 1978; Moon & Lucostic 1979, Moore
1980; Scullion & Edwards 1980; Chadwick ef al. 1986; Lampkin & Sommerfeld 1986; Filipek ef al.
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1987: Johnson & Thornton 1987; Younger 2001). The formation of acid drainage water is descrbed
by Letterman & Mitsch (1978): it occurs when sulphur in a coal seam or surrounding strata is
uncovered and exposed to the oxidizing action of air, water and chemosynthelic bacteria that utilize
the energy obtained from the conversion of inorganic sulphur to sulphate and sulphuric acid. The

overall chemical reaction is:
2FeS; + 70; + 2H,0 —> 2FeSO, + 2H,;S0,

In receiving streams the ferrous iron will be oxidized 1o the ferric form by chemical, and sometimes by
wiological, means. If the mine discharge results in acid conditions in the stream. this oxidation will be
slow. If, however, the acid is neutralized (the rate of neutrakization depends on the surface geology)
and pH rises to between 7 and 8, the rate of oxidation will increase and ferric hydroxide will
precipitate. A layer of ferric hydroxide precipitate, so-called “yellowboy”, on stream bottoms and
structures such as bridge piers is a common sight in areas affected by acid mine drainage. The
overall effect is thus dependent on the nature of the receiving water body. The deleterious effects of
mine drainage water may affect streams as far as 18 km downstream from the mine and often remain
long after mining has ceased (Savage & Rabe 1973 cited by Chadwick ef al 1986). Even
underground the rocks exposed by mining operations may be affected in the same way, resulting in
accumulation of extremely acid water. The Blesbok Spruit in the Gauteng area is a well known local
example of a surface stream being contaminated by pumping acid minewater into a surface stream.

Ward et al. (1978) compared the impact of mining in the western and eastern United States, and
concluded that the effect of mining was considerably less in the west. This difference was related to
differences in the buffering capacity of streams in the two areas, western streams being highly
buffered. Areas affected by mine effluents usually have communities dominated by chironomine and
tendipedid midges, oligochaetes (worms), chaoborids (ghost midges) or tendipedids (midges), whilst
odonates (dragonflies and damselflies), ephemeropterans (mayflies), bivalves and gastropods are
absent (Clarke 1974, Letterman & Mitsch 1978 Moon & Lucestic 1979). Interestingly, trichopterans
(caddisflly larvae) of the genus Mydropsyche sp. have been found by both Brown (1977) and
Letterman & Mitsch (1978) to be tolerant of mine drainage, possibly because of the silken, food-
capturing net that they spin around themselves.

19.2.2 Gold and uranium mining

Forstner & Wittmann (1981) present summarized data (Table 19.1) on the composition of various
effluents from gold and uranium mines in the Witwatersrand area of South Africa. Drainage occurs
from the mine itself and from waste rock dumps and tailing areas, which contain large quantities of the
sulphides and/or sulphates that are associated with most ore and coal bodies. The high sulphate and
low pH levels result in the formation of hydrogen sulphide. The most commonly occurring sulphides
are those of iron, namely the minerals pyrite, pyrrhorite and marcasite. It has been established that
insidious seepage from gold/uranium slime dams is characterized by extremely low pH values, high
sulphate contents and elevated trace metal concentrations (Table 19.1). Harrison (1962) reports on
two rivers (the Klipspruit and Klip) in the Witwatersrand area. Characteristic values of the Klip River
were: pH = 3.7-4.8, TDS = 930-1530 mg I and SO, = 405-1660 mg | . The fauna was impoverished,
consisting of wide-spread acid-resistant species such as Hydrozetes sp_ (an oribatid mite), the larvae
of Argyrobothrus sp. (a hydroptilid caddisfly) and chironomid midges (Harrison 1962).

158



Mining

19.23 Coal mining

Poliution of surface waters by acidic drainage from working and disused coal mines has a significant
impact on aquatic ecosystems. The various negative effects are succinctly described by Kemp
(1967): “Coal mine drainage adversely affects the aesthelic appearance of streams and rivers,
destroys the living organisms that inhabit them and hence reduces their sell-purification power, and
makes streams unfit for domestic, industrial and agricultural use, requiring surface waters 1o be
extensively treated before they are suitable for such uses”. Receiving water from acidic coal mine
drainage is normally colouriess to deep orange, contains sulphates of ferrous and ferric iron,
aluminium, calcium, magnesium and usually sodium, has a very low pH (down to 2) and a high TDS.
Table 19.2 clearly shows the differences in vanous water quality variables between polluted and
unpoliuted streams,

Table 19.1 Hydrochemistry of effluents from gold-mining wastes (mg ") (from Forstner &
Wittmann 1981) (N = normal river water, KD = Klerksdorp, WW = West Wits, WR =
West Rand, CR = Central Rand, ER = East Rand, EV = Evander, OFS = Orange Free
State).

pH | SO, Fe Mn Zn Cu Pb Cr Ni Cd Co

N |66 |0011 (0.1 [0.007 |001 |0.003 (00005 [0.001 [0.001 [0.0005 |0.0002

KD |27 | 270 110 | 14 900 |16 0020 |070 |6.80 0023 (390

WW|1.7 |[1113 |550 (206 2600 |54 0290 |(400 |640 0.052 (3.30
WR |37 | 285 3 18 468 |122 (0081 |002 154 0007 (225

CR |30 |450 124 |41 1320 |054 0032 0072 |1580 |0.0061 |261

ER |40 | 034 - 4 115 |0.06 - - 1.92 0.0002 |0.27

EV |32 | 296 29 |10 300 |040 |O002 (0061 |3.80 0.0025 |1.50

OFS|26 (653 |274 |44 522 |232 |0010 |0.060 | 890 0005 (206

Various studies (Edwards ef al. 1972, Leamer ef al. 1971, Scullion & Edwards 1980) found streams
downstream of coalfields dominated by chironomids (subfamily Orthocladiinae) and oligochaetes,
mainly tubificids and naidids. Simuliids and trichopterans were vitually eliminated. Macroinvertebrate
faunal abundance was decreased by 80-90% in a small stream in South Wales receiving coal industry
pollutants (Scullion & Edwards 1980). Harrison (1962) measured conditions in the Klipspruit River,
Witbank, which receives runoff from coalfields, and noted a pH of 2.9, TDS of 241-624 mg I'', and
50, of 475mg | . The fauna was impoverished, and consisted mostly of Hydrozefes sp. and other
oribatid mites, the caddis Oxyethira velocipes and the chironomid Polypediilum anale. No fish were
found in these streams. Some of the more widespread species found in naturally acidic Cape streams
have been able to colonize the acid-polluted Transvaal streams. Species richness is impoverished but
densities are not necessarily low.

If precipitates of iron are deposited on the leaves of macrophytes and on the surfaces of algae,
photosynthesis may be inhibited resulting in the disappearance of these communities in the river
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ecosystem (Hellawell 1986) Waste solids ( < 64 um in size and in test concentrations of 50, 100 and
200 mg 1) from a coal washery led to a reduction in the growth of rainbow trout, Salmo gairdneri,
probably through reduced foraging and respiratory efficiency (Herbert & Richards 1963, cited by
Hellawell 1986), although actual survival was not affected. The impact of mine drainage on a receiving
stream is greater if the water body is small and the flow rate is low

Onff (1963) described conditions in Natal coalfields. Acid sulphates were produced but were
neutralized rapidly by carbonates in the surface rocks and soils. Streams then carried large
concentrations of the sulphates of calcdum and magnesium. ONff reported increased algal growth
below the neutralization zone, probably as a result of the increased nutrient salts coming from the
coalmines. The increased algal growth lead to increased faunal density and changes in species
composition. The pH was between 2 and 4, TDS 2500-3000 mg I ' and sulphates approximately 2000
mg I'. Swift (1985) further noted that coal piles stored near mine sites also have an effect on
receiving water quality and aquatic communities.

Table 19.2. Analyses of polluted and unpolluted streams and effluents from Natal Coalfields
(modified from Kemp 1967)(concentrations in mg I'').

Source/Stream Type pH | TDS |CaCoy| Ca | Mg | Na K | SO, | CI |Si0;

Upper Unpoliuted
! 6|20 7|13 | 74| a6 |4
Umzinyatsnana | stream | 86| 232 | 173 268 (208 [237 | 13 6 |432
Unpoliuted
) 11| 7. . . . . 4
Upper Sundays| ~ 00 5% |82 o5 | 79 28215320116
it Ve feel2110] - |200]| 79 |18 | 7.3 | 1590|115 | 22
Colliery dump mine
I Pump | yslases| - |482 | 309 | 202 | 11.3 [ 3080] 6.9 | 40
Colliery effluent
Newcastle | Abandoned | . .| yo00 | . |11 | 157 | 33 | 53 |2380] 40 |40
Colliery mine
Lower Poliuted
7. 6| s, ;
ashaas! e 4[1037| 128 (946|451 | 96 | 23 [ 697 [200/ 45
Pol
Wasbank olluted | o 2] 3105| 107 | 240 | 135 | 621 | 7.5 | 2010] 129 | 55
stream
19.3 CURRENT RESEARCH

Heightened awareness of the effects of mine waters (both from operational and abandoned mines) on
receiving water quality (ground and surface water) has prompted studies on the rehabilitation of mining
waste impounds (Wells 1987, Levy ef al. 1987, Jewaskiewitz & Lombard 1987). Rehabilitation must
aim at producing a stable environment on the deposit which will be self sustaining. non-polluting and
aesthetically acceptable. This is achieved by reducing air and water pollution to acceptable levels,
mainly through the use of water and vegetation (Wells 1987). The significance of mineral pollution
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from mining activities is clearly evident from the report on mineral pollution in the Vaal Barrage (Jones
ef al. 1989). Jones and co-workers ascertained that seepage from mine deposits (both shmes dams
and sand dams) was probably the source of high salt loads in the Vaal River. Diffuse sources
(including mine residues) accounted for 50% of the overall pollution load of the Vaal Barrage.

Recent work funded by the Water Research Commission (WRC 1990) has investigated the chemical
removal of sulphates (Water Research Commission Report No 203/1/90, 1990), and the inhibition of
bacterial oxidation of pyrite and concomittant acid mine drainage (from coal waste dumps and gold
sand dumps) (Loos ef al 1990a; Loos ef al. 1990b; Sanderson & Immelman 1990).

It is clear therefore that the problem of water pollution by mine water drainage Is receiving attention
and this is to be encouraged to allow maintenance of appropriate conditions in aquatic ecosystems
affected by mining activities, old and new. Brown et al. (2002, in Wood 2002) have recently produced
a book detailing aspects of remediation of the environmental effects of mines and mine seepage.
while authors such as Vinyard (1996) report on the development of new biological methods for
assessing the effects of mines on aquatic ecosystems and the effectiveness of attempts at restoration.
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CHAPTER 20: URBAN RUNOFF

SUMMARY

High population densities in wban areas and associated pollution problems place pressure on
resowces such as fresh water. Pollution from urban areas is usually from non-point sowces  The
type of confamination depends on runoff area (i.e. agricultural, residential, industrial) and poliutants
may include a combination of physical (e.g. suspended solids), chemical (e.g. dissoived oxygen),
organic (e.g. animal faecal matenal), inorganic (e.g. nutrients) and toxic (e.g. trace metals,
biocides) constituents. Potential sources of urban runoff include road pavement matenals, motor
vehicles, atmospheric faliout, Itter, vegetation, spills, domestic spraying, and unauthonzed
dumping and washing. Urbanization is characterized by an increased extent of impervious area
(e.g buidings and road swfaces), decreased natural storage capacity and canalisation of rivers
into drainage canals, al of which lead to increased runoff volume and discharge rates  This
alteration of flow regimes, together with chemical changes, results in the development in urban
rivers of macroinvertebvate communities that are resibent enough to withstand intermittent periods
of severe environmental stress such as the high flow rates, unstable substrata and high acute

pollution loads.

201 INTRODUCTION

Migration of rural-dwellers 1o urban areas exers increasing pressure on resources within these
urban areas. One resource particularly susceplible to stress in urban areas is fresh water. Runoff
in urban areas, particularly after heavy rainfall, is likely to contain pollutants that will ultimately
make their way into local streams and rivers. Urban runoff may affect aquatic biotas (particularly
faunal diversity) more severely than would well trealed sewage effluent (Hellawell 1986) and is
considered a major source of trace metals 1o aquatic environments in Australia (Liston & Maher
1986). To illustrate the potential impact of urban runoff, various studies have compared
stormwater/urban runoff with treated sewage effluent (Weeks 1982). Stormwater runoff contained
twenly times the concentration of non-fiterable residues, twice the biological oxygen demand,
fifteen times the phosphate and nitrogen concentrations, and more suspended solids than well-
ireated sewage effluents, Runoff from urban areas is diffuse, i.e. it is of non-point-source origin
and is thus very difficult to quantify. It may include numerous pollutants (physical, chemical.
organic, inorganic, toxic, non-toxic) that may interact (o increase or decrease the ultimate effects
on aquatic ecosystems. The actual constituents found in urban runoff will depend to a cenain
extent on runoff areas: for instance herbicides may be found in runoff in residential urban areas,
trace metals in industrial urban areas and suspended solids in urban areas under construction
Within a catchment the following subsections based on land-use types may be distinguished (from
Rimer ef al 1978):

@)  Low activity rural: predominantly forested and agricultural without major roads.
b)  High-activity rural: predominantly forested and agricultural but containing some major
development, such as roadways and airports
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c) Low-activity residential: predominantly low-density residential with little or no commercial
activity and few major thoroughfares,

d) High-activity residential: predominantly residential but with a heavier concentration of
commercial and institutional areas and considerable vehicular traffic.

e) Low-activity commercial: predominantly light industry or commercial areas, where the major
vehicular traffic occurs during the moming and afternoon rush-hour periods.

f) High-activity commercial: predominantly industnial, institutional or commercial, areas where
vehicular traffic is likely to be heavy throughout the day.

a) Urban: predominantly central business districts.

Although a) and b) are more associated with non-urban areas they are included here, since within
an urban area there are often open, non-developed areas like parks, sports fields and natural
vegetation ("green belts”). In general, effects of urban runoff become more pronounced as areas
develop from rural to residential 1o commercial (industrial/business district zone) and as traffic
volume increases (Helsel ef al. 1979; Stephenson & Green 1988).

Urban runoff is correlated to rainfall events and total runoff volumes are directly related to total
rainfall (Weeks 1982). Urbanization of rural areas is charactérized by an increase in impervious
areas (e.g. buildings and road surfaces), decreased natural storage capacity, and canalisation of
nvers into drainage canals. These factors result in increased runoff volume and discharge rates
with catchment imperviousness and drainage infrastructure considered the primary determinants
of the magnitude of stormwater runoff impacts (Waish 2000). A storm of average intensily may
produce 5-10 times the dry-weather flow contribution from the same area (Murphy & Carleo 1978).
Generally low flows are lower and high flows higher than under natural conditions, because of the
reduced contribution of ground water and the reduced interchange between surface and ground
water (impervious layer). The "initial flush” al the start of a rainfall event transports approximately
40% of poliutants (Weeks 1982). In highly seasonal areas, such as the southwestern Cape, South
Africa, the effects of the first flush must be highly significant.

20.2 POLLUTANTS CONTRIBUTING TO URBAN RUNOFF

An urban environment has many potential sources of contaminants reaching runoff (Table 18.1)
from direct washing of the ground (e.g. road surfaces and roofs) or through fallout from industries
and vehicle exhausts. Natural debris also forms part of the load of material in urban runoff. Over a
long penod (e.g. a season or a year) almost all of the pollution deposited on impervious surfaces
that has not been removed by street cleaning, wind or decay, will eventually end up in surface
runoff (Novolny & Chestes 1981).

203 EFFECTS OF URBAN RUNOFF ON AQUATIC ECOSYSTEMS
Some of the numerous adverse effects on receiving waters from urban runoff include physical
effects such as flooding, erosion, sedimentation; physico-chemical effects such as elevated

temperatures, dissolved oxygen depletion, nutrient enrichment, toxicity, and biological effects such
as reduced biodiversity (Marsalek ef al. 2002).
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Table 20.1 Potential non-point sources of pollutants contributing to urban runoff

Potential sources Examples

Road pavement matenals Degradation products

Motor vehicles :;ﬂm cey:ird':m;ze o;:lam:;. linings, exhaust

Atmospheric fallout From industrial stacks and venls

Litter Packaging matenials, food discards, animal droppings, plant
debris

Vegetation Bark, twigs, leaves, fruit, seeds, pollen, grasses

Spills Sand, gravel, cement, agricultural and petroleum products, etc

Domestic spraying Herbicides, insecticides

Unauthorized dumping or washing | Chemicals such as detergents and oils

20.31 Physical changes

The impervious nature of urban areas translates into increased risk of urban flooding. Because of
the increased flood risks, many urban channels have been modified to improve hydraulic
efficiency, through straightening or sealing, or construction of levees resulting in isolation from
floodplains (Walsh 2000). Riparian vegetation if often cleared for the same reasons. Canalisation
(also referred to as channelisation) of a stream or river effectively destroys most natural processes
occurming in it. In extreme cases of canalisation natural stream biotopes (riffle, run, pool sand,
backwater, marginal vegetation) are replaced by one "biotope™ a smooth-sided and -bottomed
concrete drain. Aquatic organisms adapted to living in the hyporheos (streambed sand/gravel) are
effectively cut off from the substratum, as are processes such as filtration and seepage, which are
impontant for the maintenance of healthy riparian vegelation. The physical changes employed 10
reduce hydrological effects such as flooding, reduce the diversity and availability of instream
habitat for aquatic plants and animals (Walsh 2000). Increased discharge rates and flood events
take on new meaning for aquatic organisms with no means of escape. The erosional/depositional
characteristics, which often lead to increases in the concentration of suspended solids, are allered
The ability of a stream to self-purify depends on the biotic component, a reduction in which would
reduce this ability. Clearing of riparian vegetation is often associated with canalisation and ¢ may
lead to changes in stream temperature regime and primary food source.

Alternative, slightly more “river-friendly” methods of canalisation include the use of Loffelstein
blocks, which all the development of some biological communities in the interlocking blocks but
which, by their size and design, tend o prevent the growth of ripanan trees (Davies & Day 1998)
Rehabilitation of canalised urban rivers via the introduction of small weirs and drilling of one-
metre-diameter cores that facilitated the reconnectivity of the river to its hyporheos, allowed some
of the natural functioning of the river and its biota to redevelop (Davies & Day 1998). Whiist the
enhancement of habitat complexity in an urban stream in Cape Town, South Africa (Davies & Day
1998) led 1o an increase in species diversity, an experimental assessment of increasing habitat
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complexity showed little change in species composition (Walsh & Breen, in press). Waish & Breen
(in press) concluded that the success of physical habitat restoration in urban streams was likely to
be dependent on the degree of catchment imperviousness and drainage intensity. Walsh (2000)
sugested that for streams receiving urban runoff, the most appropriate primary restoration actions
are likely to be the retention and treatment of stormwater before it reaches the streams.

20.3.2 Physico-chemical changes

The chemical impact of urban runoff on receiving water bodies depends on the types of pollutants
that have been accumulated prior to being washed into the stream or lake. Urban runoff may
result in a reduction in dissolved oxygen concentration (following organic enrichment: Rimer ef al
1978); an increase in nutrients (Bedient et al. 1980; Jones & Redfield 1984, Carpenter ef al. 1998),
trace metals (Wilber & Hunter 1979, Liston & Maher 1986, Hall & Anderson 1988, Marsalek ef al.
2002), pesticides (Murphy & Carleo 1978) and hydrocarbons (Helsel ef al. 1979; Hunter ef al
1979, Hoffman ef al 1982). Many urban pollutants are diffuse in origin, for example atmospheric
deposition of nitrogen (Carpenter ef al. 1998), and thus difficult to control. Details of the effects
that changes in these factors (excluding hydrocarbons) have on aquatic ecosystems are reviewed
in separate chapters.

The term "total hydrocarbons® refers to the sum of hydrocarbons in soluble and pariculate
fractions, the majority of which are petroleum hydrocarbons (Hoffman ef al. 1982). In urban
environments they are derived from accidental spills, deliberate dumping and vehicle crankcase
oil. The highest concentration of petroleum hydrocarbons, which are largely associated with
particulate matter, was linked to the first major peak in flow rate (Hoffman et al. 1982). An infrared
method of ol quantification found that runoff from a busy highway contained an average
concentration of 10 mg I”" of oil, while runoff draining a residential area contained an average of
09 mg I'" (Hoffman ef al 1982).

20.3.3 Biological changes

Recent studies have shown a relationship between the degree of calchment urbanisation, as
assessed by catchment imperviousness, and ecological degradation (May ef al. 1997, Walsh et al.
in press). Biotic communities of streams showed increased degradation with increased catchment
urbanisation (Walsh 2000). Walsh (2000) suggests that it is likely that severe degradation in the
Melbourne metropolitan area (Australia) was a result of the efficiency of pollutant delivery to
receiving streams in the metropolitan area. The traditional practices of stormwaler management,
aimed at reducing flood risk, maximised the efficiency of delivery to receiving waters, by
maximising the connection between impervious surfaces and the receiving stream. Walsh (2000)
further suggests that contemporary best management practices (BMPs) almost all aim to minimise
connection, by retaining runoff for treatment and filtration.

Clearing of riparian vegetation reduces the amount of allochthonous material entering a stream,
thereby affecting the primary food source and alters the flow regimes (e.g. increases in discharge
rates and peaks) The causal relationship between physical and chemical changes, and changes in
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the resource base (particulate organic matter - POM) of an urban stream was investigated by
Sloane-Richey ef al (1981). Food quality and temporal availability of POM were significantly
lower in an urban stream (Kelsey Creek, Washington: 54% residential, 24% commercial and
industrial, 22% park or undeveloped land) than in relatively undisturbed stream (Bera Creek,
Washington: 15% residence, 85% forested or undeveloped pastureland). The altered flow regime
influenced the resource base by increasing throughput of material and reducing residence time
and instream-processing time for allochihonous and autochthonous matenal (Richey 1982 cited by
Pedersen & Perkins 1986).

Accumulation of trace metals in urban runoff leads to a reduction in faunal density, diversity and
richness, and a change in species composition (Garie & Mcintosh 1986). Macroinvenebrate
communities that develop in urban areas must be resilient enough to withstand intermittent periods
of severe environmental stress such as high flow rates, unstable substratum and high acute
poliution loads.

It is generally recognized that the overall effect of urbanization and stormwater runoff is
debilitation of the functioning of the aquatic ecosystem. Macroinvertebrate and fish populations
become depleted, algal biomass increases (resulting from nutrient enrichment) and bactenal
decomposition pathways become important (Sloane-Richey ef al. 1981). From a bioassessment
perspective, Walsh (2000) suggests that, if the catchment of the impact study site is >25%
impervious, macroinvertebrates are unlikely to be a useful group for impact assessment. He
suggests that in such cases, monitoring the loads of the pollutants of interest may be a more
appropriate approach. This conclusion warrants consideration by authorities currently involved in
biomonioring activities within urban calichment areas such as the Cape Metropolitan Council
(CMC), South Africa.

Increased concems about the impact of urban runoff, storm water in particular, has led to the
implementation of *best management practices” (BMPs; Marsalek ef al. 2002). Among the BMPs,
stormwater management ponds are used to control flow and thereby reduce runoff peaks, and
enhance stormwater quality by various physical, chemical and biological processes (Marsalek ef
al. 2002).
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Appendix A An alphabetic list of the scientific names of all organisms referred to in the
text with details of their taxonomic classification and common name

SCIENTIFIC NAME PHYLUM CLASS ORDER / FAMILY* COMMON NAME
Acronowna oonias Arthropoda Insecta Plecoptera stonefly
Afrochdlona capensis Arthropoda Crustacea Amphipoda scud/ sand hopper
Aburnus atburnus Chordata Osteschthyes bleak (fish)
Anabaena flos-aquae blue-green alga
Anabaena vanabis blue-green alga
Anabaena blue-green alga
Aplaxa hypnorum Mollusca Gastropoda  |Physidae* snail
Artermia salng Arthropoda Crustacea |brine shrimp
Asolus agualicus Arthropoda Crustacea Isopoda sow-bug/ hog-louse
Asellus communis Arthropoda Crustacea Isopoda sow-bug/ hog-louse
Aselus mendanus Arthropoda Crustacea Isopoda sow-bug/ hog-louse
Auvlcsra fertibssima aga
Australortis glabratus |Mollusca Gastropoda  |Planorbidae® snail
Beelis belus Arthropoda Insecta Ephemeroptera mayfly
Baelis latus Arthropoda Insecta Ephemeroptera may'ly
Baelis rhodani Arthropoda Insecta E optera [mayfly
Baelis thermicus Arthropoda Insecta Ephemeroptera mayfly
Baelisca lsurentina Arthropoda Insecta Ephemeroptera mayfly
Barytelphusa guernn Anthropoda Crustacea _ |Brachyura crab
Bedamya dissimibs Mollusca Gastropoda |Vivipandae*® snail
Boleophthalmus dussumien |Chordata Osteichthyes mud skipper (hish)
Brachionus rubens 'Rotuf«a rotifer
Brachycentrus amencanus |Arthropoda Insecta Tnchoptera caddsfly
Caonis Arthropoda Insecta Ephemeroptera mayfly
Carassius auratus Chordata Osteichthyes |Cypriniformes oldfish
Catostomus commersoni  |Chordata Osteichthyes white sucker (fish)
Carindaphnia dubia Arthronoda Crustacea Cladocera water flea
Cenodaphmva puichels Arthropoda Crustacea Cladocera water flea
Channa punctalus Chordata Osteichthyes snakehead (fish)
Chaoborus Arthropoda Insecta host midge’ phantom larva
Chasmagnathus granwata |Athropoda Crustacea Brachyura crab
Chwonomus plumosus Arthropoda Insecta Diptera midge
Chironomus npanus Arthropoda insecta Diptera midge
Chironomus tentans Arthropoda Insecta Diptera midge
Chwonomus Arthropoda Insecta Diptera midge
Chiorella pyrenovdosa alga
Chiorela saccharophia alga
Cladophora alga
Clanus batrachus Chordata Osteichthyes |Siluriformes catfish
Clanus ganepinus Chordata Osteichthyes |Silurformes sharptooth catfish
Cloeon Arthropoda Insecta Ephemeroptera mayfly
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SCIENTIFIC NAME PHYLUM CLASS ORDER / FAMILY* COMMON NAME
Coretus corneus Mollusca Gastropoda snail
Coretus fatigous Mollusca Gastrepoda snail
Crcolopus Arthropoda Insecta Diptera midge
Cuiex fatgous Chordata Insecta Diptera mosquito
Cyclateda meneghiniana diatom
Cyclops Arthropoda Crustacea Copepoda minute “shrimp"
Cyprnus carpio Chordata Osteichthyes |Cypriniformes common carp (fish)
Daphria cannata Arthropoda Crustacea Cladocera water fleg
|Daphnia magna Arthropoda Crustacea Cladocera water flea
Daphnia pulex Arthropoda Crustacea Cladocera water flea
Ecdyonurus dispar Arthropoda Insecta Ephemeroptera mayfly
Ephemera simulans Arthropoda Insecta Ephemercptera mayfly
Ephemerella grands Arthropoda Insecta Ephemeroptera mayfly
Ephemerela ignita Arthropoda Insecta Ephemeroptera mayfly
Ephemeralla subvana Arthropoda Insecta Ephemeroptera mayfly
Ephemerela Arthropoda Insecta Ephemeroptera mayfly
Enstabs Arthropoda Insecta Diplera rat-tailed maggot
Erpobdela octoculata Annelida Hirudinae leech
Gambusia affinis Chordata Osteichthyes |Cyprinodontiformes |mosquito fish
Gammarus fascialus Arthropoda Crustacea Amphipoda scud/ sand hopper
Gammarus lacustrs Arthropoda Crustacea Amphipoda scud/ sand hopper
Gammarus pseudokmnaeus |Arthropoda Crustacea Amphipoda scud/ sand hopper
Gammarus pulex Arthropoda Crustacea Amphipoda scud/ sand hopper
Gasterosteus aculseatus  |Chordata Osteichthyes threespine stickleback (fish)
Heteropneustes fossiks Chordata Osteschthyes |Siluriformes indian catfish
[Hexagenia kmbata Arthropoda Insecta Ephemeroptera mayfly
Hyalela arleca Arthropoda Crustacea Amphipoda scud/ sand hopper
Hydndella glenelgenis Mollusca Bivalvia river mussel
Hydropsyche beltemn Arthropoda Insecta Trichoptera caddisily
Hydropsyche Arthropoda Insecta Trichoptera caddsfly
Hydrozeles Arthropoda Arachnida Hydracarnna water mite
Ictalurus punclalus Chorcata Osteichthyes |Shuriformes channel catfish
Ischnura verticaks Arthropoda Insecta Odonata dragonfly
Jordanela flondae Chordata Ostechthyes flaghsh
Juge phofera Mollusca Gastropoda snail
Lebistes reticulatus Chordata Osteschthyes gquepy
Lemna gibba duckweed
Leponis cyanelus Chordata Osteichthyes |Perciformes reen sunfish
Leponws macrochrus Chordata Osteichthyes |Perciformes bluegill sunfish
Leptophiebra nebulosa Arthropoda Insecta Ephemeroptera mayfly
Leuctra inermis Arthropoda Insecta Plecoptera stonefly
Limnodrius hoffmevsten Annelida Oligochaeta |Tubificidae agquatic earthworm
Lucioperca Chordata Osteichthyes |Perciformes ch
lLymnaea stagnais Mollusca Gastr Lymnaeidae* snal
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SCIENTIFIC NAME PHYLUM CLASS ORDER / FAMILY" COMMON NAME
Macrobrachium rosenbergy |Arthropoda Crustacea  |Decapoda freshwater prawn
Macrobrachium lamarrei Arthropoda Crustacea Decapoda freshwater prawn
Macroma Arthropoda Insecta Odonata dragonly
Microcyctis aeruginosa blue-green alga
Micropterus dolomew |choraata Ostechthyes |Percitormes smalimouth bass
Mxcrogterus salmodes ___|Chordata Osteichthyes |Perciformes largemoutn bass
Moina macrocopa Arthropoda Crustacea Cladocera water flea
Monoraphidum crcinale reen alga
Morone saxatis |Chordata hyes |Perciformes strped bass
Mysiodopsis batia Arthropoda Crustacea Mysidacea opossum shnmp

|Vars Annelida Oligochaeta |Nawdidae aguatic earthworm
Navicula incerta alga
Neres virans Annelida Polychaeta bristle worm
Nizsciva clostenum alga
|[Notroptis spiopterus [Chordata Osteichthyes spotfin shiner (fish)
Oncorhynchus gorbuscha _|Chordata Osteichthyes |Salmonidae ink salmon
Oncorhynchus keta |chordata Osteichthyes |Salmonidae chum salmen
Oncorhynchus kisutch IChordda Osteichthyes |Salmonidae coho salmon
Oncorhynchus mykiss IChorddu Osteichthyes |Saimonidae steelhead/ rainbow trout
Oncorhynchus nerka lChorm Osteichthyes |Saimonidae sockeye salmon
Oncorhynchus tshawytscha lcwm Osteichthyes |Salmondae chinook salmon
lOrcomdos Mmuns Arthropoda Crustacea  |Brachyura freshwater crayfish
IOxyum VOIOCIDO S Arthropoda Insecta Trichoptera cadoisfly
IOzrotohhuu senex senex |Arthropoda Crustacea Brachyura crab
Perca flavescens Chordata Osteichthyes |Perciformes ellow perch
Perca fuvialus Chordata |Osteichthyes |Perciformes ch
Physa fontinads Mollusca Gastropoda |Physidae* snail
Physa gymna lMo"usca Gastropoda |Physidae* snail
Physa helerosiropha lMouusca Gastropoda  |Physidae* snail
Physa stegra lMollusca Gastropoda |Physidae* snail
Physa Mollusca Gastropoda |[Physidae* snail
Pmephales promelas Chordata Osteichthyes fathead minnow
Planorbidae Mollusca Gastropoda  |Planorbidae*® snail
Poecila reticwiata lChordau Osteichthyes |Atheriniformes uppy
Polycels lenws Platyhelminthes  |Turbellana Tricladwda flatworm
Polypeddum anale Arthropoda Insecta Diptera midge
Pontogammarus maeoticus |Arthropoca Crustacea Amphipoda scud/isand hopper
Pristina Annelida Oligochaeta [Naididae aquatic earthworm
Pseudomonas putda bacterum
Psychoda Arthropoda Insecta Diptera sewage fiy
Preronarcela bacs Arthropoda Insecta Plecoptera stonefly
Prevonarcys caWfornica Arthropoda Insecta Plecoptera stonefly
Prevonarcys dorsata Arthropoda Insecta Plecoptera stonefly
Salmo clarks Chordata Osteichthyes |Saimonidae cutthroat salmon
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SCIENTIFIC NAME PHYLUM CLASS ORDER / FAMILY" COMMON NAME
Saimo fano Chordata Osteichthyes |Saimonidae
w Chordata Osteichthyes |Saimonidae rasnbow trout
Saimo sala Chordata Osteichthyes |Salmondae atlantic salmon
Saimo trutta Chordata Osteichthyes |Saimonidae brown trout
Saivebnus fontinabs Chordata Osteichthyes |Saimon.dae |brook trout
Selenastrum capncornutum alga
Simocephalus vetulus Arthropoda Crustacea Cladocera water flea
Simocephalus serrualus Arthropoda Crustacea Cladocera water lea
Stizostedvon wtreum Chordata Osteichthyes walleye (fish)
Tanytarsus dissimds Arthropoda Insecta Diptera midge
Thiara torwlosa Mollusca Gastropoda |Thandae* snail
Tlapa aures Chordata Osteichthyes |Perciformes blue tilapia
Tapia miticus Chordata Osteichthyes |Perciformes bream
Tidapva mossambicus Chordata Osteichthyes |Perciformes tilapia
Tiapve sparrmans Chordata Osteichthyes |Perciformes bandec tlapia
Tilapra spdurus |Chordata Osteschihyes lPomlo:mos bream
Tubifex tubifax Annelida Oligochaeta | Tubificidae aquatic earthworm
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GLOSSARY

abiotic not related to living things

acchmation the process whereby an organism becomes accustomed 10
antificially imposed conditions

acetylicholine an enzyme involved in transmission of nervous impulses,
and the target of organochlorine insecticides

acid precipitation rain, mist, snow and dust acidified by poliution with oxides of
nitrogen and/or sulphur

acid rain see acid precipitation

acidification here considered as an increase in the acidity of water and
soil as a result of human activities

acute effect in toxicology, the effect of a toxin during a short period of
exposure

adsorption the physical adherence to the surface of a molecule or
particle

aeolian of the wind

aerobic using oxygen

agrochemicals chemicals, such as pesticides and fedtilisers, used in
agriculture

algae non-vascular plant-like organisms (seaweeds, pond scums,
many kinds of phytoplankton, etc.)

alkalinity the sum of the anions of weak acids, plus hydroxyl,
carbonate and bicarbonate ions, in a sample of water

allochthonous generated outside the system in question

ambient surrounding (e.g. ambient temperature is temperature of the
surrounding air or water)

Amphipoda a group of small shrimp-like crustaceans (sand fleas, beach
hoppers, scuds)

anaerobic not using oxygen

anoxic without oxygen

animal any heterotrophic, motile organism (includes worms,
sponges, birds, reptiles, humans, etc)

anions negatively charged ions

Annelida the annulated worms, including earthworms, leeches and
bristie worms

antagonist one acting against another (in toxicology, a substance that
reduces the toxic effect of another)

antecedent preceding

antibiotic an anti-bacterial agent

anthropogenic caused by human activity

aquifer a subterranean accumulation of water

Arachnida the eight-legged arthropods: spiders, mites, ticks, scorpions,
elc.

Arthropoda the jointed-legged animals: the crustaceans, insects,
arachnids, etc.

ATP adenosine triphosphate, an energy-rich organic molecule

autotrophic ‘'self-feeding’: using the Sun’s energy or chemical energy 10
fix carbon (contrast with heterotrophic)

bactena minute prokaryolic organisms with no nucleus, some, but not
all, bactena are pathogenic (qQ.v.)

basalt a rock type of volcanic origin

benthic living on the bottom

bilharzia schistosomiasis: a human parasitic disease caused by a
fluke whose intermediate host is a freshwater snail

bioaccumulation the accumulation of substances within a living organism

bicassay an assay using living organisms
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bioassessment
bioavailability
biocides
bioconcentration

biodegradable
biodiversity

biotic assemblage
biological indicator

biological community
biological oxygen demand (= BOD)

biomagnification
biomass
biomonitoring
biota

biotic

biotope

Bivalvia
blackflies

blackwater systems

BOD
Brachyura
buffering capacity

caddisfly

canopy
carcinogenic
carmivore
catchment

cations
chemical oxygen demand (COD)

Chironomidae
chronic effect
Cihata
Cladocera

Cladophovra
coD

Coleoptera
coliform (bacteria)

assessment, usually of environmental condition, using living
organisms
the extent to which a particular constituent is available to
living organisms

substances that kill living organisms (usually substances
created by humans for this purpose)

accumulation of a chemical substance in a living organism
by direct contact with the surrounding medium

able 1o be broken down by lkving organisms, often bacteria
the diversity of living things at the level of genetics, of whole
organisms, and of ecosystems

the species found in an area

living things that indicate the quality of environmental
conditions

all the interacting members of the biota of a given area
the amount of oxygen consumed by the biota in a sample of
water (usually measured over S days at 20°C)

the phenomenon resulting from accumulation of chemical
substances in living organisms through the food chain

the mass (weight) of bioclogical material

using living organisms 10 monitor aspects of their
environment

the totality of the living organisms of a region or a system
relating to living things

an homogeneous environment that satisfies the habitat
requirements of a biotic community

molluscs with two shells: clams, mussels, etc,
blood-sucking midges with filter-feeding aquatic larvae that
in parts of Africa are vectors of river blindness

aquatic systems in which the water is stained with hurmic,
fulvic and/or other polyphenolic acids

(see biological oxygen demand)

crabs

the resistance to change in pH as a result of the presence in
waler of a weak acid and its salts

a member of the insect order Trichoptera, the larvae of many
of which are aquatic

the leafy parts of trees meeting overhead

causing cancer

a meat-eater

the entire land area from which a river or reservoir is fed (=
drainage basin, = watershed)

positively-charged ions

the amount of oxygen consumed by the abiotic fraction of a
water sample

a family of non-biting midges, the larvae of which are very
common inhabitants of fresh waters

in toxicology, the effect of a toxin over a long period of

exposure
protozoans (q.v.). such as Parameciumn, that moves by
means of long hair-like structures called cilia

the water fleas

a genus of filamentous alga

(see chemical oxygen demand)

beetles

bacteria related 1o Escherischia coli, which is found in
human faeces
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collector
community

conductivity

consumer
Copepoda
CPOM

Crustacea
Cyanobacteria

Daphniidae
Decapoda

decomposer

decomposition

depauperate
deposit feeder

detritivore
detritus
diatom

diel
Diptera

diurnal
dystrophic
EC«

ecology

ecosystem ‘health’

ecosystem

ecosystem functioning

ecotone
ecoloxicology

ectoparasite
effluent

electron transfer

Eimidae
embryogenesis

an invertebrate animal that collects small particles of food
(includes filter feeders and deposit feeders)

biologically, the interacting species living together in a
particular area

the ability of water 1o conduct an electncal current; since
this depends on the number of ions in solution, also a
measure of the total quantity of salts dissolved in a sample
of water

an animal thal consume biomass

a group of small, usually planktonic, crustaceans

coarse particulate organic matter (organic fragments >1 mm
in diameter)

the shnmp-like arthropods: crabs, prawns, amphipods, elc.
(= blue-greens): a group of primitive unicellular or
filamentous plant-like bacteria

water fleas

the 10-legged crustaceans: crabs, lobsters, shrimps,
prawns, elc.

an organism that feeds on, or lives off, organic matenal,
dead plants and animals

the decay and breakdown of organic material, including the
dead remains of plants and animals

(biolegical) a measure of the number of organisms per unit
area

poor, reduced

an organism feeding on fine particulate organic matter that
has been deposited on the substratum

an animal that consumes detritus (q.v.)

dead and decomposing plants and animals

any of a group of unicellular or colonial algae with siliceous
“shells” or frustules

daily

the two-winged insects, the fiies and mosquitoes, larvae of
many families are aquatic

during the day

with insufficient nutrients

(= median effective concentration): the concentration of a
toxin at which a specified effect 1s observed in SU% of the
population

the study of the interrelations between organisms and their
environments

an estimate of the extent of ecosystem integrity

interacting organisms plus their environment

the combined effect of the processes, such as
photosynthesis, respiration and nutrient cycling, that make
an ecosystem a functional whole

the imtergrading border between two different types of
ecosystem

the study of the effects of toxins on organisms and
ecosystems

an external parasite

that which flows out (usually waste water)

the final process of respiration during which energy and CO;
are released

the riffle beetle

the development of an embryo
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LCS0

LD50
lentic
limnology

lipd
lithosphere
logging

lotic

lower reaches
LTw

macroinvertebrate
macrophyte
MAacroscopic
major ions

mantime
mayfly
median tolerance limit

median effective time
median survival time

median lethal concentration
median lethal time

mercurial
mesic
mesocosm

mesotrophic
metabolic rate

metal
metalloenzyme
micro-nutrient

microbe
MICrocosm

microfauna
microorganism
middie reaches
midge

mineralization

minimum acceptable tolerance

concentration

mite, water

= median lethal concentration: the concentration of a toxin at
which 50% of the test population dies

the dose of a toxin at which 50% of the test population dies
of waters, not flowing

originally the study of lakes. now the study of the physical.
chemical and biolegical properties of inland waters

fat

the rocky crust of the Earth

chopping down of trees

of waters, flowing

the downstream pan of a river

the time taken for half of the test population 1o die during
tolerance testing

an inveriebrate (g.v.) visible to the naked eye

a large plant

visible to the naked eye

those ions (calcium, magnesium, sodium, polassium,
bicarbonate, carbonate, chionde and sulphate) that usually
form the bulk of the total dissolved solids (q.v.) in inland
waters

pertaining to the sea

ephemeropteran (q.v.)

the concentration of a toxin at which 50% of the test
population dies

the time taken for an abserved effect to occur in half of a test
population

the time taken for half of the test population to die in
tolerance testing

see LCy

the time taken for 50% of a test population to die at a given
concentration of toxin

relating 10 mercury

moderate

an artificial experimental stream or lake, or an antificially
enclosed part of a stream, lake or the sea

with moderate levels of nutrients

the rate at which chemical reactions take place in a living

body

an element that is a good conductor of electricity

an enzyme conlaining a metal atom as part of its structure
a plant nutrient, such as phosphorus or nitrogen, required in
minute quantities

a micro-organism (e.g. a bactenum or a protozoan)

an experimental system, usually laboratory-based, that
mimics part of the natural environment

minute animals invisible to the naked eye

any organism so small as to be invisible to the naked eye
of a river, the intermediate or foothill zone

any of the small flies of the order Diptera

1) the release of inorganic ions from oxidized organic
matenal

ii) the increasing saltiness of soils and nvers as a result of
imgation (= salinization)

of toxic substances, the theoretical concentration that falls
between the highest concentration showing no effect and the
next highest concentration showing a toxic effect, when
compared to controls

a small aquatic arachnid (g.v.)
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mobikzation

Mollusca
mutagenic

natural environment

Necrosis
nephelometry

nitrogen fixation
non-point
NTU

nucleic acid
nutrient

nymph

Odonata

oligotrophic
organic
organism
Oribatidae

orthophosphate
osmotic balance

overtum

oxic

PR ratio
pan

pathogen
pathological
perenmial
periphyton

perturbation
pest
peslicides
pH

photostable
photosynthesis

Physidae
physiology
phytoplankton
planarian

the process of becoming movable or soluble, and therefore
readily available

the shell-bearing animals: snails, mussels, squid, etc.
causing mutations

with regard to rivers, aqualic ecosystems and those
ecosystems dependent on them

the death of living tissue

the measurement of turbidity

the process of converting gaseous N; to soluble forms (NO.,
NO,) by bacteria

diffuse

nephelometric turbidity unit: the unit used for measuring
turbidity

a long-chain organic molecule found in the nucleus of a cell:
DNA and RNA

in aquatic biology an element whose scarcity can limit plant
growth (e.g. compounds of nitrogen, phosphorus)

any of the immature stages of those insects (e.g.
dragonflies) that do not have a pupa in the life cycle

dragonflies and damselflies

earthworms

low in nutnients

of chemical substances, containing carbon

a living thing

a group of small, hard, seed-like mites with some aquatic
members

a form of soluble inorganic phosphate

the balance between the amount of water and the
concentration of solutes on either side of a membrane
of lakes, usually in autumn, the mixing of epilimnic and
hypolimnic layers

with oxygen

the ratio of production (photosynthesis) to respiration in an
aquatic ecosystem

a broad, shallow, sediment-filled basin that receives water in
the rainy season

a disease-producing organism

relating to disease

permanent: lasting throughout the year

the “slime” of (usually) microscopic organisms growing on
rocks, plants, etc., in the water

disturbance

a troublesome plant or animal

substances that kill pest organisms

the negative log., of the hydrogen ion activity: 8 measure of
acidity (pH <7) or alkakinity (pH >7)

not broken down by light

the process whereby plants conven CO; and waler into
large, energy-nch, organic compounds

a group of gastropod (g v ) snails

the study of the functioning of living organisms

plant plankton (q.v.) (includes many single-celled algae)

a substance that kills fish

a turbellarian (q.v) Natworm
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plankton
Planorbidae
Platyhelminthes
Plecoptera
pollutant
pollution

Polychaeta
polyphenols

precipitation
predator
primary producers

primary consumers
pristine
productivity

Protozoa

receiving water

receiving water quality objectives

recruitment

redox reaction
reference conditions
Reserve

residue

respiration

riffle
nparian
Rotifera

(natural) selection
salinity
salinization
Salmonidae
sandstone
scraper

secondary consumer
secondary plant compounds

the small organisms drifting or floating in water

a group of gastropod snails

the flatworms, tapeworms and flukes

the stoneflies

a substance that contaminates

defilement: unfavourable alteration of our surroundings,
normally as a result of human actions; the presence of any
foreign substance(s) that impair the usefulness of water
bristle worms

large, complex, acidic organic molecules, characterised by a
high proportion of phenol groups and often imparting a dark
colour to water

rainfall

a camivore that hunts its prey

plants: the organisms that produce biomass, usually by
photosynthes:s

herbivores: arumals that feed on plants

unaffected by human activities

the extent to which something (usually plant biomass) is
produced

minute acellular organisms including flagellates, cliates and
amoebae

a water body receiving an effluent

the water quality towards which a regulatory body will aim or
strive

the adding to a population of a new group of individuals,
usually by reproduction

an oxidation/reduction reaction

the benchmark conditions of water quality and other
environmental indicators against which the conditions at a
particular site can be rated

in South African water law, the amount and quality of water
that must be kept aside for maintenance of an ecosystem
remains; here refermng 1o the breakdown products of organic
molecules such as insecticides

1) cellular respiration: the metabolic process whereby
energy-rich substrates are oxidized

i) “respiration”: the exchange of gases (O; and CO;)
between an organism and the external medium

a shallow, fast-flowing reach of a river with turbulent flow
and broken water

related to the river bank

a group of minute "wheel animals™

the process whereby populations of organisms change over
generations as a result of environmental pressures
"saltiness". the mass of dissolved inorganic solids in a
kilogram of water (usually sea water)

the process whereby the saltiness of soils and rivers
increases, usually as a result of human adivities

the group of fishes to which the trout and salmon belong
a type of sedimentary rock

an animal that feeds by scraping fine matenal off the
surfaces of rocks, plants, etc.

an animal that feeds on herbivores

complex organic substances forming ‘humic substances’
when leached into water
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sediments
sessile

shale
shredder

sittation
Simuliidae

spate
species, biological

species nchness
species diversity

species, chemical

speciose
stenothermal
stoneflies
stratification

stream order

substratum

suspensoids
swamp
synergist

taxonomy

TDS

teratogenic
tertiary consumer
thermocline

Thiaridae
tilage

total dissolved solids

toxicant
toxicity

toxin

trace element
Trichoptera
tripton
trophic level

TSS
Tubificidae
turbidity

turbulence

the soft sands, silts and muds on the bottoms of rivers and
lakes

not movable: attached to the substratum and/or without a
stalk

a type of sedimentary rock

an invertebrate that feeds on small particles of organic
matter chewed off large particles of detnitus (usually leaves)
becoming silted up

blackfies, larvae of which are common filter feeders in
streams

small floed

a group of interbreeding individuals having common
characteristics and being reproductively isolated from other
groups

the number of species

a measure of the number and relative abundance of species
(see species richness)

the various chemical forms (e.g. differently charged ions) of
an element

rich in species

able to withstand only a narrow range of temperatures

see Plecoptera

in limnology. the separation of the water in a lake into
epilimnion and hypolimnion (q.v.)

an indication of the size of a river according to the number of
tributaries (a stream with no tributaries is of stream order 1,
two tributanies joining form a stream of order 2 ..)

the material that constitutes the bottom of a river or lake or
the sea

particles suspended in the water column

a wetland that supports trees

one acting together with another (in toxicology, a substance
that magnifies the toxic effect of another)

the naming and classification of living organisms

see total dissolved solids

causing birth defects

an animal that feeds on predators

in a stratified lake, the interface between epilimnion and
hypolimnion (q.v.)

a group of gastropod snails

ploughing

the total mass of material dissolved in a sample of water
a poisonous substance

toxic quality, the poisonous-ness of a substance

poison

an element occurring at < 1000 ppm in the earth's crust
caddisflies

suspended inanimate particles

a division of the food chain defined by the method of
obtaining food (e g. primary producer, primary. secondary or
tertiary consumer)

total suspended solids

a group of Oligochaeta (g v.) that is very tolerant of polluted
conditions

an expression of the optical property of water that causes
light to be scattered and absorbed (murkiness)

physical disturbance of water
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Glossary

vascular plants
vector
Vivipandae
water quality

water quality standard

weir
wetland

zooplankton

“higher” plants with roots, stems, leaves, elc

the “carrier” of a parasite: usually a species that is itself
infected by the parasite

a group of gastropod snails

the value or usefulness of water, determined by the
combined effects of its physical attributes and its chemical
constituents, and varying from user 10 user

a rule authoritatively establishing, for regulatory purposes,
the imit of some unnatural alteration in water quallly that is
permitted or accepted as being compatible with some
panticular intended use or uses of water

a low dam

an ecosystem where the nature of the soils and of the biota
is dominated by water

animal plankton (q.v.)
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